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A B S T R A C T

New Zealand has a complex coastal environment spanning a large latitudinal gradient and three water masses.
Here we assess whether multivariate analyses of benthic macrofaunal community composition can be a sensitive
approach to assessing relative estuarine health across the country, negating the need for regional indices and
reducing reliance on reference sites. Community data were used in separate canonical analyses of principal
coordinates to create multivariate models of community responses to gradients in mud content and heavy metal
contamination. Both models performed well (R2=0.81, 0.71), and were unaffected by regional and estuarine
typology differences. The models demonstrate a sensitive and standardized approach to assessing estuarine
health that allowed separation of the two stressors. This approach could be applied to other stressors, countries
or regions.

1. Introduction

Estuaries are among the most valuable of all ecosystems with regard
to the services they provide to society (Costanza et al., 1997), many of
which result from the high degree of connectivity with terrestrial sys-
tems and their proximity to people. However, as human populations
have increased in coastal areas, so have the pressures on estuaries,
which are exposed to multiple and cumulative stressors arising from
adjacent catchments (e.g. increased sediment, nutrient and con-
taminant loads; Bricker et al., 2008; Johnston et al., 2015; Thrush et al.,
2004), anthropogenic activities within the marine environment (e.g.
fishing, dredging, shipping; Grosholz, 2002; Piló et al., 2019; Thrush
et al., 1998), and global sources (e.g. climate change; Brierley and
Kingsford, 2009). Such cumulative impacts have resulted in a loss of
biodiversity and resilience, and an increased potential for tipping points
to occur (Lotze et al., 2006). Thus, estuaries are not only one of the
most heavily used, but also one of the most vulnerable natural systems
worldwide (Agardy et al., 2005; Barbier et al., 2011; Lotze et al., 2006).

Environmental regulations increasingly require ecological assess-
ment to quantify the impact of stressors on coastal ecosystem status and
inform management decisions (e.g. the Clean Water Act or Oceans Act
in USA, Australia or Canada; Water Framework Directive or Marine
Strategy Framework Directive in Europe, and National Water Act in

South Africa; Borja et al., 2008). For assessment methods to be useful
they need to be (1) ecologically relevant, (2) feasible to implement, (3)
linked to threshold or reference values so that users can assess the
significance of an indicator value, (4) sensitive enough to measure
status or trends that are relevant to policy decisions and reflect re-
sponses to management actions and ideally, (5) applicable over wide
spatio-temporal scales (Borja and Dauer, 2008). Benthic macrofaunal
communities are commonly used to assess environmental status (Borja
et al., 2000; Dauer, 1993; Pearson and Rosenberg, 1978) because they
respond relatively rapidly to stressors, integrate the effects of multiple
stressors over time and are composed of a diverse range of species with
differing functional roles, trophic levels and sensitivities. Incorporating
community information into ecosystem health assessments allows or-
ganisms to ‘tell the story’, with respect to classifying sites along a
continuum from degraded to non-degraded (Diaz et al., 2004).

Historically, the first approaches to extract information from mac-
rofaunal community data included the calculation of simple metrics,
such as the number of taxa or individuals and measures of community
evenness and diversity (e.g. Margalef, 1958; Pielou, 1966; Shannon,
1948). These universally applicable metrics can be assessed against the
Pearson and Rosenberg (1978) model of macrobenthic succession to
provide an indication of environmental health, but they have limited
ability to detect meaningful change because they do not differentiate
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amongst different types of taxa (Ellis et al., 2015; Hewitt et al., 2005;
Shade, 2016). The growing requirement for assessment of marine en-
vironmental status over the last two decades has led to a proliferation of
more complex biotic indices, many of which also have foundations in
the Pearson-Rosenberg model (Borja et al., 2015; Diaz et al., 2004).
Many of these indicators (e.g. Borja et al., 2000; Grall and Glémarec,
1997; Simboura and Zenetos, 2002) work by assigning taxa into pre-
viously defined ecological groups, based on their response to stressors,
and examining the relative proportion of these groups in the benthic
community sample. This requires predefined knowledge of how a large
number of species respond to stressors, and for many species the re-
search to determine these responses has not been carried out.

Other approaches to tracking environmental health include multi-
variate methods, which describe assemblage patterns of the entire
community (e.g. ordination-based approaches; Clarke, 1993; Flåten
et al., 2007; Smith et al., 2001). Because multivariate approaches retain
information on all taxa and their relative abundances, they can detect
smaller changes in community structure (Attayde and Bozelli, 1998;
Ellis et al., 2015; Gray et al., 1990; Hewitt et al., 2005; Warwick and
Clarke, 1991). This sensitivity enables early detection of environmental
deterioration, allowing management actions to be implemented before
significant ecosystem damage occurs, thereby avoiding prolonged (and
sometimes uncertain) recovery and/or costly remedial actions
(Martinez-Crego et al., 2010). In addition, preservation of species
composition information means outputs can be directly linked to
changes in biodiversity and ecological functioning. This link with eco-
logical functioning can be taken one step further by using multivariate
approaches to assess changes in functional traits rather than species
assemblages (e.g. Bremner et al., 2003; Hewitt et al., 2008).

Most biotic indices provide an overall measure of ecosystem health
and are designed to be sensitive to a broad range of stressors. While this
holistic approach can indicate the general health of a system and ac-
count for interactions amongst stressors, the inability to attribute de-
gradation to a specific stressor makes targeted management action
difficult (Martinez-Crego et al., 2010; Niemi et al., 2004). In addition,
the desire to create biotic indices that track changes in ecosystem health
in response to a suite of stressors has necessitated the use of expert
judgement in index development. For those multi-stressor indices, taxa
are often assigned to ecological groups using expert opinion due to lack
of empirical knowledge of many species responses to stressors, and
because accurately quantifying relationships between communities and
multiple stressors is complex, given the uncertainties associated with
interactions (Crain et al., 2008; Darling and Côté, 2008) and non-linear
responses (deYoung et al., 2008). In contrast, stressor-specific indices
can be developed from robust empirical relationships between benthic
communities and the stressor of interest (e.g. Keeley et al., 2012;
Robertson et al., 2016). In addition to providing managers with an
objective assessment of health, these single-stressor indices diagnose
the cause of degradation, enabling prioritization of mitigation mea-
sures. While multi-stressor indices have many merits, we advocate for
the use of a suite of single-stressor indices, based on key pressures to the
system, that allow managers to identify sources of degradation and
interactions between stressors and apply appropriate action. These
types of analyses (indices) would allow a weight of evidence approach
(Magni et al., 2005) to the assessment of environmental status and
methods to integrate the individual stressor scores into an overall score
could be applied if required (e.g. Aubry and Elliott, 2006; Borja et al.,
2004).

New Zealand spans 15 degrees of latitude and three water masses
and, with more than 400 estuaries (Hume et al., 2016), provides an
ideal place to test the robustness of biotic indices under different con-
ditions. Here, we developed two stressor-specific Benthic Health Models
(BHMs), which can be used to assess intertidal estuary health in re-
sponse to increasing mud content (Mud BHM) and heavy metal con-
tamination (Metals BHM) across New Zealand. Sedimentation and
metal contamination are recognised as major threats to the health and

functioning of estuaries globally and are routinely monitored, both in
New Zealand and elsewhere (EU Marine Strategy Framework Directive,
2008; Hewitt et al., 2009; Hewitt et al., 2005; Hewitt et al., 2014;
Lohrer et al., 2012; MacDiarmid et al., 2012; Magris and Ban, 2019;
Rodil et al., 2013). In New Zealand, few estuaries have been unaffected
by increased sediment inputs from land, increasing the total area of the
estuary seafloor being classified as muddy sediments. A constrained
multivariate ordination was used to model changes in community
structure along each environmental gradient. The results of the models
can be simplified into a health score, which allows estuary health to be
tracked over time. In this study, we follow Hewitt et al. (2005) and
define ‘health’ on the basis of the range of communities observed along
gradients of anthropogenic impacts, rather than requiring identification
of a “reference” condition or site. This definition identifies both acute
effects and broader scale degradation in community structure.

The BHM approach has been successfully applied at estuary- (Ellis
et al., 2015) and regional-scales (Hewitt et al., 2005), however, a na-
tional model that is able to detect changes across regional species pools
or estuarine types has not been tested to date. National models would
provide a standardised assessment method to enable the health of an
estuary to be placed in a wider context and reduce the costs required to
develop separate estuary-scale or regional-scale models. In addition to
being sensitive to changes in ecosystem health, biotic indices need to be
unaffected by different species pools (Berthelsen et al., 2018a; Gillett
et al., 2015; Keeley et al., 2012) and natural environmental contexts
(Barbone et al., 2012; Berthelsen et al., 2018a). These requirements are
particularly important when developing a national index for a country
such as New Zealand, with a strong latitudinal gradient and estuaries
open to three different water masses. To this end, we developed na-
tional BHM models and tested their ability to discriminate between
effects caused by the two stressors despite differences in regional spe-
cies pools and estuarine physical type (i.e. tidal lagoons and shallow
river valleys).

2. Methods

2.1. Macrofaunal and physico-chemical dataset

Data were obtained from surveys undertaken between 2002 and
2017, by New Zealand's regional government authorities for the pur-
poses of estuarine monitoring (815 sampling events across 70 estu-
aries). Where information was available for multiple years and seasons,
only one sampling event was used, with preference given to data col-
lected between 2010 and 2014 (66% of sites) and spring/summer
(October to March; 72% of sites), the years and months when most data
was collected, in order to reduce potential between-year and between-
season variability. Counts of larval planktonic groups (e.g. megalope,
larvae and eggs) and juvenile taxa were removed from the dataset be-
fore model development, which limits the effect of recruitment pulses
on the models. The 192 sites, from 34 estuaries, spanned 12 degrees of
latitude and encompassed two dominant estuary types and a range of
bioregions (Fig. 1). Surveys were carried out according to a standar-
dised protocol (Robertson et al., 2002), with samples collected from
sites located at mid-to-low tidal height away from point-source dis-
charges. Some variations in salinity and exposure were expected to be
present across site locations. However, sites suspected to be sig-
nificantly influenced by freshwater, based on their location or the
presence of high abundances of insects, were removed from the dataset.

Macrofaunal samples (n=3 to 15 replicates per site) were collected
using a 13 cm diameter core extending 15 cm into the sediment and
sieved using a 500 μm mesh. Experts identified organisms to the lowest
practicable resolution. Taxonomic nomenclature followed the World
Register of Marine Species (WoRMS Editorial Board, 2017) and where
differences in taxonomic resolution arose, we aggregated to higher
taxonomic groups. Some taxa were removed from the dataset before the
analysis (refer to Appendix A in the Supplementary Material for
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justification). Taxonomic resolution was the same for both models and
the final datasets had 125 (Mud BHM) and 109 (Metals BHM) taxa, with
80% of taxa identified to family level or lower (refer to Appendix A in
Supplementary Material for a complete list of taxa used in the models).

Sediment samples (n=1 to 12 replicates per site) were collected to
a depth of 2 cm concurrent with macrofaunal samples. Samples were
analysed for mud content (grain size < 63 μm) using either wet sieving
or laser diffraction analysis. To increase comparability between dif-
ferent sediment grain size analyses, we converted sediment mud pro-
portions to a percentage of the< 2mm sediment fraction (e.g. per-
centage of< 63 μm out of the<2mm sediment fraction) because the
maximum grain size analysed differed between analysis methods (e.g.
Malvern Mastersizer laser only analyses grains< 2mm, while all grain
sizes are generally analysed during wet sieving). Exploratory analysis
on final models showed no pattern associated with differing sediment

grain size analysis methods. At most sites (133 out of 192 from 29 of the
34 estuaries), sediment samples were also analysed for total con-
centrations (mg kg-1) of copper (Cu), lead (Pb) and zinc (Zn), which are
the key heavy metals of concern in New Zealand (ARC, 2004). Despite
slight variations in metal analysis methods between sites, results from
the different analytical methods were assumed to be comparable by
Berthelsen et al. (2018b). In general, the methods followed the US EPA
200.2 protocol of strong acid (nitric/hydrochloric) digestion followed
by Inductively Couple Plasma Mass Spectrometry (US EPA, 1994).

2.2. Model development and validation

All data were averaged to the level of site to construct the models.
Differing numbers of replicates can lead to bias in multivariate analyses
by underestimating species richness at sites with lower numbers of

Fig. 1. Map of New Zealand showing the location and estuary type (Hume et al., 2016) for the sites used to construct the Mud and Metals Benthic Health Models
(BHMs). The number of sites for each bioregion (Northeastern, Port, Raglan, Abel, Buller, Banks, Chalmers, Stewart Island), as defined by Shears et al. (2008), is
indicated in parentheses for both the Mud BHM (first number) and Metals BHMs (second number).
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replicates and thereby overestimating dissimilarity (e.g. Chao et al.,
2005). Exploratory analysis showed a slight reduction in species rich-
ness at sites where only three replicates were collected (mean number
of taxa per core was 15 (n=3) vs 21–23 (n > 3)), however, these
represented only 15% of samples and no patterns were observed that
would indicate the number of replicates was influencing model outputs
(i.e. sites were dispersed across the health score gradient). Previous
studies have found that models based on all available information (i.e. a
mixture of sample sizes) were most useful (Anderson et al., 2002,
2006).

Two models were developed, one based on community response to
sediment mud content (Mud BHM) and the other based on response to
sediment Cu, Pb and Zn concentrations (Metals BHM). Several New
Zealand studies have demonstrated that mud content can be used as an
indicator of stress related to sedimentation from land-based sources
(Anderson, 2008; Ellis et al., 2017; Robertson et al., 2015; Thrush et al.,
2003, 2005). Exploratory analyses examining the influence of other
environmental variables (nitrogen, phosphorus, organic matter and
salinity) showed mud and metals to be the key environmental stressors
structuring benthic communities at our monitoring sites (data not
shown). We used log-transformed percentage mud content as the en-
vironmental gradient for the mud model. Total extractable Cu, Pb and
Zn were highly correlated (Pearson's r=0.85–0.91) so a Principal
Component Analysis (PCA) was used to derive a single variable (the
first principal component axis; PC1) that would characterise a gradient
corresponding to increases in the concentrations of all three metals. The
PCA was performed on log-transformed Cu, Pb and Zn concentrations
and the PC1 axis (PC1 metals) explained 92% of the variance. Log-
transformations were chosen to render the data as close to normally
distributed as possible for modelling and exploratory analyses indicated
that the choice of transformation did not affect model outputs. Zero
values were assigned to metal concentrations below analytical detec-
tion limits (22% of sites for Cu,< 2% of sites for Pb and Zn). Mud
concentrations at sites within the Mud BHM ranged from 0-98% and
metal concentrations at sites within the Metals BHM ranged from 0-
49mg kg-1 for Cu, 0–70mg kg-1 for Pb and 0–288mg kg-1 for Zn (un-
transformed). Given these values represent maximum concentrations
observed across 70 estuaries over the past 15 years, we believe they
cover the range of values likely to be encountered in most estuaries
across New Zealand.

Canonical analysis of principal coordinates (CAP; Anderson and
Robinson, 2003; Anderson and Willis, 2003) was used to derive the
model relationship between macrofaunal community structure and
each environmental gradient (i.e. mud and metals). CAP allows a
constrained ordination to be carried out on the basis of any dissimilarity
or distance measure of choice and determines the axes that best dis-
criminates an environmental gradient. All CAP analyses were per-
formed on square-root transformed Bray-Curtis macrofaunal commu-
nity dissimilarities (Bray and Curtis, 1957) using 9999 permutations,
with separate CAP models constructed for mud and metals. A square-
root transformation (standard down-weighting for macrofaunal count
data; Clarke and Gorley, 2015) was chosen to de-emphasis the influence
of dominant taxa while still allowing differences in relative abundance
to influence the results, as this was considered important for de-
termining estuary health. Leave-one-out residual sum of squares was
used to decide upon an appropriate value for the number of Principal
Coordinate Analysis (PCO) axes (m) and diagnostics were checked to
ensure this was appropriate for each model (Anderson et al., 2008).

Model CAP scores were simplified into a five-category health score
system by splitting the CAP score gradient into five evenly spaced
groups, which were re-scaled from 1 (least impacted) to 6 (most im-
pacted) for ease of interpretation. One-way PERMANOVA was used to
test whether the ecological health groups corresponded with significant
differences in community structure. Unrestricted permutation of raw
data was used, with 9999 permutations, type III sum of squares and
ecological health group as a fixed factor. As a form of model validation,

changes in community structure across the five ecological health groups
were characterised using SIMPER to ensure that the discriminating taxa
across groups were consistent with what is known about the habitat
preferences and metal tolerances of organisms. Discriminating taxa that
cumulatively contributed between 70-74% to the similarity of each
group were assigned to one of three categories based on literature (refer
to Appendix B in the Supplementary Material for more information).
For the Mud BHM, the grain-size preference categories were sandy,
intermediate/unknown and muddy, with the intermediate/unknown
group a placement for taxa that showed a preference for habitats with
intermediate grain-size or for species that could not be assigned based
on the literature. For the Metals BHM, the metal sensitivity categories
were sensitive, mixed/unknown and tolerant, with the mixed/unknown
group a placement for taxa that showed an inconsistent response to
metal contamination or for species that could not be assigned based on
the literature. All statistical analyses were carried out using the statis-
tical software PRIMER 7 (v 7.0.13) with the PERMANOVA+add-on
(Anderson et al., 2008; Clarke and Gorley, 2015).

The accuracy of each CAP model at identifying and predicting real
and repeatable patterns in the data was measured by its ability to 1)
correctly place validation sites onto the environmental gradient and 2)
be unaffected by temporal variability that was not associated with
changes in environmental drivers. The first validation is an important
step because high canonical correlation does not necessarily mean good
predictive power (Anderson et al., 2006). For example, high canonical
correlation can be achieved by simply increasing the number of prin-
cipal coordinate analysis (PCO) axes (m) to be used in the CAP analysis.
Validation sites were chosen to maximize spread across the environ-
mental gradient and included a range of estuaries and regions. All va-
lidation sites were independent sampling events, taken from a separate
dataset from the one used to develop the models. Some of the locations
of the validation sites were the same as some of the model sites but
sampled in a different year, similar to the validation procedure used for
the regional model (Anderson et al., 2006). Twenty-nine sites were used
to validate the mud model and 20 were used for the metals model;
equivalent to 15% of the number of model sites. Mud content at the
Mud BHM validation sites ranged from 0.6 to 93% mud while maximum
Cu, Pb and Zn concentrations at the Metals BHM validation sites were
43, 65 and 216mg kg-1 respectively.

The BHMs were used to place each validation site onto the en-
vironmental gradient axes by calculating the Bray-Curtis dissimilarity
between that site and the sites in the model. An option within the CAP
procedure in PRIMER 7 allows the addition of new sites to the model
without altering distances among other points because the dissimilarity
between any two sites does not depend on the other sites in the model
(Anderson et al., 2008). Physico-chemical values calculated using the
BHMs were the predicted values along the environment gradient. Linear
regression of sampled versus predicted physico-chemical values (either
ln % mud or PC1 metals) were used to identify sites whose predicted
values deviated most from their observed values and in which direction.
A 1:1 line (i.e. with slope (b)= 1 and intercept (a)= 0) was drawn to
help interpret the positions of the points. If prediction is exact, the
points would lie precisely on this line. The slope of the linear re-
lationship, b, and the strength of the relationship (coefficient of de-
termination, R2), between the predicted and observed values was also
used to determine validation success. Models were considered good if b
and R2 were close to 1.

We also tested whether natural temporal variability in community
composition across years resulted in a site sampled at a different time,
but with similar mud or metal concentrations, having markedly dif-
ferent CAP scores (designated as being greater than the range of values
for a single group). Nine sites (4–6 sampling events per site) were used
to test the Mud BHM and seven sites (2–3 sampling events per site) were
used to test the Metals BHM.

Co-variance between mud and metals can make it difficult to se-
parate stressor effects. The potential for interactions between the Mud
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and Metals BHMs was examined in two ways. First the Pearson's cor-
relation coefficient between the Mud and Metals CAP scores was cal-
culated to examine the potential for interaction between the two
models, with correlation coefficients r ≥ |0.95| representing a strong
interaction (Anderson et al., 2008). Secondly, because all the sites in
the Metals BHM were also included in the Mud BHM, the variance in
macrofaunal structure explained by each independent variable (mud
and metals) could be partitioned. Following the methods of Anderson
et al. (2008) and Borcard et al. (1992), sequential multiple linear re-
gressions were conducted using the DistLM routine in PRIMER on the
macrofaunal abundance (square root transformed) Bray-Curtis dissim-
ilarities to partition the variance explained by mud and metals and
identify the mixed effect.

2.3. Testing the model across different regions, estuary types and scales

In order to apply the BHM approach on a national scale, it is im-
portant that the models produce consistent results across different en-
vironmental contexts and species pools. To test whether the models
were affected by such differences, sites were grouped by estuary type
based on Hume et al.’s (2016) classification of New Zealand hydro-
systems and region based on Shears et al.’s (2008) biogeographic
classification scheme (Fig. 1). Due to limited data availability for the
Metals BHM, three bioregions (Banks, Chalmers and Stewart Island)
were combined into a single group (Southeastern) for this model, and
groups with less than five sites (Fig. 1) were removed from the analysis
of both the Metals and Mud BHMs. This resulted in two levels for the
‘estuary type’ factor for both models (tidal lagoons and shallow
drowned valleys), six levels for the ‘region’ factor for the Mud BHM
(Abel, Banks, Chalmers, Portland, Raglan and Northeastern) and five
levels for the ‘region’ factor for the Metals BHM (Abel, Southeastern,
Portland, Raglan and Northeastern). After initial data exploration fol-
lowing the protocol of Zuur et al. (2010), analysis of covariance (AN-
COVA) using type III sum of squares was used to test if the relationship
between the model CAP scores and the environmental gradient (either
mud or metals) varied with region or estuary type using Statistical
Analysis Software (SAS).

To understand how the national outputs relate to assessments car-
ried out at finer scales of resolution, national BHM CAP scores were
compared to those generated from separate BHMs developed using data

from one estuary (Tauranga Harbour; Ellis et al., 2015) or one region
(Auckland; Hewitt et al., 2005) using Spearman's rank correlations.
Eighteen sites in the national BHM were also in the single estuary BHM
and 44 (Mud BHM) and 43 (Metals BHM) sites in the national BHM
were also in the single region BHM.

3. Results

3.1. Model performance and validation

The CAP analyses underlying the Mud and Metals BHMs performed
well (Fig. 2). The CAP model (m=29) based on mud content resulted
in a canonical correlation of 0.90 (R2=0.81), with the permutation
test indicating that correlation between the CAP scores and the mud
gradient was significantly different from zero (p < 0.0001). CAP
analysis based on metals (m=20) also showed a strong (canonical
correlation=0.84, R2=0.71) and significant (p < 0.0001) relation-
ship between benthic macrofaunal communities and sediment metal
concentrations.

Sites were split into five ecological health groups, based on model
CAP scores, and information on stressor values observed at sites within
each group is provided in Appendix B of the Supplementary Material.
For both models, PERMANOVA indicated a significant difference in
community structure across the five groups (p < 0.0001). Pairwise
comparisons showed these differences were significant across all groups
(p < 0.04), apart from Group 1 and 2 for the Metals BHM, which was
not significant (p=0.065). SIMPER analysis showed that community
dissimilarity was 84% and 78% between Groups 1 and 5 for the Mud
and Metals BHMs, respectively.

As another form of model validation, taxa characterising each eco-
logical health group were identified using SIMPER and compared with
known information related to grain-size preferences or levels of metal
contamination, from previous studies (refer Appendix B), to determine
if the BHMs placed taxa in the expected ecological health groups. Un-
surprisingly, taxa driving differences between Mud BHM groups have
differing grain-size preferences, with most of the taxa characterising
Group 1 preferring sand (e.g. the shellfish Austrovenus stutchburyi and
Paphies australis, the gastropod Notoacmea, the polychaete Aonides and
phoxocephalid amphipods) and many of the taxa characterising Group
5 preferring mud (e.g. the crabs Austrohelice, Hemigrapsus and Hemiplax,

Fig. 2. Benthic Health Models (BHMs) developed using canonical analysis of principal coordinates (CAP) constrained by either A) mud (ln % mud) or B) metals (first
axis of principal component analysis based on log transformed copper, lead and zinc). Grey dashed lines and symbol colours demarcate the ecological health
categories for each model. A linear regression has been fitted for each of the models; Mud BHM y=1.0038x – 1.0911, R2= 0.81, Metals BHM y=1.3002x – 4.9258,
R2= 0.71. (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of this article.)
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Capitella polychaetes, oligochaetes and corophid amphipods; Fig. 3A).
Similarly, taxa driving differences across Metals BHM groups have
differing sensitivities to copper, lead and zinc (Fig. 3B). Many of the
taxa characterising Metals BHM Group 1 have been found to be sensi-
tive to metals (e.g. the shellfish A. stutchburyi, P. australis and Maco-
mona liliana, orbinid and Prionospio aucklandica polychaetes, cumaceans
and amphipods) while taxa more tolerant of metals (e.g. nereid and
Cossura polychaetes, the crabs Austrohelice, Hemigrapsus and Hemiplax
and the bivalve Arthritica) only begin to characterise benthic commu-
nity structure in Group 3 and higher.

Both the Mud and Metals BHMs were good at predicting the position
of validation sites along the environmental gradients (R2= 0.90 and
0.82, respectively), with the slope of the line close to one for both
models (Fig. 4). For the temporal validation, which aimed to show that
there would be no change in CAP scores if the stressor values did not

change, most sites stayed within the range of an ecological health group
(i.e. CAP scores within a range of 1.0), indicating that CAP scores were
relatively stable and that the ecological health group boundaries are
suitable (Appendix C).

Moderate correlation was observed between the CAP scores from
the two models (r=0.76) suggesting there is potential for interaction
between the two models. However, the relationship between the two
models was variable (Fig. 5) and DistLM showed that of the 13% var-
iation in macrofaunal structure collectively explained by mud and
metals, only 4.4% was shared between the two variables leaving 8.6%
of variation that was independently explained by either mud or metals
on their own. Furthermore, species shifts associated with changes in
mud were not consistently the same as species shifts associated with
changes in metals (Fig. 3). The models had reduced ability to dis-
criminate between stressors at the higher end of the range; sites with

Fig. 3. A) Number of taxa characterising Mud Benthic Health Model (BHM) ecological health groups, grouped by grain-size preference (sand, intermediate/unknown,
mud). B) Number of taxa characterising Metals Benthic Health Model (BHM) ecological health groups, grouped by metal contamination sensitivity (sensitive, mixed
response/unknown, tolerant). Taxa characterising each ecological health group were identified using SIMPER (taxa that cumulatively contributed between 70-74%
to the similarity of each group) and grain-size preferences and metal contamination sensitivities were assigned based on literature. Refer to Appendix B in the
Supplementary material for further details.

Fig. 4. Validation of Benthic Health Models (BHMs) comparing A) observed mud (ln % mud) and B) metal (first axis of principal component analysis based on log
transformed copper, lead and zinc) concentrations with concentrations predicted by the BHMs on the basis of benthic macroinvertebrate community composition.
The dashed line is the linear regression line (with 95% confidence interval indicated by grey shading) and the solid line has a slope of 1 and an intercept of zero (i.e.
1:1 line) and indicates where all points would lie if model predictions were perfect. Mud BHM y=0.8966x + 0.1614, R2=0.90. Metals BHM y=0.82x – 0.16,
R2= 0.82.
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high metal concentrations always had high mud content but this was
not always the case the other way around.

3.2. Effect of region, estuary type and scale on model results

The results of the linear regressions indicated that both the Mud and
Metals BHMs could be applied across all regions and estuary types
tested. The relationship between the CAP model scores and the en-
vironmental gradients did not differ across regions for either model
(mud*region p= 0.802; metals*region p=0.103). Similarly, there was
no significant interaction between estuary type and environmental
gradient for either model (mud*estuary type p=0.647; metals*estuary
type p= 0.067).

Spearman's rank correlations between the national BHM CAP scores
and the single region and single estuary BHM CAP scores showed that
the national BHMs ranked sites in a similar way as the regional models
(strong and moderate correlations; Mud BHM r=0.98, Metals BHM
r=0.76) but the correlations with the single estuary models were not
as high (moderate correlations; Mud BHM r=0.68, Metals BHM
r=0.42). Refer to Appendix D of the Supplementary Material for more
details.

4. Discussion

In this study, we successfully developed two models that track the
health of estuarine benthic communities in response to two key coastal
stressors; terrestrial sedimentation and heavy metal contamination.
This approach to estuary health assessment has been previously applied
on a regional- (Hewitt et al., 2005) and estuary-scale (Ellis et al., 2015)
and here we have developed models that can be used at a national level.
With the plethora of biotic indices available for monitoring (refer Borja
et al., 2015; Diaz et al., 2004 for reviews), and the range of agencies
responsible for coastal management, achieving consistent assessment
across countries or continents can be challenging (Borja et al., 2009).
Like many other countries, New Zealand does not have a standardised
approach making it difficult to compare health across estuaries and set
national standards. Additionally, many of the biotic indices developed
overseas are not readily transferable to New Zealand due to differences
in species ecology and composition, stressor type or magnitude and
estuary geomorphology (Berthelsen et al., 2018a; Rodil et al., 2013).
The transferability of a biotic index developed in one region to another

part of the world will consistently be affected by these differences, al-
though the development of regionally specific eco-groups may improve
the performance of some indices (Gillett et al., 2015). The results of our
study show that our BHMs are suitable for tracking the effects of in-
creasing mud content and metal contamination on benthic community
health in estuaries across New Zealand. The models can be applied in
two widespread estuary types and across most regions. Thus, we have
demonstrated the utility of the BHMs as a sensitive and standardised
approach to national estuary health monitoring.

In addition to being sensitive enough to detect ecologically mean-
ingful changes, indices must also be robust across the ecological and
environmental contexts over which they will be applied (Borja and
Dauer, 2008). We tested this by examining the response of the BHMs
across different regions and estuary types. The BHMs responded to mud
and metals in the same manner across all regions and estuary types
tested, indicating these models were robust and suitable for application
in many estuaries across New Zealand. The lack of regional differ-
entiation suggests that local environmental drivers (e.g. anthropogenic
activities, sediment grain-size, hydrodynamics) may be more important
in structuring communities than regional species pools, which are
driven by factors such as species dispersal and biogeographic history
(Ricklefs, 1987). This finding is supported by other studies, which have
found macrobenthic biodiversity to be influenced more by local con-
ditions than regional ones (de Juan and Hewitt, 2011; Edgar et al.,
1999). However, regional variations in benthic community structure
may have also been concealed by the level of taxonomic resolution
required to develop a national-scale model. The BHM approach requires
a common pool of taxa and higher levels of taxonomic resolution (e.g.
family vs genus/species) are often required to aggregate infrequent
species into common groups or correct for inconsistencies in taxonomic
resolution across source data. While reducing the number of taxonomic
units can help the model perform well across a range of regions, it may
obscure species-specific responses to stress, decreasing model sensi-
tivity overall. Taxonomic resolution in our dataset was primarily con-
strained by inconsistencies across sites and better taxonomic standar-
disation could have enabled more robust models, across a wider range
of regions and estuary types, to be developed.

When attempting to apply biotic indices on a nationwide scale, it is
important to understand how outputs relate to assessments carried out
at finer scales of resolution, as these may provide a more precise esti-
mate of environmental status for managing specific locations and their
problems. Our study showed that the national BHMs ranked the health
of sites in a similar manner to models developed using regional data but
may not have been as sensitive as models developed using data from a
single estuary. As mentioned earlier, this decrease in sensitivity may
have arisen from aggregation of taxa to higher levels of taxonomic re-
solution, potentially obscuring species-specific responses to stress.
Additionally, the smaller stressor gradient in the single estuary model
may allow it to discriminate over smaller changes in health. We tested
this by creating a new national model that was restricted to the same
stressor range as the single estuary model and observed an improve-
ment in the correlation between the model health score rankings (refer
to Appendix D of Supplementary Material for further details). Reduced
power caused by having fewer data points for comparison may also
contribute to inconsistency between model health score rankings, and
this was supported by a slight decrease in concordance between the
regional and national models when comparing fewer sites (refer
Appendix D).

Even though the single estuary model may provide a more sensitive
measure of estuary health, having a national-scale model delivers clear
advantages. As BHM outputs are on a relative scale, a national-scale
model enables the health of the estuary to be placed in a national
context and provides consistency across the country. Having a national
model also reduces the substantial costs that would be required to de-
velop separate estuary-scale or even regional-scale models, making it
possible for managers to utilize this assessment tool to evaluate any

Fig. 5. Relationship between the Mud and Metals Benthic Health Model (BHM)
canonical analysis of principal coordinates (CAP) scores. A linear regression
(dashed line) has been fitted (y= 0.8376x+0.5805, R2= 0.58).
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estuary for which they have appropriate macrofaunal data.
The outputs of the BHMs can be simplified into a five-category

health score system, which allows managers to easily track the relative
health of sites through time or identify thresholds for undesirable
conditions, which may trigger management action (Rees et al., 2008).
Monitoring directional/trend targets is a robust and reliable method
and is largely independent of the concept of reference conditions be-
cause it only requires relative assessments of ecological quality status
(Borja et al., 2012). It can indicate how a site is changing in response to
an increasing pressure, even if the site was already impacted when
monitoring began. The BHM ecological health groups provide an in-
dication of the health of a site in the context of New Zealand, however,
managers need to consider more than just the relative health category
when setting management targets as the category boundaries do not
necessary reflect ecological thresholds. Establishing type-specific re-
ference conditions could help to define appropriate thresholds in dif-
ferent settings (e.g. upper or lower reaches of estuaries) and there are a
range of methods available to estimate these (Barbone et al., 2012;
Borja et al., 2012; EU Water Framework Directive, 2000; Stoddard
et al., 2006). However, reference conditions can be difficult to define in
estuaries due to their high natural variability and the scarcity of loca-
tions remaining in an undisturbed state (Barbone et al., 2012;
Berthelsen et al., 2018a; Chainho et al., 2007). Further research is re-
quired to understand where community thresholds lie along different
environmental gradients and in different contexts, which could inform
management goals or adjustment of group boundaries in the future.

Studies have suggested estuarine sediments with less than 10–30%
mud support more diverse, abundant and/or resilient benthic commu-
nities (Ellis et al., 2017; Robertson et al., 2015, 2016; Rodil et al.,
2013). The boundary between Mud BHM Group 3 and 4 occurs around
18% mud and transitions to Group 5 around 50% mud. Therefore, de-
pending on management goals, aiming for Mud BHM health scores in
groups less than 4 may be appropriate. However, when interpreting
Mud BHM health scores, it must be acknowledged that hydrodynamic
controls on sedimentation rates may naturally result in upper reaches of
estuaries being muddier than outer reaches, dependent on estuary type
and the magnitude of sediment inputs. The risk of natural processes
affecting the use of the Mud BHM can be alleviated in three ways. First,
adjustment of thresholds or reference conditions, which consider these
natural variations, can be used when setting management targets
(Chainho et al., 2007). Second, sites can be selected to represent both
inner and outer areas of estuaries. Third, rather than relying on one-off
assessments of health, we recommend examining Mud BHM health
scores over time and acting if a site is progressively decreasing in
‘health’ with respect to sedimentation.

Guidelines regarding acceptable levels of metal loading in coastal
sediments vary (refer Burton, 2002 for a review), but many sediment
quality guidelines set two threshold values, one below which effects
rarely occur (threshold effects e.g. TEL, ERL, SQGV) and one above
which effects are likely to occur (midrange/extreme effects e.g. PEL,
ERM, SQG-High; Long et al., 1995; MacDonald et al., 1996; Simpson
et al., 2013). Most threshold effect values fall within Group 4 or 5 of the
Metals BHM while almost all midrange or extreme values are beyond
those measured in our nationwide study (refer to Appendix E of Sup-
plementary Material for more details). However, as observed in other
studies (Hewitt et al., 2009; Tremblay et al., 2017), both these lower
and upper thresholds may be too high to protect benthic communities,
given we observed significant changes in community structure at lower
metal concentrations. Many of these guidelines are developed from
single-species, laboratory dose-response experiments with mortality as
an endpoint (Calow, 1998), which do not accurately represent the
complexities of coastal systems. Indeed, guidelines derived from field-
based species sensitivity distributions (Bjørgesæter and Gray, 2008;
Hewitt et al., 2009; Kwok et al., 2008) tend to be lower than other
guidelines outlined in Appendix E, corresponding to Metals BHM Group
3 and 4.

Although single-stressor models have advantages in terms of pro-
viding objective measures of health and diagnosing the cause of de-
gradation, interactions between stressors can confound outputs and any
strongly co-varying environmental variables should be examined to
ensure the model can discriminate between them. A moderate corre-
lation was observed between the Mud and Metals BHMs, reflective of
the fact that metals commonly bind to fine sediments and/or organic
matter (Power and Chapman, 1992). However, consistent with previous
studies (Ellis et al., 2015; Hewitt and Ellis, 2010; Thrush et al., 2008),
we found the collinearity between mud content and metal concentra-
tions was not sufficient to prevent partitioning out individual effects of
these stressors on macrofaunal communities. Only 4.4% of the ex-
plained macrofaunal community variation was shared by mud and
metals, suggesting that both variables are important in structuring
benthic communities, with neither being a replacement for the other.
The differences in taxa driving changes across the two models (Fig. 3)
also supports this conclusion. However, the Metals BHM may have re-
duced ability to discriminate between mud and metals effects in Group
5, so we suggest the use of bivariate plots of Mud and Metals CAP scores
when assessing site changes (Hewitt and Ellis, 2010). If sites are moving
along only one of the two axes, effects can be attributed to that stressor,
but if sites are moving in both directions, a close inspection of which
species are responding to the changes may be required to ascertain the
environmental driver.

Multivariate approaches to assessing health have been found to be
more sensitive than univariate methods because they preserve in-
formation on all taxa and their relative abundances (Attayde and
Bozelli, 1998; Ellis et al., 2015; Gray, 2000; Hewitt et al., 2005;
Warwick and Clarke, 1991). However, it is precisely for this reason that
the BHMs are constrained to being applied under the same conditions as
the data used to develop them. Differences in species composition re-
strict the application of these models to intertidal portions of estuaries
within New Zealand, although this does not preclude the development
of new models for other environments or regions of the world. The
outputs of the models appear robust across most regions and for the two
estuary types tested (which represent more than half of the estuaries in
New Zealand; Hume et al., 2016), but further research is needed to
determine their suitability for assessing health in other estuary types.
Although the incorporation of data collected across multiple months
likely reduces the influence of seasonal fluctuations in species compo-
sition on model results, it is recommended that data for new sites is
collected at similar seasonal time periods (in this case October to
March, i.e. the time period for which most model data was collected).
Our models capture the range of mud and metal concentrations likely to
be encountered in most New Zealand estuaries, however, if metal va-
lues increase significantly, new sites would need to be added to the
model to extend its range, affecting comparison with earlier health
model scores. The BHMs provided good indicators of benthic commu-
nity health at a national level in response to mud and metals, however,
we advocate the use of multiple indicators to gain a more complete
understanding of overall health, particularly those that represent re-
sponses to other stressors (e.g. nutrients) or the condition of other
taxonomic groups (e.g. plankton, fish).
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