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Summary 
Estuarine and coastal ecosystems provide multiple ecological, social and 

economic services. They are a source of food, income and are at the heart of 

marine trade, merchant shipping and sea transport. They therefore play a key 

role in our modern world and their conservation from an environmental point 

of view is today critical. Despite all the efforts done in environmental 

management, pollution associated with the rapid coastal development and 

intensive industrialization was certain and still remains one of the main threats 

towards marine ecosystems today. Specifically, trace metal contamination is 

of high concern as coastal areas are generally prone to accumulate them. Most 

trace metals exhibit a dual role in marine waters: they act as nutrients in low 

concentrations, yet rapidly have toxic effects in higher concentration ranges. 

Continuous monitoring of their concentrations in estuarine and coastal 

ecosystems is therefore needed to better understand their biogeochemical 

behavior in such marine environments. However, limited knowledge exists on 

their bioavailability towards marine organisms: especially as the toxicity of 

these metals is not only related to their concentration but also strongly linked 

with their speciation which shows both seasonal and spatial variations. Thus, 

the main objective of this PhD research was to investigate the biogeochemical 

cycles of various trace metals and unravel their speciation and bioavailability 

in various aquatic systems: from very dynamic mixing zones of the Scheldt 

estuary to coastal harbors and shallow seawaters of the North Sea, and even 

to deeper and anoxic regions of the Baltic Sea. Trace metal concentrations and 

speciation were explored seasonally and spatially along horizontal and vertical 

gradients, and a comparison of classic active samplings of dissolved trace 

metals with a passive sampling technique (Diffusive Gradients in Thin-films; 

DGT) was carried out. The DGT technique was successfully used for the in-

situ measurement of labile metals and eventually constitutes a good surrogate 
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to the biomonitoring of trace elements (e.g. use of mussels, algae, etc.). This 

method offsets the lack of knowledge in terms of water quality monitoring and 

the results challenge the classic criteria which are used by international 

regulatory requirements (e.g. WFD, MSFD) and local commitments (e.g. 

OSPAR, HELCOM). Indeed, new criteria based on labile metal species 

instead of total dissolved species should be considered in the future. Such 

approach of trace metal speciation and assessment in aquatic systems could 

surely lead to a more integrated environmental management and improve our 

knowledge on anthropogenic impacts and pollutant fluxes. Moreover, it is 

eventually the main key to explain and predict bioavailability and potential 

toxicity of trace metals to the marine fauna and flora. This work therefore 

invites you to dive into a journey along our coasts, from urbanized areas to 

wild open seas, from their surface to their deepest waters.
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Samenvatting 

Estuariene en kustecosystemen verlenen diverse ecologische, sociale en 

economische diensten. Zij zijn een bron van voedsel, inkomsten en zijn het 

hart van zeehandel, koopvaardij en zeeverkeer. Daarom spelen ze een 

sleutelrol in onze moderne wereld maar hun behoud vanuit milieuoogpunt is 

vandaag kritisch. Niettegenstaande alle inspanningen die gedaan werden op 

het vlak van milieumanagement, merken we dat de vervuiling geassocieerd 

met de snelle kustontwikkeling en intensieve industrialisatie onvermijdelijk 

bleek zodat het tot op vandaag één van de voornaamste bedreigingen van 

mariene ecosystemen blijft. Specifiek, verontreiniging veroorzaakt door 

sporemetalen is een grote bezorgdheid aangezien deze metalen zich in het 

algemeen ophopen in kustzones. De meeste sporemetalen spelen een dubbele 

rol in het marien milieu: zij gedragen zich als nutriënten bij lage concentratie 

maar worden toxisch bij hogere waarden. Continue monitoring van hun 

concentraties in estuariene en kustecosystemen is daarom noodzakelijk om 

hun biogeochemisch gedrag in zulke mariene milieus beter te begrijpen. Over 

hun biobeschikbaarheid voor mariene organismen is er echter slechts weinig 

geweten, in het bijzonder omdat de toxiciteit van deze sporeelementen niet 

met hun concentratie is gerelateerd maar integendeel met hun speciatie (de 

verschillende vormen waarin ze voorkomen) die bovendien variaties vertoont 

in tijd en ruimte. Daarom is de belangrijkste doelstelling van dit 

doctoraatsonderzoek, het bestuderen van de biogeochemische cycli van 

diverse sporemetalen en hun biobeschikbaarheid in diverse aquatische 

systemen: van zeer dynamische mengzones van het Schelde-estuarium tot 

kusthavens en ondiep zeewater van de Noordzee, en zelfs tot diepere en 

anoxische zones van de Baltische zee. Sporemetaalgradiënten werden tijds- 

en ruimteafhankelijk onderzocht en een vergelijking van de klassieke 
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staalnameprocedure voor opgeloste sporemetalen met de passieve 

staalnametechniek van DGT (Diffusieve Gradients in Dunne Films), werd 

uitgevoerd. De DGT techniek werd succesvol gebruikt voor in-situ metingen 

van labiele metalen en vormt als dusdanig een goed surrogaat voor de 

biomonitoring van sporemetalen (bijv. gebruik van mosselen, algen, etc.). 

Deze methode compenseert het gebrek aan kennis op het gebied van 

waterkwaliteitsbewaking en de resultaten dagen de klassieke criteria uit die 

worden gebruikt door de voorschriften (bijv. WFD, MSFD) en verplichtingen 

(bijv. OSPAR, HELCOM) van de internationale regelgeving te voldoen. In de 

toekomst zouden inderdaad nieuwe criteria op basis van labiele metaalsoorten 

in plaats van totaal opgeloste soorten moeten worden overwogen. Onze 

aanpak inzake speciatie en bepalingen van sporemetalen in aquatische 

systemen kan zeker leiden tot een meer geïntegreerd milieubeheer en een 

betere kennis van de polluent fluxen. Bovendien is het de meest geschikte weg 

om de biobeschikbaarheid en de potentiële toxiciteit van sporemetalen voor 

mariene flora en fauna te kunnen verklaren. Dit werk is een uitstap langs onze 

kusten, van ge-urbanizeerde zones tot open zee, van hun oppervlakte tot de 

diepste water. 
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Résumé 
Les écosystèmes estuariens et côtiers assurent de multiples services 

écologiques, sociaux et économiques. Ils constituent une source de nourriture, 

de revenus et sont au cœur du commerce et du transport maritime. Ils jouent 

donc un rôle clé dans notre monde moderne et leur préservation d'un point de 

vue environnemental est aujourd'hui crucial. Malgré tous les efforts réalisés 

en matière de gestion de l'environnement, la pollution associée au 

développement économique rapide du littoral et à une industrialisation 

intensive était finalement inévitable et demeure encore aujourd'hui l'une des 

principales menaces pesant sur les écosystèmes marins. Plus précisément, la 

contamination par éléments-traces métalliques est particulièrement 

préoccupante, car les zones côtières sont généralement enclines à les 

accumuler. La plupart de ces éléments-traces métalliques jouent un double 

rôle dans les eaux de mer : ils agissent comme nutriments à de faibles 

concentrations, mais peuvent rapidement avoir des effets toxiques dans des 

gammes de concentrations plus élevées. Une surveillance continue de leurs 

concentrations dans les écosystèmes estuariens et côtiers est donc nécessaire, 

afin de mieux comprendre leur comportement biogéochimique dans de tels 

environnements. Cependant, peu d’informations existent sur leur 

biodisponibilité vis-à-vis des organismes marins, d'autant plus que la toxicité 

de ces éléments traces n’est pas seulement dépendante de leur concentration, 

mais est également fortement liée à leur spéciation qui montre de fortes 

variations saisonnières et spatiales. Ainsi, l'objectif principal de ce travail de 

thèse était d'étudier les cycles biogéochimiques de divers éléments-traces 

métalliques et de percer le mystère de leur spéciation et de leur 

biodisponibilité dans des systèmes aquatiques variés : des zones turbulentes 

et dynamiques de l'estuaire de l'Escaut aux ports côtiers et aux eaux 

superficielles de la mer du Nord, et même jusqu’à des régions plus profondes 
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et anoxiques de la mer Baltique. Les variations de concentration et de 

spéciation des éléments-traces métalliques ont été explorées dans le temps et 

dans l’espace, le long de gradients horizontaux et verticaux. En parallèle, une 

comparaison des techniques classiques d'échantillonnage des éléments-traces 

métalliques dissous a été réalisée avec une méthode d'échantillonnage passif 

(Diffusive Gradients in Thin-films ; DGT). La technique des DGT a été 

utilisée avec succès pour la mesure in situ de la fraction labile des éléments-

traces métalliques et représente, en définitive, un substitut de qualité à la 

biosurveillance des éléments-traces (par exemple, en remplacement de 

l’utilisation de moules, d'algues, etc.). Cette méthode permet de compenser le 

manque de connaissances en termes de surveillance de la qualité de l'eau et 

les résultats remettent en cause les critères classiques utilisés par les exigences 

réglementaires internationales (par exemple WFD, MSFD) et les engagements 

locaux (par exemple OSPAR, HELCOM). En effet, de nouveaux critères 

basés sur les espèces métalliques labiles plutôt que sur les espèces totales 

dissoutes devraient être envisagés à l'avenir. Une telle approche de la 

spéciation et de l'évaluation des éléments-traces métalliques dans les systèmes 

aquatiques pourrait certainement, à termes, conduire à une gestion 

environnementale plus intégrée et parfaire nos connaissances sur les impacts 

anthropiques et les flux de polluants le long de nos côtes. En outre, c'est 

finalement la clé principale pour expliquer et prédire la biodisponibilité et la 

toxicité potentielle des éléments-traces métalliques à l’égard de la faune et de 

la flore marines. Ce travail vous invite donc à plonger dans un voyage le long 

de nos côtes, de zones peuplées et urbanisées au grand large sauvage, de la 

surface aux eaux les plus profondes. 
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Notation index 

A   

 A Exposure area of a DGT piston 

 AA Annual Average 

 APS Ammonium persulfate 

 ASV Anodic Stripping Voltammetry 

B   

 BCZ Belgian Coastal Zone 

C   

 CDGT Concentration measured by DGT 

 CRM Certified Reference Materials 

D   

 D Diffusion Coefficient 

 DBL Diffusive Boundary Layer 

 ΔG Thickness of the diffusive domain 

 DGT Diffusive Gradients in Thin-films 

E   

 EA-IRMS Elemental Analysis-Isotope Ratio Mass Spectroscopy 

 EF Enrichment Factor 

 EQS Environmental Quality Standards 

G   

 GF Glass Fibre 

H   

 HAC Hierarchical Ascendant Classification 

 HELCOM Baltic Marine Environment Protection Commission 

 
HR-ICP-MS 

High Resolution-Inductively Coupled Plasma-Mass 

Spectrometry 

K   

 KD Partition Coefficient 
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 LOD Limit Of Detection 

M   

 m Mass 

 MAC Maximum Allowable Concentration 

 MQ water Milli-Q water 

N   

 NewSTHEPS New Strategies for monitoring and risk assessment of 

Hazardous chemicals in the marine Environment with 

Passive Samplers 

O   

 
OSPAR 

Commission for the protection of the North-East Atlantic 

marine environment 

P   

 PCA Principal Component Analysis 

 PN Particulate Nitrogen 

 ppm Parts per million 

 POC Particulate Organic Carbon 

 POM Particulate Organic Matter 

 PSU Practical Salinity Unit 

 PVDF Polyvinylidene Difluoride 

R   

 RSD Relative Standard Deviation 

S   

 SPE Solid-Phase Extraction 

 SPM Suspended Particulate Metal 

T   

 t Deployment time 

 TEMED Tetramethyl ethylenediamine 

W   

 WFD Water Framework Directive 
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Estuarine and coastal ecosystems provide multiple ecological, social and 

economic services, especially for the fishing, touristic and shipping sector 

(Kalaydjian and Girard, 2017). Despite all the efforts made in environmental 

management, the pollution associated with the intensive industrialization of 

coastal areas remains one of the main threats to marine ecosystems: changing 

and reforming littoral landscapes, the seabed, etc… Anthropogenic inputs 

transferring from the land to the sea increased a lot too. Due to the discharges 

coming from major industries, port refineries but also from urban sewage, 

marine environments currently suffer from intense pollution issues which 

need to be imperatively considered. Metal pollution is of particular concern 

because coastal areas are generally prone to accumulate them, not only in 

sediments but also in the overlying waters for some metals (Kennish, 1994; 

Ho et al., 2010). Recent studies have shown that particulate trace metal levels 

have globally decreased in aquatic environments, in the last 30 years 

(Zwolsman et al., 1996), following the implementation of European 

environmental policies and regulations aiming to lower pollutant emissions 

(see for example the Water Framework Directive). Despite these measures, it 

seems that the concentration of dissolved trace metals has increased since 

2000 (Gao et al., 2013). The switch of metallic elements from a particulate 

phase to a dissolved phase is nowadays a big concern, because it could 

influence directly the bioavailability of trace metals (TM) towards marine 

fauna and flora. 
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1.1. General description of trace metals 

1.1.1. General definition 

Metals and metalloids, also widely known and wrongly popularized as heavy 

metals (Hodson, 2004), form one of the main element clusters in the periodic 

table (Sigg et al., 2014). Overall, they differ from other elements due to several 

distinctive features, but these characteristics often result in contradictory 

definitions based on density, atomic weight, atomic number or other element 

properties (Hodson, 2004). In environmental studies, relevant characteristics 

to define metals and metalloids would be not biodegradable (unlike organic 

contaminants), bioaccumulation ability, some act as nutrients, their toxicity is 

speciation dependent (Ali et al., 2019; Caruso and Montes-Bayon, 2003; 

Rainbow, 2002). The “heavy metal” designation being obsolete for several 

reasons (Nieboer and Richardson, 1980), and as they usually occur at 

relatively low concentrations in the environment, heavy metals are now - 

chemically speaking and as an alternative - designated as trace metals. 

1.1.2. Biological relevance 

On one hand, most trace metals exhibit a dual role in marine waters, acting as 

nutrient at low concentrations and being toxic at high concentrations. This first 

group of elements is therefore defined as biological-essential trace metals, 

including elements such as Co, Cu, Fe, Mn, Ni and Zn. They are necessary 

nutrients for life and play the part of enzyme cofactors for many metabolism 

reactions (Andreini et al., 2008; Morel and Price, 2003; Shahzad et al., 2018), 

as well as having structural role for many proteins (Garg and Smith, 2017). 

All organisms (e.g. phytoplankton, fish, human, etc.) require essential metals 

in small amount, as a lack or an excessive concentration of the same trace 

metals can be harmful and lead to adverse effects at a cell-, organ- or body-

level (Fig. 1.1 (a); see section 1.3.1) (Sigg et al., 2014). On the other hand, 
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another category of trace metal exists and is described as non-biological-

essential elements such as Cd, Hg and Pb: organisms do not require them as 

nutrients, and even worse, they become rapidly toxic to life even at low 

concentrations in the environment (Fig. 1.1 (b); see section 1.3.1) (Rainbow, 

2018). Their toxicity to organisms is high, leading to various adverse effects 

impacting the metabolism, the growth rate, or even the reproduction of one 

given individual. 

 

Figure 1.1: Effects of increasing availability of (a) biological-essential and 

(b) non-biological-essential trace metals on the organism performance (i.e. 

yield, growth, survival, reproduction) (adapted from Luoma and Rainbow, 

2011) 
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In this study, focus has been made on essential elements: Co, Cr, Cu, Fe, Mn, 

Ni, and on non-essential element: Cd and Pb, as these trace metals are 

recognized either as hazardous substances of primary concern by legal 

frameworks and directives (Cd and Pb) or as compounds of possible concern 

(Cr, Co, Cu, Fe, Mn, Ni) (for further information, see 1.3.4). They are all 

recognized for their persistence in marine environments, their ability to be 

bioaccumulated and their potential toxicity. Moreover, they are known to be 

present at medium to high concentrations in the studied marine environments 

(i.e. the North and Baltic Sea, the Scheldt Estuary) and show cross-influenced 

behaviors. Also, the same methods and protocols can be performed for their 

measurement and analysis in the environment: making the sampling and the 

sample treatments more efficient and cost-effective. Despite their well-known 

toxicity to organisms, mercury as well as arsenic were not considered in this 

dissertation: their behaviors in aquatic environments are too different from the 

elements we studied here. In addition, their measurements and the assessment 

of their speciation required different methods which could not be applied in 

the present work. 

 

1.2. Trace metals in marine environments 

1.2.1. Metallic sources, pathways and fate in marine 

environments 

Trace metal enrichment in aquatic systems is due to three kind of contributions 

as shown on Fig. 1.2: atmospheric inputs (particles, dust from various origins) 

riverine inputs (after weathering, leaching of inner lands, rock erosion) and 

deep-sea inputs (deep-sea volcanism, hydrothermalism). Enrichment from the 

atmosphere or waterways can result either from natural processes or come 
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from anthropogenic sources. Meanwhile, recent studies have shown the 

existence of freshwater inputs, coming from underground water sources called 

the Submarine Groundwater Discharge (de Souza Machado et al., 2016; 

Michael et al., 2005; Taniguchi et al., 2002). These contributions to marine 

environments can be substantial, even more than rivers. However, it seems 

that their pollution relevance has not been studied yet. 

 

Figure 1.2: Sources and pathways of trace metals into the environment of 

interest (marine area, here in blue; Förstner and Wittmann, 2012) 

 

First, natural source of trace metals is a consequence of their natural 

abundance in the continental Earth’s crust (i.e. natural rock weathering, 
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terrestrial/deep-sea volcanisms, hydrothermalism). Then, diverse and 

numerous anthropogenic contributions were identified such as mining, 

refineries, fossil fuel combustion, agricultural activities, marine traffic, etc. 

Table 1.1 summarizes the main sources of trace metals discussed in this work. 

In conclusion, trace metals occur naturally on continental crust and are being 

occasionally eroded by natural processes, but the disturbance of the metal-

enriched ores by mining and anthropogenic activities drastically accelerates 

the rate of trace metal introduction into the marine environment (Förstner and 

Wittmann, 2012). 



 

 

 

 

Table 1.1: Natural and anthropogenic sources of trace metals to the marine environment, example of the studied elements 

Element 

Main ionic form in 

marine 

environments 

Associated 

ores 

Natural sources to the 

environment 
Anthropogenic sources to the environment References 

Cadmium 

(Cd) 
Cd2+ 

CdCO3, 

CdS, CdO 

Erosion, forest fire, 

volcanism, soil 

Mining, smelting, refining of zinc, fossil fuel combustion, 

stabilizer for plastic, fertilizers, battery, waste disposal, 

electroplating, pigmentation, photography 

(OSPAR, 2002) 

Cobalt 

(Co) 
Co2+ 

CoS2, 

CoAs2, 

Co3S4 

Erosion, forest fire, 

volcanism, soil 

Metalworking industries, coal combustion, mining, plastic and 

rubber production, pigmentation, battery 
(Lesven, 2008) 

Chromium 

(Cr) 

Cr3+, CrO4
2-, 

Cr2O7
2- 

Fe2Cr2O4 
Continental dust, 

erosion 

Fossil fuel combustion, ore processing, chromate manufacture, 

electroplating, leather tanning, textile, waste disposal, metal 

plating, industrial dyes 

(O’Connor, 

1974) 

Copper 

(Cu) 
Cu2+ 

CuFeS2, 

Cu2S 

Weathering, 

volcanism, soil 

Fossil fuel combustion, wastewater, wood production, 

fertilizers, antifouling paint 

(O’Connor, 

1974) 

Iron (Fe) Fe2+, Fe3+   Erosion, soil Mining, steel industry (ATSDR, 2019) 

Manganese 

(Mn) 
Mn2+, Mn3+ 

MnO2, 

MnCO3 
Erosion, volcanism 

Fossil fuel combustion, metal production, fertilizers, glass 

industry 

(ATSDR, 2019; 

Lesven, 2008) 

Nickel 

(Ni) 
Ni2+ NiS, Ni3S4 

Erosion, forest fire, 

volcanism 

Mining, smelting, refining, fuel combustion, waste 

incineration, manufacture of stainless steel, non-ferrous metal 

production 

(ATSDR, 2019) 

Lead (Pb) Pb2+ 

PbS, PbO, 

PbCO3, 

PbSO4 

Volcanism, 

continental dust, 

erosion 

Non-ferrous metal production, mining, glass and ceramic 

production, offshore industry, waste incineration and disposal, 

fossil fuel combustion, battery; historically in gasoline, paint, 

pesticides 

(O’Connor, 

1974; OSPAR, 

2002) 



 

 

After entering estuaries and coastal zones, trace metals go through diverse 

biogeochemical cycles, inducing processes such as dilution and vertical 

transport from surface to deep waters. In addition, they undergo 

hydrodynamical forces, transporting and distributing the elements depending 

on surface- and deep-water circulations (Fig. 1.3; Frank, 2011). 

 

Figure 1.3: Conceptual model of the main biogeochemical trace metal cycles 

(dissolved Med and particulate Mep) in aquatic environments (from de Souza 

Machado et al., 2016) 

 

Trace metals are stable in marine systems i.e. they do not degrade which 

generally favors their accumulation in the marine environment (Belgian 

Federal Science Policy Office, 2018). In the water itself, the metallic 

compounds can show a certain residence time, but they can also enter the food 

web through various exposure routes, or deposit and accumulate in the 

sediment. Often, they accumulate in coastal areas, usually close to densely 

industrialized and populated littorals (Elliott and Hemingway, 2002; Temara 

et al., 1998). 
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As depicted in section 1.1, trace metals constitute an important group: for their 

physiological relevance, but also for their possible toxic effects on organisms. 

In marine environments, their concentration range is not the only factor to 

consider: their speciation also plays a significant role and shows both seasonal 

and spatial variations. 

 

1.2.2. Speciation in the water column 

Generally, aquatic environments consist of two compartments: the water 

column and the sediment, which can be further subdivided into four pools 

considering trace metal distribution: the Suspended Particulate Matter (SPM) 

and the sediment which form the solid particulate phase, and the water column 

and the sediment pore waters which form the dissolved phase. Strong 

interactions occur among these four compartments through physical and 

chemical processes leading to intense element transfers from one pool to 

another. Physicochemical reactions such as sedimentation, complexation, 

adsorption/desorption, biological uptake/release (in the water column as well 

as in sediment), sediment resuspension, etc. (Figure 1.4; Sigg et al., 2014) 

represent these transfers and consequently influence trace metal distribution 

and chemical speciation in the marine environments. They are also strongly 

linked with the aquatic biogeochemical cycles of trace metal, which were 

mentioned above (section 1.2.1). In this research, we focus on the water 

column and the SPM within, in order to investigate both dissolved and 

particulate phases of trace metals. 
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Figure 1.4: Biogeochemical interactions ruling trace metal transfers in 

aquatic environments (adapted from Morrison et al., 1989) 

 

While an element is transferring from one aquatic pool to another (e.g. from 

SPM to the dissolved species of the water column), its physical and chemical 

form will also switch from one form to another (e.g. from precipitates to 

colloids, molecules and ions): this bring us to the concept of speciation. In 

simple words, the term speciation could be described as the distribution of a 

given trace metal regarding the physical and chemical forms it takes in the 

environment (Stumm and Morgan, 1996). This property has been shown as 

one of the main keys for understanding the biogeochemical behavior of trace 

metal and its impact on organisms; even more important than their actual total 

concentration (Gao et al., 2020; National Research Council (US) Commission 

on Natural Resources, 1977; Thanh et al., 2016). The speciation approach 

allows to differentiate several types of metal species, mainly based on the 

particle size (Stumm and Bilinski, 1973): a first distinction is made between 

the particulate and the dissolved phases of trace metals which can be separated 
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using a 0.45µm filtration (Hargreaves et al., 2017). However, this pore size 

limit has been questioned in the past (Danielsson, 1982) and it should be 

mentioned that several studies also conceded that using filters with a 0.20µm 

pore size may be accepted as well to distinguish the particulate from the 

dissolved phase (Dupré et al., 1999; Pinedo-Gonzalez et al., 2014; Takeda et 

al., 2000; Turetta et al., 2005; Viers et al., 2005). Nevertheless, the majority 

of studies has been performed using 0.45µm filters, which has become a 

standard procedure for the measurement of dissolved compounds. In addition, 

only 0.45µm filters were available for this work. Further distinctions between 

particulate and dissolved phases are described in Figure 1.5. 

 

Figure 1.5: Conceptual diagram of trace metal speciation in seawater. M is a 

trace metal, POM stands for Particulate Organic Matter, PIM for Particulate 

Inorganic Matter, DOM for Dissolved Organic Matter and DIM for Dissolved 

Inorganic Matter. 

 

The total dissolved fraction of trace metal is not entirely representative for the 

bioavailable metal fraction of interest here, which is a smaller part of this 
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dissolved phase.  The bioavailability of elements is yet crucial to assess as it 

corresponds to a portion directly assimilable by the organisms. It is dependent 

on element mobility (usually related to diffusivity or internalization) and 

lability (i.e. ability of complexes to dissociate) (Baeyens et al., 2018a). Thus, 

the bioavailable fraction gives a strong correlation with the most labile trace 

metals (Baeyens et al., 2018a; Davison, 2016a; Simpson et al., 2012; Tessier 

and Turner, 1995). Labile elements include free metal ions, weak metal 

complexes with dissolved inorganic ligands (e.g. hydroxides) or organic 

ligands (e.g. fulvic complexes) (Davison, 2016a; Gao et al., 2019). 

Accordingly, in this research, focus has been made on the three following trace 

metal fractions (Figure 1.5): particulate (> 0.45µm), dissolved (< 0.45µm), 

and, within this dissolved fraction, labile (free ions, small and weakly bonded 

complexes). The recent progress of analytical techniques has made it possible 

to undertake advanced studies on the speciation of metallic elements in aquatic 

environments (Illuminati et al., 2019a). Particulate and dissolved metal 

concentrations are evidently investigated, because they both embody the two 

main forms taken by trace metals. Several studies have revealed the interest 

of studying the SPM, because of its enrichment in metals, but also because of 

its constitution in marine environments, which is mainly phytoplanktonic, 

demonstrating the biological importance of the particulate fraction (Paucot 

and Wollast, 1997). In addition, and in terms of total budget, the largest 

fraction of metals is particulate. Dissolved and even labile metal species are 

studied too, for their biological and ecological relevance. 

The speciation will vary depending on the element and its physicochemical 

attributes but will also be significantly influenced by environmental 

conditions, such as (Prasad et al., 2005; Roberts et al., 2005): 

• Physicochemical parameters: for instance, more acidic conditions 

tend to solubilize cationic trace metals, whereas alkaline 
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conditions favor their adsorption on SPM (Belgian Federal 

Science Policy Office, 2018). Temperature variations induce 

changes in kinetic and thermodynamic equilibrium of chemical 

reactions. For example, high temperatures generally disrupt 

complex stabilities (Byrne et al., 1988). The scarcity of oxygen 

also influences the reductive and oxidative state of trace elements 

(Jonnalagadda and Rao, 1993). In addition, the redox state of the 

solution (thermodynamic pE) also drives the speciation 

(Benjamin, 2014); 

• Ligand type and concentration: organic SPM and ligands take 

time to adsorb/complex trace element, because the complexing 

sites are less accessible. However, once the complexes are 

formed, they show a strong stability. The complexation of metals 

with inorganic ligands is faster and easier, but generally less stable 

(except for instance (poly)sulfide ligands). In addition, the more 

inorganic and organic ligands, the more the metal have binding 

sites to associate to, and the more chemical complexes and 

colloids are formed. Finally, trace metal speciation is also widely 

influenced by interactions with marine organisms through 

complexation, primary production processes, biodegradation, 

exopolymerization, etc., and will be further detailed in the 

following part. 

Due to the points listed above, trace metals are thus continuously switching 

from one phase to another. As described, the labile fraction is biologically 

interesting in the water column, because it reflects the ability of an element to 

interact with organisms (e.g. passage of biological membranes, 

bioaccumulation). 
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1.2.3. Uptake by marine organisms 

Trace metals entering the marine environment constantly change through 

various biogeochemical processes, also including the interaction with living 

marine organisms from nanoscopic and microscopic ones like phytoplankton 

to bigger ones such as fishes and marine mammals. Different kinds of uptake 

occur, at all the trophic levels, whether the element is essential or not. For 

higher organisms, trace metals can be incorporated through diet, through 

respiratory pathways or through the skin, via simple environmental exposure 

(Jakimska et al., 2011), and their body burdens will be influenced by many 

variables specific to the living being: its size, life stage (young, adults), species 

and its feeding habits (Wang, 1987). Then, the accumulated trace metal is 

bound to metal-binding proteins, and either gets stored in cells, tissues 

(metabolically available or stored) or are eliminated (excretion processes, 

feces, eggs, molts; Rumisha et al., 2017). The followed accumulation pattern 

is influenced by the organism physiology, by the type of element (some trace 

metals play a role in essential metabolic reactions, or some are to be excreted 

or stored, or some bind to certain biomolecules and thus give toxic effects). 

Figure 1.6 gives a schematic example of free ionic trace metals crossing the 

cell membrane of a phytoplankton, in the case of simple environmental 

exposure. 
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Figure 1.6: Internalization of free ions through the cell membrane of a 

phytoplankton, where M represents a metallic element and L a ligand 

(Baeyens et al., 2018a). 

 

In estuarine and coastal environments, trace metals have real and direct 

interactions with living beings. Consequently, there is a wide range of uptake 

mechanisms of trace metals by marine organisms, leading to a wide range of 

body concentrations with various biological and ecological relevance 

(Rainbow, 2002). These relations may interact and play a part in the element 

biogeochemistry or, vice versa, with the organism metabolism. Figure 1.7 

gives an example of mutual interactions between phytoplankton and trace 

metals: phytoplankton communities regulate the concentration, speciation and 

biogeochemical cycling of trace metals (biological uptake, mineralization, 

transport of biogenic particles), yet their productivity (biomass, growth) and 

the species composition and interactions are themselves controlled by the trace 

metals (inhibition/catalysis reactions) (Sunda, 2012). 
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Figure 1.7: Conceptual diagram of mutual interactions between 

phytoplankton and trace metals (inspired by Sunda, 2012). M is a trace metal, 

L a ligand, SPM stands for Suspended Particulate Matter, DOM for Dissolved 

Organic Matter and DIM for Dissolved Inorganic Matter. 

 

Trace metals are inherently not chemically biodegradable and can accumulate 

to a certain extent in the tissues of many marine species in a process called 

bioaccumulation. Once the metal concentration is above a given threshold in 

living organisms, the assimilated metal become toxic due to non-desired 

binding to crucial molecules, blocking their functioning and disrupting 

essential metabolic reactions (Belgian Federal Science Policy Office, 2018; 

Rainbow, 2002). 

 

1.3. Trace metals as pollutants in marine environments 

“Contaminants are substances (i.e. chemical elements and 

compounds) or groups of substances that are toxic, persistent 

and liable to bio accumulate and other substances or groups of 

substances which give rise to an equivalent level of concern.” 

Water Framework Directive, Article 2(29) 
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The elements which can affect living being on a short- or long-term scale, by 

altering its growth rate, its metabolism, by interfering with its overall health, 

or even by altering its natural behavior, are considered as pollutant. (Park, 

2007). 

1.3.1. Toxicity, bioaccumulation and impact on marine 

ecosystems 

Anthropogenic inputs from various origins has been entering the aquatic 

environment by weathering and runoff from extractive industries, intensive 

agriculture, urbanized areas, etc. for decades. These pollutants such as trace 

metals are now a worldwide concern, specifically in coastal and industrialized 

environments. Trace metal pollution can damage the health of whole aquatic 

ecosystems and make aqueous products unsuitable for human consumption 

(Belgian Federal Science Policy Office, 2018). For example, the 

anthropogenic pressure on marine environments have disrupted the 

biogeochemical cycles of trace metals and consequently, increased their 

bioavailability towards marine organisms (Driscoll et al., 1994; Gaillardet et 

al., 2003). And as highlighted in section 1.1.2., trace metals may be toxic at 

excessive concentrations. For organisms, the toxicity of trace metals is 

actually linked to a threshold concentration of metabolically available (here, 

bioavailable) trace metal and not to a total dissolved metal concentration in 

the environment (Rainbow, 2002). Factors influencing trace metal toxicity in 

marine environments are: 

• Trace metal speciation: toxicity is dependent on the physical and 

chemical form of metal compounds. The specific pollutant form 

decisively influences its adverse effects on marine organisms 

(Förstner and Wittmann, 2012), as discussed in 1.2.2. Environmental 

parameters which are speciation-related may therefore also influence 



20 

 

the organism physiology or trace metal toxicity: pH (low pH tend to 

solubilize cationic trace metals and render them easily bioavailable - 

see 1.2.2.; Belgian Federal Science Policy Office, 2018), temperature 

(higher temperatures disrupt thermodynamic equilibrium - see 1.2.2.; 

Byrne et al., 1988), alkalinity and hardness (both involved in metal 

detoxification processes), dissolved oxygen (toxicity increases in case 

of dissolved oxygen depletion), light (only poorly studied, but the 

biological uptake seems to decrease with decreasing lighting; Gorbi 

et al., 2001), salinity (protective effect of high salinity) (Barletta et al., 

2019; Kahlon et al., 2018; Nordberg, 1978; Wang, 1987); 

• Presence of other trace metals: metal mixture toxicity, possible 

cumulative, synergic or antagonism effects (Nordberg, 1978); 

• The affected species: stage, size, sex, feeding habits, adaptation 

behavior. Some species or populations are more tolerant than others 

(Kennish, 1998). For instance, it has been shown that, in historically 

known contaminated coastal areas, marine populations display more 

tolerance than their fellows from unpolluted zones, for the same trace 

metal levels (Clark et al., 1997). 

Overall, trace metal exposure or uptake at toxic concentrations can lead to 

different kinds of damage and inhibition in marine organism functioning. 

Table 1.2 summarizes them, for the elements of concern in this study.



 

 

Table 1.2: Toxic effects of trace metals on marine organisms, example of the studied elements. Here, and depending on the cited reference, we tried 

to consider a broad range of living being developing in the water column such as invertebrates (mollusks, crustaceans, echinoderms) and vertebrates 

(marine fish, marine tetrapod). 

Element Essential needs Toxic effects Cross-influence / Cross-toxicity References 

Cadmium 
(Cd) 

none 

Embryotoxic, teratogenic effects; DNA damages and carcinogenic; 

peroxidation of lipids and formation of DNA adducts; affect DNA, RNA, 
ribosome synthesis, deactivate systemic enzymes; disrupt reproductive 

processes (estrogenic, anti-estrogenic and endocrine) 

Toxicity and accumulation of Cd 

increase due to Zn deficiency; Cd 

uptake increases as a result of Cu 

deficit; Cd and Cr interact 
synergistically 

(Jakimska et al., 

2011; OSPAR, 2002; 
Solomon, 2008; W.-

C. Wang et al., 2014) 

Cobalt 
(Co) 

Carbon and hydrogen transfer 

reactions, N2 fixation, component of 

vitamin B12 

Growth inhibition, damage reproductive and respiratory system 
Co absorption increases in case of Fe 

deficiency 
(Kim et al., 2006; 

Sunda, 1989) 

Chromium 
(Cr) 

Required for carbohydrate 
metabolism 

Inhibits growth Cr and Cd interact synergistically (Solomon, 2008) 

Copper 

(Cu) 

Takes part in many life processes 

(reproduction, growth); regulated 
metabolically; constituent of many 

enzymes, hemocyanin and 

respiratory pigments 

Embryotoxic, teratogenic effects; DNA damage and carcinogenic; affects 

enzymatic activity; peroxidation of lipids and formation of DNA adducts 
  

(Jakimska et al., 
2011; W.-C. Wang et 

al., 2014) 

Iron (Fe) 

Takes part in many life processes 
(reproduction, growth); electron 

transport in respiration and 

photosynthesis, in nitrogen fixation 

Growth inhibition, damages reproductive system   

(Grimwood and 

Dixon, 1997; Sunda, 
1989) 

Manganese 

(Mn) 

Constituent of many enzymes, 

metalloenzymes and respiratory 

pigment 

Growth inhibition, chlorophyll inhibition, neurotoxic 
Mn can induce Fe deficiency; 

influence on Cd, Cu and Zn toxicity 

(Howe et al., 2004; 

Jakimska et al., 2011) 

Nickel 

(Ni) 

Constituent of many enzymes, role in 
the urease and hydrogenase 

metabolisms 

Causes mortality; restrains the rate of growth, behavioral and endocrine 

disturbances 

Ni toxicity increases in the presence 

of Cu 

(Jakimska et al., 
2011; Muyssen et al., 

2004) 

Lead (Pb) none 

Embryotoxic, teratogenic effects; DNA damage and carcinogenic; blood-
related diseases, damage to the immune system; affects reproductive 

processes (decreased sperm amount, motility, estrogenic effects); causes 

behavioral disturbances; affects survival, growth and metabolism; inhibits 
photosynthesis, gill 

  

(Jakimska et al., 

2011; OSPAR, 2009; 
W.-C. Wang et al., 

2014) 



 

 

As mentioned in 1.2.3, detoxifying processes exist, involving for instance 

metallothionein molecules (W.-C. Wang et al., 2014), adenochroms, basal, 

digestive or excretory cells (Penicaud et al., 2017). However, if the trace metal 

levels in the environment are excessive, these mechanisms are not satisfying 

enough to neutralize the exceeding amount of pollutant, leading to adverse 

metabolic effects (Mason, 2013). In any cases, the elements of concern in this 

study (Cd, Co, Cr, Cu, Fe, Mn, Ni and Pb) can bioaccumulate in marine 

organisms (Jakimska et al., 2011; OSPAR, 1996), but they do not show 

biomagnifying mechanism through the food chain, in marine ecosystems 

(Barwick and Maher, 2003; Elliott and Hemingway, 2002). 

1.3.2. Marine pollution status in Europe 

In Europe, no fewer than 70 000 km of coastline boards the marine 

environment. European littoral zones gather 40% of its total inhabitants and 

represent as well 40% of its economy (Belgian Federal Science Policy Office, 

2018), highlighting its importance as a human resource. Scientists even 

predicted that, as the world’s population increased, 60% of people would live 

close to the coasts by 2050 (Elliott et al., 2019; Kummu et al., 2016). It will 

necessarily result in increasing industrial and agricultural activities and, as a 

consequence, to more anthropogenic pressures on marine coastal 

environments (Belgian Federal Science Policy Office, 2018). Today, the 

major threats to European coastal zones are water pollution and 

eutrophication, urban development, loss of biodiversity, landscape 

degradation and coastal erosion (European Environment Agency, 2008). To 

understand and prevent from future challenges in Europe, many surveys and 

environmental policies have taken the lead to draw up a review of European 

marine areas. 
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1.3.2.1. Legal frameworks and directives 

In response to the growing scientific and public concern about pollution status 

of our aquatic environments, European environmental policies and regulations 

have settled on different directives regarding trace metal level in waters. The 

first policies which were implemented to protect aquatic environments date 

from the early 1970s: the Oslo Convention in 1972 and the Paris Convention 

in 1974, which later gave rise to the OSPAR Convention in 1992 (Convention 

for the Protection of the Marine Environment of the North-East Atlantic; 

OSPAR, 2019). Meanwhile in 1992, another regional convention was signed 

under the acronym HELCOM (Baltic Marine Environment Protection 

Convention – also known as the Helsinki Convention; Baltic Marine 

Environment Protection Commission, 2019). The OSPAR and HELCOM 

Commissions are both governing bodies for the protection of marine 

environment (of the North-East Atlantic and the Baltic Sea areas, 

respectively), resulting from intergovernmental cooperation. 

More recently, in 2000, Europe adopted the Water Framework Directive 

(European Environment Agency, 2008) which has been supplemented by 

numerous daughter-directives: especially in 2008, with the adoption of the 

Marine Strategy Framework Directive (MSFD). Overall, the main objectives 

were (i) to promote aquatic ecosystem management in its entirety and to set 

targets for a suitable use of the environment, (ii) to assess and regulate the 

ecological status of fresh-, transitional and coastal waters, taking into account 

nutrient pressures, biological, chemical and hydrodynamical characteristics, 

and (iii) to set out Environmental Quality Standards (EQS; Directive 

2008/105/EC) for substances or groups of substances identified as priority 

pollutants and listed in the Annex X of the WFD, because of the significant 

risk they pose to the aquatic life (European Environment Agency, 2008; 

European Parliament and of the Council, 2008). The EQS are defined on the 
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lowest acute toxic effect observed on individual standard aquatic organisms 

during laboratory tests (Green, 2003). In practice, chemical and ecological 

monitoring stations are defined in water bodies by national Water Agencies, 

Environmental Directorates and partner institutions. At these stations, regular 

monitoring is undertaken with a maximum time-interval of one month 

(Bhurtun, 2018). In littoral zones, two categories of aquatic systems are 

identified: the coastal zone corresponding to the maritime domain off the 

coastline (up to 1 nautical mile from the shore – 12 nautical miles for the 

assessment of the chemical status), and the transitional waters such as 

estuaries, located near river mouths (Water Agency Artois-Picardie, 2017a). 

In terms of environmental policy, the WFD is certainly the most important 

piece of legislation ever implemented across Europe, providing a standardized 

framework for a global community policy in the area of water management 

(Carvalho et al., 2019; Hering et al., 2010; Voulvoulis et al., 2017). However, 

the implementation of such directives was eventually more time-consuming 

than expected, and the procedures were more intricate to apply (Hering et al., 

2010).  In addition, the global objective of reaching good status of all 

European aquatic bodies by 2027 seems quite ambitious and challenging 

(Carvalho et al., 2019). Although the environmental monitoring has 

guaranteed a good observation of aquatic systems over time and allowed 

highlighting the areas at risk, this screening mainly had a regulatory purpose 

and did not allow a deep understanding of the overall functioning and 

dynamics of the ecosystem and water network (Bhurtun, 2018). In the same 

way, the monitoring data are only poorly obtainable outside the WFD sphere, 

even though these are abundant and strongly valuable (Hering et al., 2010). 

Moreover, the WFD and the MSFD are nowadays facing some challenges as 

they do not consider labile fraction of elements yet, due to very low 

concentrations (but not necessarily harmless) of pollutants or to insufficient 
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standardized analytical techniques (low-frequency, low resolution, spot 

sampling, etc.) (Brack et al., 2017). Applying innovative monitoring methods 

is thus needed for the enhancement of pollution management and mitigation, 

as well as the implementation of new EQS based on lability and bioavailability 

of elements of concern in the water. 

Another European legal framework which also played a part in reaching a 

better environmental status is the Registration, Evaluation, Authorization and 

Restriction of Chemical substances Regulation (EU REACH Regulation). 

Adopted in 2007, the purpose of the REACH Regulation is to ensure human 

health and environment protection through a better identification of the 

chemical properties, such as their environmental toxicity. Hazardous 

substances and their characteristics are registered and gathered in the REACH 

system, and their progressive replacement to possible and suitable alternatives 

is then established (Official Journal of the European Union, 2006). 

Table 1.3 gives an overview of the legal frameworks and directives listing and 

ruling trace metals in aquatic environments. The listed elements are also 

ranked as A, B and C category based on their classification by the European 

legal frameworks and directives. This table demonstrates that all directives 

and frameworks agreed on giving a priority concern to Cd, but also on a lesser 

extent to Pb and Ni. Cr, Co, Cu and Mn are not recognized as hazardous 

substances by the OSPAR and HELCOM Convention and the WFD, but they 

are identified as toxic substances for aquatic life (Cu and Mn) or as highly 

concerning substances (Co and Cr) in the REACH Program. No information 

was found for Fe since it is not recognized as a pollutant yet and as its 

relatively low level in marine waters does not give rise to adverse effects on 

the environment. 
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Table 1.3: Overview of European legal frameworks and directives for trace 

metals in marine matrices 

Element 

Oslo and Paris 

Commission 

(OSPAR)1 

Helsinki 

Commission 

(HELCOM)2 

Water 

Framework 

Directive 

(WFD)3 

Registration, 

Evaluation, 

Authorization 

and 

Restriction of 

Chemicals 

(REACH)4 

Cadmium (Cd) A A A A 

Cobalt (Co)   B A 

Chromium (Cr)   B A 

Copper (Cu)   B B 

Iron (Fe)     

Manganese (Mn)    C 

Nickel (Ni)   B C 

Lead (Pb) A A B A 
1A: substance for priority action    
2A: hazardous substance    
3A: priority substance and priority hazardous substance, B: priority substance, but 

not priority hazardous substance 
4A: substance of very high concern, B: recognized as very toxic to aquatic life, C: 

recognized as toxic to aquatic life 

 

For the years to come and while pursuing the regulation of the ecological 

status of marine environments, the main challenge of these directives would 

be to guarantee the sustainability of coastal developments, from an 

environmental appreciation. Moreover, this should encompass all the policy 

domains related to water, nature, pollution, fisheries, climate change and land 

management (European Environment Agency, 2008). 
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1.3.2.2. Trace metal concentrations along European 

coasts 

In Europe, there are four main marine basins: the Mediterranean, Black and 

Baltic seas and the North Atlantic Ocean, which also includes the North Sea 

(European Environment Agency, 2008). Trace metal distribution along their 

coasts has been studied for decades until now (e.g. Baeyens et al., 1987; 

Ebling and Landing, 2015; Gelting, 2006; Laslett, 1995). Figure 1.8 gathers 

quantitative data published so far in the environments of interest in this study 

(i.e. North Sea, Scheldt Estuary and Baltic Sea) and gives an overview of trace 

metal concentrations in these coastal and transitional environments. This 

zonal but comprehensive literature survey synthesizes results from various 

studies since 1981 but shows a decrease in frequency of metal studies in more 

recent years. Figure 1.8 also provides evidence of a lack of knowledge and 

monitoring on the labile form of trace metal (specifically for the North Sea 

and the Scheldt Estuary), yet the most bioavailable (i.e. likely to come into 

contact and accumulate in organisms) and potentially hazardous fraction (i.e. 

bioavailable concentration at toxic levels for organisms). The most frequently 

reported trace metal fractions are particulate or total dissolved forms. 

Moreover, the concentrations of trace metals such as Cr, Co, Fe and Mn in the 

water column are not well documented neither by the scientific community. 

In addition, it seems that sediment is a better-investigated compartment than 

the water column. Thus, to achieve a better understanding of the bioavailable 

levels of trace metals in the water column, the labile concentrations of trace 

metals should be investigated as well. To compensate such lack, this research 

work focuses on the assessment of labile, total dissolved and particulate trace 

metals in estuarine and marine waters. 
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Figure 1.8: Summary of trace metal levels in the North and Baltic sea, and in 

the Scheldt Estuary, as these zones are investigated in this research work. 

Distinction is made between particulate, dissolved and labile values. The data 

come from scientific studies published between 1981 and 2020, with 

measurements made in the water column. 
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1.4. Sampling and chemical analysis of trace metals and their speciation 

in marine environments 

For a comprehensive examination of aquatic environments, a wide range of 

methods and instruments can be used for the sampling and analysis of trace 

metals in all the compartments (water column, sediment). Today, these 

techniques need to allow both direct evaluation of the fate and level of 

pollutants, and the evaluation of their toxicity and impact towards ecosystems 

(Zabiegała et al., 2010). However, and due to specificities of seawater 

matrices, the determination of trace metal concentrations in the water column 

can be a very challenging task. Firstly, their concentration is relatively low in 

marine environments (W. Baeyens et al., 1998): making their detection by 

most analytical instruments quite difficult. To get around this issue, 

techniques in analytical chemistry endeavored to develop instruments of 

higher precision (lowering the detection limit), or novel methods of sampling 

and measurements which would isolate the species of interest and 

preconcentrate them (Huysman, 2019; Komjarova and Blust, 2006). 

Secondly, the complexity of the seawater matrix is often another source of 

troubles: for instance, the salt matrix increases the risk of chemical 

interferences during measurement. It also increases the risk of crystallization 

and clogging of instrument tubing, eventually damaging some parts of the 

analytical device. To overcome this second issue, the samples can be diluted, 

but only to a certain extent as the concentration of dissolved trace metals might 

be already low. Commonly, preconcentration systems are therefore used for 

their capacity to simultaneously remove the salt matrix as they isolate the 

targeted analytes. 

Direct dilution of the samples is still foreseeable when the salinity is low and 

when the analytical instrument used provides high-resolution measurements. 

In any other case, advances made in analytical chemistry have allowed various 
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techniques to emerge: sample pretreatment methods like preconcentration 

(liquid-liquid extraction, solid-phase extraction) and coprecipitation, or 

passive sampling methods, or analytical methods (electrochemistry, mass 

spectrometry), or even biomonitoring methods (i.e. the use of organisms to 

assess the environmental contamination) (Menegário et al., 2017; Gao et al., 

2019; Holmes et al., 2019; Jacks and Nystrand, 2019; Richir, 2016; Companys 

et al., 2017). All these techniques have made a significant contribution to the 

understanding of trace metal biogeochemistry in aquatic environments, 

unraveling many mysteries around trace metal distribution and speciation in 

seawater. 

However, as many techniques exist, it often becomes a maze to select the most 

appropriate one. Liquid-liquid extraction technique are more and more 

neglected, because they often involve environmentally unsafe reagents. 

Whereas, solid-phase extraction using cation-exchange principle like resins 

are ever more preferred for the determination of dissolved trace metal in water, 

in the same way as electrochemistry (i.e. voltammetry). In addition, innovative 

tools like passive samplers are more and more used in the field, to assess labile 

concentrations of trace metals and highlight their speciation. Thanks to 

research progress, analytical advancements and increasing public concern, 

trace metals have been widely and steadily studied, and the quality of their 

measurement improved. The detection limits of many analytical methods 

have, for instance, been first extended to the µg L-1 level (Batley and Gardner, 

1977) and further to the ng L-1 (Ali and Aboul-Enein, 2006; Mirzaei et al., 

2011). The following part presents the most commonly used sampling, 

pretreatment and analytical techniques for measuring trace metals in marine 

environments, including the ones applied in this work. 
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1.4.1. Sampling procedures 

Sampling is one of the most sensitive steps of the whole measurement 

procedure, in terms of sample contamination risks. In environmental 

monitoring, two kinds of sampling approaches coexist: the active and the 

passive sampling. On the one hand, the active sampling, also known as spot 

or grab sampling, is the conventional method (Mills and Gravell, 2015): based 

on a sample collection at one point in space and in time, this approach thereby 

provides a “snapshot” of information. On the other hand, the passive sampling 

technique results from the in situ deployment of a device accumulating 

chemical pollutants from the aquatic environment over time and provides a 

time-weighted average information (Górecki and Namieśnik, 2002; Zabiegała 

et al., 2010). 

1.4.1.1. Active sampling 

Active sampling allows to capture the dissolved species as well as the mass 

of analytes associated with suspended particulate matter including colloidal 

organic matter (Supowit et al., 2016). It offers the advantage of brief sampling 

durations, much shorter than those required by passive sampling techniques 

which rely, for most of them, on deployment strategies for days (Supowit et 

al., 2016). The main drawback of such sampling is linked to the “snapshot” 

information gained on the pollutant level which could induce 

misunderstanding if the concentration fluctuates a lot (Mills and Gravell, 

2015). In practice, clean bottles (e.g. Go-Flo, Niskin-X) are usually used to 

sample the seawater, which is then filtered in order to separate the dissolved 

and particulate phases. The filtration is commonly undertaken using 

membrane filters (0.45 µm pore size). The filtered seawater can be stored in 

clean PE or Teflon bottles at 4°C, acidified with 0.2% distilled HNO3 and 

further used for total dissolved concentration assessment (see 1.4.2.1 and 
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1.4.3; Batley and Gardner, 1977; Colombo et al., 2019; Elderfield et al., 2006; 

Gillain et al., 1979). Finally, filters can be stored at -20 °C before treatment 

for particulate concentration measurements (see 1.4.2.2). 

 

1.4.1.2. Passive sampling 

1.4.1.2.1. Generalities on passive samplers 

Passive sampling techniques are becoming more and more popular in 

environmental monitoring, mainly thanks to their ability to (i) preconcentrate 

trace elements and eliminate most of the matrix; (ii) produce time-averaged 

concentrations instead of spot concentrations (i.e. active sampling); and (iii) 

enable in situ preconcentration. Indeed, passive samplers allow to combine 

sampling, trace metal extraction and preconcentration into a single step 

(Górecki and Namieśnik, 2002). In addition to active sampling techniques 

described in 1.4.1.1, passive samplers permit a more comprehensive 

understanding of trace metal speciation. They rely on the free flow or diffusion 

of analytes from the solution to the receiving phase (i.e. binding phase inside 

of the passive sampler), via a diffusion barrier or a membrane (Zabiegała et 

al., 2010). The targeted compounds accumulate on the device over time due 

to a concentration gradient, which finally gives a time-weighted average 

concentration in the environment (Amato et al., 2018; Charriau et al., 2016; 

Huysman, 2019; Salim and Górecki, 2019). The passive samplers can be either 

directly deployed in the water column and retrieved later or deployed in 

snapshot samples (e.g. liters collected during fieldwork and brought back to 

the laboratory). Table 1.4 gives an overview of existing passive sampling 

techniques in aquatic environment monitoring. 
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Table 1.4: Comparison of different passive samplers that have been used for 

sampling trace metals in aquatic matrices (adapted from Vrana et al., 2005) 

  
Diffusing and receiving 

phase 

Measurable 

elements 

Sampling 

purpose 

Deployment 

time 

Sample 

treatment 

for 

chemical 

analysis 

Chemcatcher 

Immobilized chelating 

acceptor resin on a 

PTFE base, cellulose 

acetate membrane filter 

acting as a thin 

diffusion layer 

Cd, Cu, Ni, 

Pb and Zn 

in situ sampling, 

integrative, 

speciation 

14 days to 1 

month 

acid 

extraction 

Diffusive 

Gradients in 

Thin-films 

(DGT) 

2 layers of acrylamide 

gel in a holder device, 

one is an acceptor 

phase, the other is a 

diffusion layer 

55 metallic 

elements 

Integrative, 

speciation, 

screening, 

imitating 

biological uptake 

days to 

weeks 

acid 

extraction 

Permeation 

Liquid 

Membrane 

(PLM) 

Microporous 

hydrophobic support 

separating test solution 

from receiving solution 

Cu, Pb 
Bioavailable 

metal species 
hours 

solvent 

extraction 

Supported 

Liquid 

Membrane 

(SLM) 

Strip solution with 

strong complexing 

agent separated from 

the test solution by a 

macro-porous 

hydrophobic membrane 

Doubly 

charged 

cations 

Integrative, 

preconcentration, 

imitating 

biological 

membranes 

days 
solvent 

extraction 

Stabilized 

Liquid 

Membrane 

Device 

(SLMD) 

LDPE lay-flat tubing 

containing an acidic 

solution with high 

affinity for the target 

elements 

Divalent 

metal ions 

Preconcentration, 

in situ sampling, 

determination of 

labile metals in 

grab samples 

days to 

weeks 

acid 

extraction 

 

Most of passive sampler calibration necessitates equilibrium or linear uptake 

isotherms, which is often enhanced by the use of Performance Reference 

Compounds (PRC) for quality control (Supowit et al., 2016), besides the 

hydrogel technique of Diffusive Gradients in Thin-films (DGT) used in this 

study. 
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1.4.1.2.2. Diffusive Gradients in Thin-films 

(DGT) 

The DGT technique turns out to be a relevant tool for environmental studies, 

mainly thanks to its use as a proxy for assessing element bioavailability 

(Davison, 2016a; Li et al., 2019; Slaveykova et al., 2009; Zhang et al., 2014). 

Placed in situ (here, in the water column; Baeyens et al., 2011; Zhang and 

Davison, 1995), this passive sampler relies on the controlled diffusive 

transport of the targeted analytes and results in the measurement of labile 

fractions of trace metals (free or weakly complexed ions), an ecologically 

relevant fraction (see 1.2.2). However, just like bioavailability and toxicity are 

species-dependent (see 1.3.1), the assessed labile concentrations are 

technique-dependent. Thus, the DGT technique allows the measurement of a 

DGT-labile concentration of trace metals, which, for simplicity, will be 

designated as labile concentrations in the further chapters. DGTs have several 

advantages over conventional monitoring methods, and labile concentrations 

determined by DGTs are recognized to provide a better scientific basis for risk 

assessment (Davison, 2016a; Väänänen et al., 2018; Wang et al., 2018; Xu et 

al., 2019). 

In practice, the device is composed of a filter and two hydrogel layers: a 

diffusive hydrogel that is backed up by a second one containing the metal-

selective accumulative resin (figure 1.9a). 
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Figure 1.9: Diffusive Gradients in Thin-films (DGT) device (a), and 

schematic cross-section when deployed (b), showing the steady-state 

concentration gradient. The diffusive layer is shown as a single layer of gel 

but contains a diffusive hydrogel layer and a filter (adapted from Zhang and 

Davison, 1995). 

 

The DGT piston (DGT research®) consists of a round plastic molding (a cap 

and a piston base, both assembled), holding together successive layers, which 

are, for most cationic trace metals: a 0.45 µm pore size cellulose acetate 

membrane filter (0.125 mm thick), a polyacrylamide diffusive hydrogel (0.8 

mm thick) and finally a binding Chelex®-100 resin gel (0.4 mm thick). From 

the total mass of accumulated metal on the resin during deployment, the 

average DGT-labile trace metal concentration can be calculated following 

Fick’s law (Eqn 1.1), assuming perfect sink conditions (i.e. all metal ions 

arriving at the interface between the diffusive hydrogel and the resin gel are 

immediately bound to the resin): 

𝐶𝐷𝐺𝑇 =
𝑚 × ∆𝐺

𝐷 × 𝐴 × 𝑡
      Equation 1.1 

where CDGT is the DGT-labile metal concentration in the seawater in µg L-1, 

m is the trace metal mass accumulated on the resin gel in µg, ΔG is the total 

thickness of the diffusive domain in cm [diffusive gel, membrane filter, 
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Diffusive Boundary Layer (DBL; fig. 1.9b)], D is the diffusion coefficient of 

the trace metal in E-6 cm2 s-1, A is the DGT piston window area in cm2 and t is 

the deployment time of the piston in s. 

With the development of Diffusive Gradients in Thin-films probes (DGT), the 

estimation of trace metal bioavailability in natural waters became possible, 

thanks to its pore size limitation, the diffusive layer and the selective resin 

(Davison, 2016a; Estrada et al., 2017; Paller et al., 2019; Pelcová et al., 2018). 

At a wider scale, their use in the future would be ideal to adapt the existing 

environmental quality standards of the WFD. Passive sampling techniques 

succeeded in establishing themselves in environmental research, as they 

greatly simplified sample collection and treatments and as they are now 

considered as a powerful tool for speciation analysis, risk assessment or even 

bioavailability forecast in the case of DGT (Supowit et al., 2016; van Leeuwen 

et al., 2005). Using passive samplers offers non-negligible advantages as a 

low-tech and cost-effective monitoring systems. Indeed, they do not require 

power (i.e. electricity), significantly reducing the cost of analyses, and it 

ensures the protection of samples against degradation during transport, 

storage, and treatment (Namieśnik et al., 2005; Zabiegała et al., 2010). In 

addition, it helps to avoid visiting the sampling sites multiple times to collect 

representative samples (Zabiegała et al., 2010). Last but not least, passive 

samplers like DGT allow the detection of labile fractions at very low 

concentrations in aquatic environments (Namieśnik et al., 2005). In 

conclusion, passive sampling shows three main interests: preconcentration 

(analytical relevance), temporal variation determination (environmental 

relevance), speciation investigation (both analytical and environmental 

relevance). However, few drawbacks need to be considered when using such 

sampling techniques in aquatic environments: biofouling (i.e. accumulation of 

microorganisms, plants, algae, or animals on the sampling device surfaces) 
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usually happens after two weeks of deployments in waters and may cause a 

bias in calculations (Mills and Gravell, 2015; Uher et al., 2012). In addition, 

it is necessary to assess the Diffusive Boundary Layer (DBL) forming in front 

of the DGT device, which can have significant impact on the final results in 

less dynamic environments (i.e. low flow conditions; Uher et al., 2013). 

Moreover, the deployment time might be limited depending on the binding 

phase capacity and the trace metal concentrations in the studied environment 

(i.e. saturation) (Brumbaugh et al., 2002). On the field, specific attention must 

be paid to the complete submersion of the device during the whole deployment 

time, especially in tidal environments. Finally, longer deployment time could 

increase the risk of losing the samplers, which is quite usual in turbulent areas. 

At last, active and passive sampling techniques are complementary and enable 

to obtain comprehensive information on trace metal speciation in the marine 

environment (Huysman, 2019; Schintu et al., 2008; Uher et al., 2018). 

 

1.4.2. Pretreatment methods 

1.4.2.1. Solid-Phase Extraction (SPE) 

Solid-Phase Extraction (SPE) is nowadays widely used for extraction of 

dissolved trace metals in complex aquatic matrices and is a good example of 

preconcentration methods following an active sampling (see 1.4.1.1; 

Giakisikli et al., 2016; Granado-Castro et al., 2018; He et al., 2017; Huysman, 

2019; Parham et al., 2009; Poole, 2002; Simpson, 2000; Thurman and Mills, 

1998; Tuzen et al., 2005; Zhu et al., 2016). In order to cope with seawater 

features, SPE is used to simultaneously preconcentrate the analytes and 

remove the salt matrix (Figure 1.10; Stockdale, 2005; Watkinson, 2008), using 

an appropriate sorbent phase to which dissolved trace metals from a filtered 

and acidified seawater sample will bind. 
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Figure 1.10: Schematic steps of a SPE procedure (adapted from Watkinson, 

2008) 

 

In most cases, cation-exchange resins are used as a sorbent phase (i.e. 

Chelex®-100, 8-Hydroxyquinoline, etc.) to which dissolved trace metals can 

be bound (Orians and Boyle, 1993; Soylak, 2004; Stockdale, 2005). Such SPE 

is then often followed by analyses with Inductively Coupled Plasma-Atomic 

Emission Spectrometry (ICP-AES; Abbasse et al., 2003; Liang et al., 2004; 

Rao et al., 2006), or with Inductively Coupled Plasma-Mass Spectrometry 

(ICP-MS, see 1.4.3.1; AlSuhaimi et al., 2019; Dierssen et al., 2001; Wang et 

al., 2014a). 

1.4.2.2. Acidic digestion of SPM 

As mentioned in 1.4.1.1., the filters used in the filtration allow to collect 

Suspended Particulate Matter (SPM) from the water samples and can further 

be used to measure particulate trace metal concentrations. The filters are 

generally weighed before the filtration and rinsed with Milli-Q water after the 

filtration to remove the salt. They are then dried under a laminar flow hood or 
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in an oven at 60 °C for 12 hours and weighed again to obtain the amounts of 

SPM (Loring and Rantala, 1992). Various procedures exist for the treatment 

of the filters and their SPM deposits, and they all aim at decomposing the SPM 

retained on the filters by digestion processes. The total digestion method 

consists in using a mixture of strong acids (HF, HCl, HNO3 and HBO3). A 

similar digestion can be carried out, only using Aqua Regia (HNO3 and HCl). 

During these both digestion procedures, the filters do not decompose 

(polyvinylidene fluoride membrane, hydrophilic), but only SPM is digested 

(Yeats and Dalziel, 1987). The resulting solutions are finally stored, further 

diluted and analyzed using flame or graphite furnace AAS, ICP-AES or ICP-

MS (see 1.4.3.1), depending on the compounds of interest and the demanding 

limits of detection (Akcay et al., 2003; dos Passos et al., 2018; Fick et al., 

2018; Loring and Rantala, 1992; Sandroni et al., 2003; Santoro et al., 2017). 

 

1.4.3. Analytical techniques 

1.4.3.1. Instrumental analysis by Inductively Coupled 

Plasma-Mass Spectrometry 

Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) has become a 

pillar instrument in trace metal research. This powerful tool gathers a good 

sensitivity, low detection limits, high analysis rate, low sample consumption, 

wide range of concentrations and multi-element capability (Ray et al., 2004). 

It has been already successfully applied to the simultaneous determination of 

various metallic elements in water (Arslan et al., 2018; Dundar and Altundag, 

2018; Gaillardet et al., 2003; Sekhar et al., 2003; Warnken et al., 1999; Xing 

et al., 2019). The following sections give an overview of its principle and basic 

functioning. 
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1.4.3.1.1. Sample and standard preparation 

Nowadays, sample introduction systems for the analysis of gaseous, liquid and 

solid samples have been developed (Komjarova, 2009), but as it is the case for 

most ICP-MS applications and for this research work in particular, only the 

principle for liquid samples will be described here. Before their introduction 

in the ICP-MS, the samples must be in a liquid form: either from digested solid 

samples, or eluted samples, filtered and acidified samples, etc. Depending on 

the expected concentrations of the elements of concern and/or the chemical 

composition and concentration of eluents (for instance, very acidified 

samples), the liquid samples can be diluted prior to analysis, in order to protect 

the instrument tubings and/or to be consistent with the calibration range. 

Meanwhile, various points should be taken into consideration regarding 

sample handling and preparation. First, and as only few mL of samples will 

be used by the ICP-MS, care must be taken to ensure that the collected samples 

are all representative of the bulk material (Raja and Barron, 2019). In addition, 

contamination prior to measurements by ICP-MS constitutes a serious 

concern: especially, when the targeted analytes are expected to be present at 

very low concentrations in the samples. Thus, the samples should be prepared 

as close as possible to the ICP-MS, under a laminar flow hood of a clean room 

(Raja and Barron, 2019; United States Department of Agriculture, 2018). For 

instance, and even with these precautions, it has not been possible to consider 

Zn in this work. 

Concerning the standard preparation, they can be obtained by direct 

dissolution of the targeted metal or metal salt, in an appropriate acid solution. 

Another way was followed here: acidified multi-standards solutions were 

purchased commercially and diluted to different desired concentration levels. 

The latter were further used to make a calibration curve. The more standard 

with different concentrations (in the range of the sample concentrations), the 
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more accurate the measurements will be (Raja and Barron, 2019). Additional 

quality controls can be carried out by measuring certified reference materials 

such as SLRS-6 (river water; National Research Council Canada), MESS-3 

(marine sediment; National Research Council Canada), IAEA-405 (estuarine 

sediment; International Atomic Energy Agency), etc. 

1.4.3.1.2. Overall functioning 

ICP-MS gathers an ion-generating argon plasma source with the sensitive 

detection limit of mass spectrometry detection (Raja and Barron, 2019). 

Overall, the instrument encompasses six components: a sample introduction 

system, an ion source represented by the plasma torch, an interface, ion optics, 

a mass/charge separator and a detector (Figure 1.11; Komjarova, 2009). 

 

 

Figure 1.11: Schematic representation of basic ICP-MS components (adapted 

from Thomas, 2013) 

 

In practice, the sample of interest is pumped at 1 mL/min with a peristaltic 

pump into a nebulizer, where it is converted into a fine aerosol thanks to argon 

gas supply at about 1 L/min (Thomas, 2004). This is the sample introduction 
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system. Next, the droplets of the formed aerosol are separated into smaller and 

larger ones in the spray chamber, where only the small droplets are retained 

in the aerosol which is then transported to the plasma torch via an injector 

(Thomas, 2004). Through the plasma torch, the fine aerosol is ionized by a 

high-temperature plasma induced by an electromagnetic field and generates 

ions (Komjarova, 2009; Thomas, 2004). Once formed, the ions are transported 

to the mass spectrometer through a first interface composed of two sequential 

cones: the sampler and the skimmer which enable the transport of ions to the 

ion optics and the mass separation device, from atmospheric pressure at 

around 8000K to vacuum at room temperature (Thomas, 2004). The ions are 

then transported across a sequence of electrostatic lens: the ion optics, which 

allow the separation and isolation of cations from photons, particulate, 

negatively charged and neutral species. Thus, only the cations will reach the 

mass analyzer where they are divided according to their mass-to-charge ratio 

(Komjarova, 2009; Thomas, 2004). In this study, measurements were made 

with a High-Resolution ICP-MS (HR-ICP-MS, Thermo Finnigan Element II). 

Thus, the mass analyzer used is a double focusing magnetic sector (not shown 

on Figure 1.14). The very last step involves an ion detector (e.g. Faraday cup, 

discrete dynode electron multiplier), counting individual ions exiting the 

quadrupole and converting the ions into electrical pulses. The intensity of the 

latter are recorded and correspond to the ion amount present in the original 

sample (Thomas, 2004). 

1.4.3.2. Electrochemical voltammetry 

Electrochemical voltammetry is another method that can be used for 

measuring trace metals in aquatic environments. Numerous voltammetric 

techniques have been applied for measuring dissolved trace metals in aquatic 

matrices and for metal speciation analyses (Achterberg and Braungardt, 1999; 

Bruland et al., 1985; Colombo and van den Berg, 1997; Maity et al., 2017; 
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van Leeuwen et al., 2005). These are sensitive and rapid methods based on the 

measurement of a current, resulting from the reduction or oxidation of 

compounds present in solution under the effect of controlled variations of the 

potential between two specific electrodes (Bedioui, 1999). A voltammetric 

device consists of two components: a cell equipped with a set of three 

electrodes (1 working electrode, 1 counter electrode and 1 reference electrode, 

Figure 1.12), and an electronic circuit called potienstat-galvanostat, which 

allows to control or measure the current and potential. 

 

Figure 1.12: Schematic voltammetric cell (adapted from Louis, 2008) 

 

In the case of Anodic or Cathodic Stripping Voltammetry (ASV or CSV, 

respectively), the trace metal of interest is pre-concentrated for several 

minutes by electro-deposition on a working electrode, such as on a mercury 

drop or film electrode (Figure 1.13; Farghaly et al., 2014). The quantification 

is finally performed by anodic or cathodic redissolution (van Leeuwen et al., 

2005) and a standard addition calibration curve is often chosen for such 
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techniques. In addition, the selectivity is ensured by electrochemical reactions 

located at known potentials. 

Even though electrochemistry can in certain cases allow simultaneous 

determination of trace metals, voltammetric determinations are often labor 

intensive (Komjarova, 2009). 

 

Figure 1.13: Scheme of Anodic Stripping Voltammetry (retrieved from 

Palmsens BV). After accumulation, during the stripping phase, every element 

oxidizes on the electrode surface at a specific potential. Every time an element 

is oxidized, an electrical current is measured by the potentiostat. 

 

1.5. Objectives of the PhD research work 

1.5.1. Research plan 

This work fits directly into the application of the Water Framework Directive 

"Strategy for marine environments" which aims to limit the impact of 

pollutants on the environment. This PhD research is devoted to a monitoring 

improvement of our seas and oceans, and, above all, to establish a picture of 

coastal marine ecosystems regarding the presence of different metallic 

pollutants. Specifically, contamination of marine systems by some trace 

metals (Cd, Co, Cr, Cu, Fe, Mn, Ni, Pb), their speciation and bioavailability 
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are the main contents of this research. In the water column, the bioavailability 

of trace elements is well represented by the labile concentration which 

constitutes a part of the dissolved fraction of trace metals (Baeyens et al., 

2018a). So far, numerous coastal studies were only focused on the 

measurement of particulate and dissolved trace metals (Gao et al., 2013; 

Scoullos et al., 2007; Tankere and Statham, 1996). In addition, the 2013 EQS 

Directive (2013/39/EU) which defines the EQS, only considers dissolved 

concentrations of trace metals. They do not consider the chemical speciation 

of elements, yet as important as their actual concentrations in the environment. 

Thus, a need of new EQS is pertinent, because toxicity depends on the 

speciation of element as well and not only on their concentrations and because 

defining new standards will improve our understanding of the whole 

functioning of aquatic ecosystems. Providing advanced data on their labile 

concentrations could ideally help building new EQS based on their potential 

bioavailability, and not only on their total dissolved fractions. However, there 

are only few studies on labile trace metal assessment in transitional and coastal 

environments. This research work endeavors to fill this gap. 

To investigate the geochemical behavior of trace metals in marine 

environments using the DGT technique, many field campaigns have been 

organized: notably in the North Sea and on the Scheldt estuary, but also in the 

Baltic Sea, aboard scientific vessels equipped with laboratories and sampling 

equipment. In addition, a study has also been done only on particulate metal 

behavior depending on tidal cycles. Concurrently and for some campaigns, 

SPM has been characterized to better understand particulate trace metal 

behavior, and its origin has been traced back by measuring its stable isotope 

content (C and N), as organic matter of natural and anthropogenic origins 

shows different isotopic signatures. 



46 

 

1.5.2. Scope, novelty and research impact 

In this research work, approaches based on passive samplers are developed: 

for chemical exposure (monitoring) as well as for the evaluation of the 

biological risk. Particulate and total dissolved concentrations, but also the 

labile (i.e. bioavailable) fraction of trace metals are determined, providing a 

better understanding of trace metal speciation in marine environments and a 

better prediction of ecological risk. This innovative approach enables (i) to 

improve measurements of metallic contamination in marine environments by 

taking into account their concentrations and speciation (ii) to assess 

anthropogenic chemical pressures on coastal and transitional ecosystems and 

(iii) to participate in the development of new European assessment criteria for 

aquatic environments under the Marine Strategy Framework Directive. This 

work also participates in developing a toolbox for monitoring anthropogenic 

pressures on estuarine and coastal ecosystems, since these water bodies are 

relevant to the WFD. It assists in the development and validation of extensive 

and integrated procedures for aquatic monitoring and risk assessment at a 

European level; vital levers to meet European regulatory requirements (WFD, 

MSFD) and regional commitments (OSPAR, HELCOM Convention). 

1.5.3. Thesis structure 

Pollutants such as trace metals transferring to the environment from different 

anthropogenic activities are of worldwide concern. Their accumulation and 

biogeochemical behavior in the water column of different estuarine and 

coastal environments were thoroughly investigated to evaluate their fate and 

potential risks. Figure 1.14 summarizes the thesis structure. 

Located between Belgium and the Netherlands, the Scheldt estuary is a semi-

enclosed embayment with fresh river water coming from the inland and saline 

water entering from the North Sea. In the last decade, only few research 
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studies focused on trace metal speciation along this transitional environment. 

Chapter 2 fills this gap of knowledge and additionally explores the 

application of passive sampling techniques to assess trace metal availability 

along a horizontal transect. Estuaries are the typical interface between inland 

waters and marine environments. Whether they are subject to tide influences 

or not, the future of elements transported by the rivers will be determined at 

their level. Wide variations of physicochemical parameters are usually 

observed in these interfaces, and consequently strongly influence the 

distribution of trace metals between the dissolved and the particulate phase. 

Concentration gradients of bioavailable, dissolved and particulate trace metals 

were investigated (from the upper part of the estuary to its mouth) and 

compared through a timeline from the early 80’s. Chapter 2 is an adaptation 

of the paper named “Investigation on trace metal speciation and distribution 

in the Scheldt estuary”, accepted for publication in Science of the Total 

Environment in November 2020. 

Chapter 3 extends the work done in Chapter 2 by offering an overview of 

trace metal speciation along the Belgian Coastal Zone (BCZ). Located 

offshore of the Scheldt estuary, the BCZ is an interesting place to study trace 

metals, because of the variety of anthropogenic inputs influencing the water 

composition (atmospheric deposition, direct wastewater discharge from 

coastal industries and the Scheldt estuary). The idea, here, was to define the 

chemical anthropogenic pressure on Belgian coastal environments by 

monitoring the trace metal levels, by studying their speciation and also by 

tracing the SPM towards their origin, using isotopic measurements of carbon. 

Chapter 3 is an adaptation of the paper named “Trace Metal Speciation in 

North Sea Coastal Waters”, published in Science of the Total Environment in 

November 2019 (Gaulier et al., 2019a). 
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Not only in estuaries but also along the coasts, tidal cycles strongly influence 

SPM transport, trace metal distribution and physicochemical parameters such 

as pH, salinity, turbidity, etc. Chapter 4 presents a specific research work on 

the behavior and transport of particulate trace metals and SPM, regarding 

monthly tidal cycles over the Belgian Coastal Zone. Like initiated in Chapter 

3, the SPM composition is thoroughly described by measuring their carbon 

and nitrogen contents, along with their stable isotope ratio. 

Leaving the Belgian waters, Chapter 5 offers a focus on the Baltic Sea 

through a study on trace metal speciation regarding depth and redox gradients. 

The deep and anoxic waters of the Eastern Gotland Basin generate large 

variations of physicochemical parameters from the surface to the bottom, 

influencing trace metal distribution and speciation. Concentration gradients of 

bioavailable, dissolved and particulate trace metals were investigated, from 

surface-oxygenated waters to deep-anoxic ones, on both Swedish and Latvian 

waters. 

Finally, Chapter 6 serves as a general conclusion of the previous chapters and 

offers further discussions and research perspectives. 

At the time of writing, only Chapter 2 and 3 (and the annex) have been 

published. However, all the chapters are currently in preparation for 

submission in international journals as well. 
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Figure 1.14: Conceptual framework of this research work 

 



 

 

 

 

 

 

 

 

 

Chapter 2 

 Investigation on trace metal 

speciation and distribution in the 

Scheldt Estuary   
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Investigation on trace metal speciation and 

distribution in the Scheldt Estuary 

Adapted from Gaulier C., Zhou C., Gao Y., Guo W., Reichstädter M., Ma T., 

Baeyens W., Billon G. Accepted for publication in Science of the Total 

Environment in November 2020. 

Abstract 

The biogeochemical behavior of Cd, Co, Cr, Cu, Ni and Pb along the historically 

polluted Scheldt estuary (Belgium - The Netherlands) was investigated in this study. 

As never studied before in this area, labile trace metals were measured using the 

passive sampling technique of Diffusive Gradients in Thin-films (DGT), while total 

dissolved and particulate trace metal concentrations were assessed using classic active 

sampling techniques. This dual approach allowed us to highlight the variations of trace 

metal speciation and distribution in the estuarine surface waters, considering 

environmental and physicochemical gradients along the transect. The large data set 

obtained was then compared with literature data of historical measurements along the 

Scheldt (from 1980 until now), but also from other estuaries. As emphasized by our 

results, trace metal mobility and partitioning along the Scheldt estuary was mainly 

driven by biogeochemical reactions which were strongly influenced by gradients of 

specific estuarine physico-chemical parameters, such as salinity, turbidity, 

temperature and so on. Hence, all species of trace metals displayed a non-conservative 

behavior. More precisely, dissolved labile fractions of trace metals showed higher 

levels in the middle estuary, where many solubilization and remobilization processes 

occurred due to turbulent mixing mechanisms and an increasing salinity. Our study 

confirmed the decreasing trend historically observed for particulate metals along the 

Scheldt, as well as the rising concentrations recorded for dissolved trace metals which 

might also lead to an increase of their labile fraction measured by the DGT. Finally, 

these preliminary results suggested that a more regular monitoring of labile metal 

along the Scheldt estuary is essential to have an in-depth understanding of trace metal 

speciation and to review bioavailability of trace metals within estuarine ecosystems. 

Keywords: Biogeochemical cycle, Trace metal speciation, DGT, Non-conservative, 

Scheldt estuary   
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2.1. Introduction 

In Europe, no fewer than 70 000 km of coastline boards marine environments. 

European littoral zones gather 40% of its total inhabitants and represent as 

well 40% of its economy (European Environment Agency, 2013), highlighting 

its importance as a human resource. Estuaries often stride along these coasts 

and form ecotones: connecting land and ocean, freshwater and seawater 

(Hobbie, 2000; Meire et al., 2005). Whether they are subject to strong tide 

influences or not, they are highly productive systems and are homes for 

important biomes (Meire et al., 2005). Moreover, they play an important role 

in determining the future and fate of many elements transported by rivers. 

Historically, estuaries have been major sites for the development of strong 

anthropogenic activities, driven by industry, agriculture, fishery and tourism 

as well (European Environment Agency, 2008; Förstner and Wittmann, 2012). 

Discharges of chemical compounds such as trace metals (transported by rivers 

and tributaries, but also metal-rich effluents along estuary shores) pass, 

deposit and accumulate in the water column and sediments of estuaries 

(Förstner and Wittmann, 2012), where they eventually take various forms 

(free ions, labile or complexed, associated with particles, colloids, etc.) (Diop 

et al., 2014; Gonzalez et al., 2007; Illuminati et al., 2019). They can deposit 

via sedimentation and accumulate along the estuarine bed (da Silva et al., 

2017). They can also enter the water column either by surface processes 

(atmospheric deposition, flow from rivers) or by sediment resuspension (tides, 

marine traffic and dredging activities), leading to the remobilization of 

metallic contaminants (Peres et al., 2016). Along estuaries, natural 

modification of physicochemical parameters (pH, turbidity, oxygen, salinity, 

etc.) and biological processes also influence the mobility and bioavailability 

of these trace metals in the estuarine ecosystem (Bianchi, 2007; Du Laing et 

al., 2009; Folens and Du Laing, 2017). 
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At the European scale, the Scheldt estuary drains a basin considered as highly 

industrialized and goes through major urban and harbor areas like Antwerp, 

Ghent (Belgium) and the Netherlands. The total Scheldt river basin forms one 

of the most populated and industrialized river basin in Europe (Baeyens, 1998; 

De Neve et al., 2020) with a very high economic activity but also an important 

biological value (Meire et al., 2005). Past and present wastewater discharge 

and historical metal pollution from industries and refineries have strongly 

affected the environmental quality of this coastal ecosystem (Baeyens et al., 

2005; Deycard et al., 2014). Historically, many surveys endeavored to 

measure dissolved and particulate trace metals along the Scheldt estuary and 

further along the Belgian coasts (Baeyens, 1997; Baeyens et al., 2005, 1998, 

1987; Duinker et al., 1982; Gao et al., 2013; Regnier and Wollast, 1993; 

Teuchies et al., 2013; etc.). However, to our knowledge, none of them 

attempted to report the labile contents of trace metals, yet the most 

bioavailable and hazardous fraction in the water column (Gao et al., 2019; 

Linnik et al., 2018; Simonsen et al., 2019; Tusseau-Vuillemin et al., 2007). 

Moreover, if dissolved and particulate trace metal levels have been indeed 

investigated for a long time in the Scheldt, a monitoring gap seems to appear 

since 2010 (due to the lack of project funding). To fulfill such lack of 

knowledge and to achieve an advanced understanding of trace metal 

speciation and distribution along the Scheldt estuary, this work assessed 

labile, dissolved and particulate trace metals in the surface estuarine waters. 

Especially since trace metal bioavailability and consequently toxicity mainly 

depend on their speciation rather than on their total concentration only 

(Aldana et al., 2018; Allen and Hansen, 1996; Landner and Reuther, 2004). 

In a nutshell, this study focuses on the distribution, transport and partitioning 

of six trace metals (Cd, Co, Cr, Cu, Ni, Pb) in the highly urbanized Scheldt 

estuary. The objectives of this research are (i) to assess the metal 
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contamination and fluxes released into the Scheldt estuary, (ii) to discuss the 

speciation and potential fate of these trace metals along the estuarine system, 

regarding various biogeochemical gradients and (iii) to project our results over 

a timeline from the early 80’s and on a European scale. 

 

2.2. Material and methods 

2.2.1. Chemicals and materials 

To clean and prepare all materials including Glass, PE and Teflon bottles, 

Teflon and glass plates, nitric acid (HNO3; Fisher, Trace Metal Grade, 65%), 

distilled nitric acid (HNO3; Fisher, Trace Metal Grade, 65%; distilled in the 

laboratory), Milli Q water (Millipore) were used. For the DGT preparation, 

Chelex®-100 (Bio-Rad, 200-400 mesh size), cross-linker (DGT Research, 

Lancaster), acrylamime (40%, Merck), ammonium persulfate (APS; Merck), 

tetramethylethylenediamine (TEMED; Merck, > 99%), DGT pistons (caps 

and bases, DGT research, Lancaster), 0.45 µm-pore size filter membranes 

(Merck Millipore, Durapore®, 0.45 µm PVDF Membrane, HVLP grade) and 

NaCl (Merck, Suprapur) were used. To elute the DGT resin gels, 1M HNO3 

was prepared by diluting 63 mL HNO3 (Fisher, Trace Metal Grade, 65%) into 

937 mL Milli Q water. For sample digestion, distilled nitric acid, Milli Q water 

(Millipore), HCl (Fisher, Trace Metal Grade, 37%), HF (Fisher, Trace Metal 

Grade, 40%) and H3BO3 (Fisher, Trace Metal Grade, 4% w/v) were used. 

2.2.2. Study site 

The Scheldt estuary is formed by the rivers Rhine, Meuse, and Scheldt 

(Wollast, 1988). It ends up in the North Sea and is one of the European 

estuaries where the tidal strength has the most influence (Vlaams Instituut 

voor de Zee, 2012). The estuary starts from the city of Vlissingen (km 0: 

mouth, the Netherlands) and extends to the city of Ghent (km 160: upper part, 
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Belgium), with a mean depth of 10 m and a funnel shape (Figure 1). It is a 

typical tide-dominated estuary (Scanes et al., 2017). More precisely, it exhibits 

an intricate morphology composed of flood- and ebb-channels, large intertidal 

flats and salt marshes (Meire et al., 2005). The estuarine zone is defined by 

water salinity (brackish to seawater) and also by significance of tidal 

influences. In Ghent, a series of locks limiting the tide influence are 

considered as the boundary of the upper-Scheldt river. The longitudinal 

salinity of the estuary is mostly determined by the importance of the river 

discharges. As the Scheldt estuary is a relatively shallow and well-mixed 

system, vertical salinity gradients are minor or insignificant (Soetaert et al., 

2006; Van Damme et al., 2005). In this mixing zone, pollutant transport is 

widely controlled by the long residence time of the water masses. This entails 

a high stagnancy of contaminants in the water column and consequently 

accentuates their accumulation in sediments (de Souza Machado et al., 2016). 

In parallel, strong variations of biogeochemical parameters and bioavailable 

fractions of chemical compounds have been observed in the estuarine area 

(Wollast, 1988). 

As previously suggested by Baeyens (1998), the Scheldt estuary can be 

divided in two main zones, regarding their hydrodynamical and 

physicochemical properties (Figure 1). The first one goes from 1 to 10 PSU 

and usually shows lower salinity, high turbidity, high sedimentation and lower 

water oxygenation. This zone was previously called the geochemical filter, 

however downstream, trace metal distribution was likely to be more 

influenced by biological processes like phytoplankton activity and it  was  

called the biological filter (Baeyens et al., 1998). . The monitoring gap and 

this previous literature (more than 20 years ago) highlighted a need of a new 

monitoring survey, in order to reconsider the processes occurring in these 

zones nowadays. This was also one of the reasons for this monitoring project. 
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Overall, the metallic contamination along the Scheldt has been widely 

influenced by large inputs of trace metals and other physicochemical factors 

resulting in oxygen depletion, high turbidity and high sedimentation (Baeyens 

et al., 1998). 

 

Figure 2.1: Location of the sampling sites along the Scheldt estuary. Two 

distinct zones were defined, according to the work of Baeyens (1998). 

 

In this study, seven stations designated as S01, S04, S07, S09, S12, S15, S22 

(Figure 2.1) were sampled from the city of Antwerp (Belgium) to the mouth 

of the Scheldt estuary in Vlissingen (The Netherlands). The sampling 

expedition was performed onboard of the R.V. Belgica in March 2019. Early 

spring constitutes a key-season in such aquatic environment and an ideal 

period to investigate trace metal bioavailability since the biomass (e.g. 

phytoplankton) expands and grows again in this period. Surface water 
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sampling and in situ measurements were carried out from a Zodiac, in order 

to avoid contamination of the research vessel. Information on water tide and 

water flow were recorded during the sampling and is presented in Table 2.1. 

 

Table 2.1: Water tide and flow during the sampling campaign along the 

Scheldt Estuary (retrieved from Vlaamse Milieumaatschappij, 

Waterbouwkundig Laboratorium, Maritieme Dienstverlening & Kust en De 

Vlaamse Waterweg NV, internal communication). 

    Tides 

Date City High tide Low tide 

19th March 2019 Vlissingen 00:21 06:51 

  12:44 19:12 

 Antwerp 02:21 09:06 

  14:34 21:27 

20th March 2019 Vlissingen 01:09 07:42 

  13:30 19:58 

 Antwerp 03:01 10:01 

   15:46 10:34 

    Average flow (m3 s-1) 

19th - 20th March Melle (Zeeschelde) 44.82 

March 2019 Melle (Zeeschelde) 48.30 

Year 2019 Melle (Zeeschelde) 17.94 

 

2.2.3. In situ measurement of physio-chemical parameters 

Temperature, pH, salinity and dissolved oxygen saturation were measured in 

situ at each station with a multi-meter (VWR International bvba, Multimeter 

MU 6100 H set 2) and using electrodes previously calibrated. To measure pH, 

combined glass and Ag/AgCl/KCl electrodes (VWR, pHenomenal® 111) 

were used; dissolved oxygen and temperature were measured using a 

membrane covered galvanic sensor (VWR, pHenomenal® Oxy 11-3); and 
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salinity by a 2-pole graphite sensor (VWR, pHenomenal® Co 11). 

Measurements were conducted in freshwaters, brackish waters as well as in 

seawaters, following a salinity gradient: a correction of the pH and dissolved 

oxygen recordings was therefore made according to the method of Aminot and 

Kérouel (2004). The measurements were taken twice: at DGT deployment and 

once again at DGT removal (see 2.2.4.1). 

2.2.4. Trace metal measurements 

2.2.4.1. DGT sampling of labile metal fractions 

The DGT technique relies on a controlled diffusive transport of analytes and 

is usually either applied in the water column (e.g. Baeyens et al., 2011; Zhang 

and Davison, 1995) to assess labile trace metal fractions or inserted vertically 

in sediments (e.g. Gao et al., 2006, 2015; Zhang et al., 2002) to determine 

high-resolution vertical profiles of trace element concentration and/or flux at 

the sediment-water interface (SWI). The DGT technique allows to assess a 

time integrated concentration of labile trace metal fraction, which is a good 

indicator of the element bioavailability in an aquatic system (Bade et al., 2012; 

Baeyens et al., 2018; Davison, 2016; Roig et al., 2011; Sierra et al., 2017; 

Simpson et al., 2012). In this study, the DGT pistons were composed of a 

round plastic molding (a cap and a piston base, both assembled), holding 

together three successive layers, which are: a membrane filter (0.45 µm pore 

size cellulose acetate – 0.125 mm thick), a diffusive hydrogel (polyacrylamide 

hydrogel – 0.8 mm thick) backed up by a resin gel (Chelex®-100 binding resin 

– 0.4 mm thick). The DGT samplers were deployed in the water column of 

each selected sampling point. 

The diffusive and the resin gels were prepared according to the method 

reported by Zhang and Davison (Zhang and Davison, 1995) and the assembly 

of DGT probes is described in Gaulier et al. (2019). All procedures above were 
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carried out in an analytical clean laboratory. At each sampling station, 6 DGT 

pistons were enclosed for ± 24 hours in a plastic cage which was held with a 

2 m nylon rope below the water surface, anchored to the seabed using a weight 

and lifted to the surface with the help of a buoy. The time and temperature of 

DGT deployment and removal were recorded at each station and further used 

for DGT concentration calculations. Six procedural blanks were treated in the 

same way (except for the deployment step). 

After deployment, labile trace metals, accumulated on the resin gel, were 

eluted in 1 mL of 1M HNO3 for at least 24 hours. The eluents were then 

diluted five times with MQ-water, prior to their analysis. Using the mass of 

the accumulated metals on the resin gel, the labile metal concentration was 

then calculated based on the Fick’s first law in a steady state, as described in 

Gaulier et al. (2019), assuming a perfect sink condition (i.e. all metal ions 

arriving at the interface between the diffusive hydrogel and the resin gel were 

immediately bound onto the resin). 

 

2.2.4.2. Sampling of dissolved and particulate metals 

At the same time the DGT pistons were deployed and retrieved, estuarine 

water  samples were taken below the surface in two replicates, using glass 

bottles. Prior to use, these bottles were cleaned with 10% HNO3, rinsed three 

times with Milli-Q water in the laboratory and with estuarine water in the field. 

500 mL of estuarine samples were then filtered using 0.45 µm pre-weighted 

filter membranes (Merck Millipore, Durapore®, HVLP grade), under a clean 

laminar flow hood in a clean laboratory onboard. The filtrate was acidified 

with 0.2% distilled HNO3 and then stored in a clean Teflon bottle, at 4 °C. 

The filters were stored at -18 °C and later treated for the analysis of suspended 
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particulate metal phase. The acidified filtrates (water samples) were finally 

diluted 10 times with MQ water, prior to analysis. 

The filters used for the water sample filtration were dried under a laminar flow 

hood for 2 days and weighted again. The mass difference of the filters was 

recorded for the calculation of particulate metal concentrations and for the 

determination of the Suspended Particulate Matter (SPM) amount. The filters 

were digested by concentrated HF (40%), concentrated HCl (37%), 

concentrated HNO3 (65%) and H3BO3 (4%), as described in Gaulier et al. 

(2019). To validate this digestion method, the certified reference material 

IAEA-405 (CRM; estuarine sediment, International Atomic Energy Agency) 

was treated in the same way as the filter samples. The results of the CRM were 

within the range of certified values and are displayed in the supporting 

information section. 

2.2.4.3. Trace metal analysis 

In all sample solutions, trace metals (Cd, Co, Cr, Cu, Ni, Pb and Al) were 

determined using a High Resolution Inductively Coupled Plasma Mass 

Spectrometer instrument (HR-ICP-MS, Thermo Finnigan Element II). The 

calibration was carried out with appropriate dilutions of a multi-element stock 

solution (Merck, ICP-MS standard XIII) and indium (1 µg L-1) was used as an 

internal standard. The limits of detection (LOD) and the limits of 

quantification (LOQ) of the ICP-MS instrument and the DGT method are 

presented in Table 2.2. The relative standard deviation (RSD) was lower than 

9.8% for all metal species. An additional CRM (SLRS-6; river water, National 

Research Council Canada) was also analyzed, the results were within the 

range of certified values and are displayed in the supporting information 

section. 
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Table 2.2: Limits of detection (LOD) and limits of quantification 

(LOQ) of the ICP-MS instrument and the DGT method. 

  Cd Co Cu Cr Ni Pb 

  μg L-1 μg L-1 μg L-1 μg L-1 μg L-1 μg L-1 

ICP-MS instrument      

LOD 0,004 0,004 0,320 0,029 0,180 0,015 

LOQ 0,006 0,005 0,656 0,037 0,194 0,021 

DGT method      

LOD 0,006 0,003 0,051 0,002 0,097 0,005 

LOQ 0,013 0,005 0,097 0,002 0,230 0,007 

 

2.3. Results 

2.3.1. Physicochemical parameters and SPM amount 

The physicochemical parameters of all stations are presented in the 

Supplementary Information (SI) section. Initially, the salinity showed a 

typical longitudinal gradient along the estuary with a variation of 1 to 10 PSU 

in the inner area (zone 1; freshwater dominant, close to urbanized zones and 

to the city of Antwerp) and gradually increased seawards from 10 to 26 PSU 

(zone 2; seawater dominant, at the mouth). 

The water temperature varied from 7.95 to 8.90 °C and displayed a reverse 

trend than salinity: a significant negative relationship was observed between 

these two parameters (correlation factor of -0.92, p < 0.005; see the SI for the 

complete correlation and associated p-value matrices). Even though it 

remained in a narrow range of values, the higher temperatures were found at 

low salinities, while colder ones appeared at the sea mouth. 

Regarding dissolved oxygen, its saturation varied between 84 and 117 % from 

the low salinity zone to the well-oxygenated seawaters. The dissolved oxygen 

saturation remained around 115 % in the second zone. The water column 
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oxygenation was significantly and positively correlated to the salinity along 

the estuary (correlation factor of 0.90, p < 0.005), while it was negatively 

correlated with the temperature (correlation factor of -0.81, p < 0.05). The pH 

varied from 7.88 to 8.05 and showed a similar longitudinal profile as that of 

dissolved oxygen with an increase seaward [correlation factor of 0.90 (p < 

0.01)]. 

The total amount of SPM (> 0.45 µm) was 185 mg L-1 at station S22 (∼ 1 

PSU) indicating that the SPM levels at the first sampling point was consistent 

with the high water flow of the Scheldt river during the campaign (see Table 

1), which brought more suspended materials from increasing erosion and 

resuspension processes. Then, it steeply decreased to 49 mg L-1 and remained 

below 75 mg L-1, oscillating seaward.  

 

2.3.2. Dissolved trace metal fractions 

2.3.2.1. Total dissolved trace metals  

The total dissolved trace metal concentration varied with the salinity gradient 

and followed different trends (Figure 2.2). On one hand, total dissolved Cd 

showed a general increasing tendency seaward and its concentrations ranged 

between 0.05 µg L-1 and 0.15 µg L-1. In zone 1, the total dissolved Cd content 

almost rose threefold, before stabilizing in zone 2. 

Conversely, Co, Cu, Ni and Pb displayed clear decreasing trends seaward. The 

total dissolved concentrations of trace metals were in the range of 0.12 - 0.53 

µg L-1 for Co, 1.78 - 4.58 µg L-1 for Cu, 0.44 - 2.77 µg L-1 for Ni and 0.10 - 

0.28 µg L-1 for Pb. While Cu and Ni exhibited a gradual decrease in total 

dissolved concentrations as a function of salinity, total dissolved Co and Pb 

initially showed a sharp decline in the first 10 km of the estuary and then, with 

less intensity, they progressively decreased to the sea.  
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Finally, the longitudinal variations of total dissolved Cr were more variable 

along the transect: the concentration was quite constant (around 0.25 µg L-1), 

except for station S04 (∼ 20 PSU) where a maximum appeared (0.42 µg L-1). 

 

2.3.2.2. Labile trace metals 

Along the estuary, the labile trace metal content also varied with the salinity 

gradient and followed fluctuating trends (Figure 2.2). Generally, the labile 

concentration of Cd, Co, Cu and Ni was decreasing from the most upper 

estuarine station (S22) to the one (S01) close to the sea. However, labile Cd 

and Cu started to decrease sharply by a factor 2 from station S22 to S15, before 

another increase until station S09 in the middle estuary. This estuarine fraction 

(zone 1, from S22 to S09) was the most dynamic zone, with the most 

fluctuations in terms of trace metal concentrations. Then, in the last kilometers 

to the sea, labile Cd and Cu decreased again reaching their lowest 

concentrations in the whole estuary. 

On the other hand, the labile concentration of Cr and Pb presented oscillating 

curves. Labile Pb and Cr concentrations increased progressively in zone 1, 

until the middle estuary. This concentration peak appeared at the same point 

where elevations of labile Cd and Cu appeared too. Seaward, their 

concentration levels dropped to reach minimum values of 0.06 µg L-1 for Pb 

and of 0.12 µg L-1 for Cr. At station S01, their labile concentrations eventually 

reached similar values as at station S22 (the upper estuary). 

Along the whole estuary, labile Co and Ni showed simple dilution trends with 

a decrease from 0.25 to 0.07 µg L-1 for Co, and from 1.51 to 0.78 µg L-1 for 

Ni. Both elements reached a plateau in the middle estuary, between 5 and 10 

PSU, before their labile concentrations progressively decreased seaward. 
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Comparisons between the total dissolved concentrations of trace metals and 

their labile ones need to be assessed with caution, given the difference in 

sampling methods used for these two sub-fractions. The labile fraction was 

assessed through a passive sampling technique (DGT) giving a time-weighted 

average concentration, while the total dissolved fraction was measured 

through an active sampling technique providing a “snapshot” result, at one 

given time, of the actual dissolved concentration. 

 

2.3.3. Particulate trace metals  

The particulate concentrations of trace metals in the water column presented 

similar profiles for all the studied elements (Figure 2.2), with a clear 

decreasing trend from the upper estuary towards the sea. The concentrations 

were in the range of  3.5 - 0.52 µg g-1 for Cd, 193 - 59 µg g-1 for Cr, 25 - 6 µg 

g-1 for Co, 74 - 13 µg g-1 for Cu, 60 - 22 µg g-1 for Ni and 109 - 24 µg g-1 for 

Pb. These particulate metals initially showed a significant increase in the first 

10 km of the estuary, except for Cd which remained stable in this area. Then, 

all of them progressively decreased to the sea, over 60 km. 



65 

 

 

Figure 2.2: Longitudinal profiles of trace metals along the Scheldt estuary 

waters. Particulate concentrations are given in µg g-1 (yellow triangles; right 

y-axis), total dissolved ones in µg L-1 (dark blue circles; left y-axis) and labile 

ones in µg L-1 (light blue circles; left y-axis). The Theoretical Dilution Line 

(TDL) of the total dissolved compounds is shown by the dark blue dash-line. 
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2.3.4. Partitioning of trace metals between solid and dissolved 

phases 

Trace metal speciation significantly changed along the estuary. Figure 2.3 

exhibits the longitudinal distribution of the different metal fractions. Three 

trace metal pools have been considered in the water column: a labile fraction, 

a total dissolved one and a particulate fraction. Pb and Cr showed similar 

partitioning along the estuary: their particulate fraction accounted for more 

than 90% of the total concentration. As the dissolved labile concentrations of 

Cr and Pb showed high variabilities, the comparison with the total dissolved 

concentrations was not relevant in this case and was therefore not included in 

the figure. Thus, only the total dissolved fraction is shown on Figure 3. It had 

a small contribution for both elements and only showed a slight increase 

seaward. 

Ni followed the same longitudinal pattern as Cr and Pb, yet the particulate 

fraction was less pronounced and the labile fraction accounted for 18 to 45% 

of total Ni. However, most of Co was in the particulate fraction (> 70%) and 

labile Co accounted for around 50% of the total dissolved Co.  

Cd and Cu were two metals behaving differently in the estuary. Cd showed a 

clear partitioning pattern along the estuary. In zone 1 (< 10 PSU), particulate 

Cd was the most important fraction and accounted for ∼ 72% of the total 

content. However, it progressively decreased seaward, handing over to total 

dissolved Cd. The junction between particulate and dissolved fraction was 

especially marked in the middle estuary, between station S12 and S09 (∼ 5 

and ∼ 10 PSU, respectively). The labile phase of Cd was dominant in the first 

zone and then decreased to finally be balanced, from the middle estuary to the 

sea. 
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Cu was dominated by the total dissolved fraction (accounting for around 55% 

of the total) which gradually increased along the salinity gradient. The labile 

fraction of Cu remained below 22% of the total content and below 39% of the 

total dissolved fraction. 

 

Figure 2.3: Longitudinal profiles of trace metal speciation along the Scheldt 

estuary waters. The total metal load in the water column is illustrated by the 

100% value. The particulate fraction is depicted in yellow (the particulate 
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fraction is converted to μg L-1 taking into account the SPM concentration in 

the water column), the total dissolved fraction is depicted in blue and the 

dissolved labile elements (free ions or weak dissolved complexes, dynamic 

form measurable with the DGT passive samplers) is given in striped light blue. 

For Cr and Pb, only the total dissolved fraction is depicted. 

 

2.4. Discussion 

2.4.1. Environmental forces and processes along a salinity 

gradient 

The salinity gradient allowed a division of the estuary in two zones: zone 1 (1 

to 10 PSU) and zone 2 (10 to 26 PSU), and could be easily related to those 

defined and studied by Baeyens et al. (1998). Zone 1 (comprising stations S09, 

S12, S15 and S22) appeared as the mesohaline area, where the river discharge 

occurred. Zone 2 (comprising stations S01, S04 and S07) formed the 

polyhaline area of the estuary. According to Baeyens et al., (1998), zone 1 

often has the most variable SPM concentrations in a one-year cycle due to a 

variety of sources involved but also due to the seasonal change. In March 

2019, the Scheldt estuary was likely in flood (Table 2.1). This indicates that 

the freshwater discharge and forces might had a greater influence on the upper 

part of the estuary during the sampling campaign, indicated by the reduced 

salinity in zone 1 and by the higher SPM content at station S22 (see the SI). 

The river discharge influence was clearly observed at station S22 because the 

temperature and the SPM amounts in this station were high, while the 

available oxygen and the pH were lower than in the rest of the estuary. This 

state remained quite short, as a steep decrease of SPM amount occurred, 

because SPM were rapidly reduced and/or quickly settled down to the bottom. 

This type of flocculation is usually generated by an increase of salinity, which 

balances the negatively charged surface of freshwater particles (i.e. Van der 

Waals forces; Sholkovitz, 1978). Further on, dissolved oxygen, pH, and SPM 
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slightly increased, due to various mixing forces between freshwater and 

seawater. Higher SPM concentrations at stations S04, S12 and S22 were 

linked to higher disturbance of the estuarine bed due the occurrence of 

stronger mixing zones and additional water discharges for S04 and S12, and 

with an amplified erosion of the upstream banks for S22. The elevated amount 

of carbonate compounds brought by the increasing salinity resulted in a pH 

rise seaward (de Souza Machado et al., 2016). 

Ultimately, the obvious salinity gradient is one of the first typical aspects 

occurring in an estuary and is the root of various physicochemical changes 

and processes, including non-conservative behavior of trace metals (de Souza 

Machado et al., 2016; Drexler et al., 2003), as observed in this study (Fig. 2.2 

and 2.3). By changing the water density and physicochemical properties 

(dissolved oxygen, pH, SPM, etc.), the salinity influenced trace element 

mobilization, availability and potential toxicity (Du Laing et al., 2008; Iglesias 

et al., 2020; Valenta et al., 1986). 

 

2.4.2. Trace metal speciation along the Scheldt Estuary 

2.4.2.1. Influence of estuarine features on trace metal 

speciation 

The river discharge was the main driver for metal speciation in the estuary. 

Thus, in the first zone (< 10 PSU), turbidity and SPM amount were high, and 

the particulate fraction of trace metals was the highest of the whole transect. 

More specifically, the maximum turbidity was observed at station S22, where 

high amount of SPM and metal complexes were found, flowing from 

surrounding rivers, bottom sediments and usually accentuated by physical 

forces such as tides, mixing forces, etc. (Hobbie, 2000; Robert et al., 2004). 

This resulted in higher trace metal adsorption and precipitation on particles 
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(i.e. effect of the ionic strength which neutralizes colloids) (Baeyens, 1998; 

Gonzalez et al., 2007), explaining the highest particulate trace metal 

concentrations measured at this station. Further along the estuary, higher ionic 

strength and the presence of anions and cations tended to desorb the trace 

elements from particles. Thus, the metal contamination mainly came from the 

upper streams and rivers and a combination of particulate dilution and mixing 

with less contaminated downstream water made the metal concentrations in 

suspended particles decreased when the salinity was higher than 2 PSU. 

The trace metals of interest in this study were not only influenced by a 

conservative dilution mechanism in the surface waters of the Scheldt estuary, 

but the non-conservative pattern for all the elements (to less extent for Cu and 

Ni, after station S15) implied a removal of these elements during the estuarine 

mixing, via flocculation and sedimentation processes. The longitudinal 

profiles (Fig. 2.2) suggest that these biogeochemical mechanisms were 

particularly important in zone 1. Dissolved Cu and Ni were less affected by 

such mechanisms than others and showed a near-conservative behavior, even 

unreactive. This is linked with a privileged complexation of Cu and Ni by 

organic matter enhancing their biogeochemical stability in such system, which 

is described and discussed further. However, this could imply higher residence 

time in the estuary water column and later in the sea, compared to other 

elements which could be easily trapped in the sediment (Turner et al., 1998). 

At station S12 (∼ 5 PSU), a slight local maximum of particulate metal 

fractions suggested a potential addition of these elements in the environment, 

via other riverine inputs or sediment resuspension (Fig. 2.2). As there was no 

water discharge here and given the increase of SPM in this area, the 

remobilization of particles from sediments (at this station and from tidal flats 

located around) would be the main reason (de Souza Machado et al., 2016; 

Teuchies et al., 2013). 
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At the end of the transect (i.e. close to the sea mouth), Co, Cu and Ni showed 

stabilizing particulate concentrations, while their total dissolved 

concentrations keep decreasing. In this area where the estuary is strongly 

influenced by the sea fluxes, marine phytoplankton may have played a role in 

trace metal mobilization: a biological uptake could lead to a transfer of Co, 

Cu and Ni from the dissolved pool to the particulate one (Paquin et al., 2003). 

This hypothesis could also be supported by the fact that marine phytoplankton 

(mostly diatoms) only thrive until the limit with brackish waters and usually 

show a first spring bloom at the end of March, i.e. when the sampling was 

done. Freshwater phytoplankton normally appear much later in summer 

(Naithani et al., 2016). 

The evolution of labile trace metals along the estuary seemed more variable: 

several fluctuations appeared along the transect, including a peak at 10 PSU 

for all elements (Figure 2). This mid-estuary peak was co-registered with the 

appearance of a strong mixing-zone (between zone 1 and zone 2). This has 

been interpreted as the desorption of labile elements by particles, which were 

locally and tidally resuspended into the water column (Martino et al., 2004, 

Baeyens et al., 1998). Several labile metals (Cd, Co and Ni) constituted a non-

negligible fraction of the total dissolved pool all along the estuary. One 

explanation could be large riverine inputs of labile elements due to high river 

flow (Chester, 1990), coupled with the release from decomposing organic 

matter in the benthic zone (Braungardt et al., 2011; Waeles et al., 2009) and 

from dissolved humic substances (Balch and Guéguen, 2015; Mangal et al., 

2016). Overall, the bioavailability of trace metals seemed to fluctuate 

significantly in the estuary, given the variations of labile concentrations. 

Therefore, organisms might be subject to different degrees of exposure if they 

move along the estuarine zones (Iglesias et al., 2020; Vicente-Martorell et al., 
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2009) and especially, station S09 and S22 often showed the highest labile 

concentrations. 

The constant increase of total dissolved Cd fraction along the estuary (Figure 

2.3) was mainly linked to its desorption from SPM due to the increasing 

salinity. Cd indeed tends to form stable and dissolved complexes with chloride 

and sulfate (Bingham et al., 1984; Lefèvre et al., 2009), but also with low-

molecular-weight organic ligands (Waeles et al., 2008). Thus, the estuarine 

water column was enriched in dissolved Cd mainly stemming from upstream 

particles. In a seaward direction, a shift in Cd lability appeared, in contrast to 

the zone 1, the contribution of labile Cd became less and less dominant. Thus, 

the formation of labile chloro- and/or sulfato-complexes might be more 

pronounced until a salinity of 10 PSU, as labile species were more present 

upstream. While dissolved Cd organic complexes (bigger than DGT 

measurable species) were formed later along the estuary (zone 2), resulting 

from SPM desorption (Waeles et al., 2005). The same speciation pattern was 

also observed earlier in the Scheldt estuary by Baeyens et al. (1998), elsewhere 

in the Po river plume by Illuminati et al. (2019) and in the Venice lagoon by 

Morabito et al. (2018). As suggested by Illuminati et al. (2019), the colloidal 

Cd forming in zone 2 (after 10 PSU) to the sea might result from the adsorption 

and/or uptake of Cd on/in nanoplanktons (small algal cells like 

Coccolithophorids or Dinoflagellates) or with phytoplankton exudates. Such 

association could be enhanced by high concentrations of calcium in the water 

(Perfus‐Barbeoch et al., 2002). 

As observed for Cd, a continuous solubilization of Cu was noticed as well, 

from the upper estuary to its mouth, given the increase of its total dissolved 

fraction. However, the contribution of labile Cu towards the total dissolved 

fraction was different from that of Cd, as it remained lower than what was 

observed with Cd. Therefore, the dissolved Cu species were strongly bound 
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to dissolved organic ligands, reducing the amount of free Cu ions which can 

accumulate on the DGT samplers. The strong complexation of Cu with 

dissolved organic matter also limited the process of biosorption by organisms, 

in contrast with Cd (see above). The same observations were obtained by 

Zitoun (2019) in New-Zealand estuaries and by Ndungu et al. (2005) in the 

bay of San Francisco. Both studies revealed that labile Cu accounted for less 

than 3% of the total dissolved Cu and highlighted the role of dissolved organic 

compounds in regulating Cu speciation. 

In the Scheldt estuarine water, Cr and Pb speciation was undoubtedly 

dominated by their particulate fractions. They were not heavily affected by 

desorption processes and kept their particle-reactive character all along the 

estuary (Illuminati et al., 2019; Santschi et al., 1980; Schulz-Baldes et al., 

1983). The high daily discharge at the time of sampling (Table 2.1) could 

explained the higher contribution of the particulate fraction over the area, and 

also the intense sedimentation in the upper estuary. Regarding the dissolved 

pool of Cr and Pb, their labile concentrations (indicative of bioavailability) 

seemed highly variable (Fig. 2.2). Both elements only showed a slight increase 

of their total dissolved fraction towards the sea. Indeed, with an increasing 

salinity, free ions like Ca2+ and Na2+ may have feebly replaced bound trace 

elements from particles as demonstrated by Fairbrother et al. (2007). The 

distribution of Pb between the particulate and the dissolved pools was in 

agreement with previous studies (Braungardt et al., 2011; Illuminati et al., 

2019). Regarding Cr, Cr(III) might be the most represented one along the 

estuary given its affinity to the particulate pool in aquatic environments 

(Gustafsson et al., 2014; Pađan et al., 2019). Thus, the dissolved pool might 

be mainly composed of stable dissolved Cr(VI) oxo-complexes, as 

investigated by Pađan et al. (2019) in Krka estuary (Croatia). 



74 

 

Co and Ni were little influenced by sorption processes, even unreactive to 

estuarine mixing because both elements only showed very small variations of 

their distribution along the transect. The contribution of particulate Co was 

slightly more important than particulate Ni. In the dissolved fractions, labile 

Ni represented a significant fraction while it is less pronounced for Co. In a 

study carried out in English estuaries, Turner et al. (1998) and Martino et al. 

(2004) have also shown a low biogeochemical reactivity of Ni in the estuarine 

waters, emphasized by its low particle-affinity and by the presence of specific 

dissolved organic ligands. 

 

2.4.2.2. Identification of critical zones 

As no reference value for labile metal fractions yet exists, our labile metal 

concentrations were compared with Environmental Quality Standards (EQS) 

for total dissolved trace metal in seawater (Directive 2000/60/CE and 

2008/105/CE; Maycock et al., 2011). In this condition, labile levels were all 

below the EQS-yearly average values (EQS-YA). In the same way, they were 

all below the Acute Water Quality Criteria (WQC; Durán and Beiras, 2013), 

except labile Cu whose concentrations at stations S09, S12 and S22 exceeded 

the recommended probabilistic value of 1.39 µg L-1. Dissolved concentrations 

of all studied metals were also below the EQS-yearly average values (EQS-

YA). However, the dissolved Cd concentration at S07 was close to its EQS-

YA value of 0.2 µg L-1. In addition, they were all below the WQC, except for 

dissolved Cu exceeding the recommended probabilistic value of 1.39 µg L-1 

at all stations. To get a better insight on the toxicity degree of the measured 

labile and dissolved concentrations, the results of Cd, Cu, Ni and Pb were also 

compared to Predicted No-Effect Concentrations (PNEC) proposed by 

Källqvist (2007). Our concentrations for labile and dissolved Pb were all 
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below the PNEC of 2.49 µg L-1, whatever the sampling point. The 

concentrations obtained for Cd remained rather close to the PNEC value of 

0.18 µg L-1, especially at stations S22 and S09 (for labile Cd) and from the 

mid-estuary (S09) to the sea (for dissolved Cd), but did not exceed it.  

However, the dissolved concentrations of Cu (as well as labile, except at 

station S01 and S04) exceeded the PNEC defined for Cu (0.64 µg L-1). In the 

same way, dissolved concentrations measured for Ni at all stations (except 

S01, the closest to the sea) and labile ones at S09, S12 and S15 were higher 

than the PNEC proposed by Källqvist (2007; 1.53 µg L-1). 

Particulate Cd, Co (except the values found at station S04 and S01), Cr, Cu 

(except the values found at station S01), Ni and Pb (except the values found 

at station S04 and S01) were above the pedogeochemical references defined 

in this region (Sterckeman et al., 2007). In order to link the concentrations of 

trace metals measured in SPM to the actual contamination level of SPM, an 

enrichment factor (EF) of suspended particles was calculated for each 

element, following the calculation method of Remeikaitė-Nikienė et al., 2018. 

The EF values were ranked into five categories ranging from low (EF < 2) to 

extremely high enrichment (EF > 40) (Barbieri, 2016). EF values of Co, Cu, 

Cr and Ni were ≤ 2, which is equivalent to a minimal enrichment (Figure 2.4). 

Upstream (between station S22 and S12), Cd showed the highest EF (in the 

range of 20-30) and Pb the second highest EF (close to 10). From S09 (∼ 10 

PSU) to the sea, the EF of Pb decreased to a moderate level, but Cd still 

showed a significant enrichment. 
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Figure 2.4: Enrichment factors of particulate trace metals, along the Scheldt 

estuary. 

 

In terms of contamination, the most critical areas are located in the upper part 

of the estuary where the highest concentrations and enrichments were found: 

this was especially true for Cd and Pb, yet they are considered as substances 

of priority concern by the OSPAR Convention (OSPAR, 2009, 2002). SPM 

were much less enriched in trace metals in the direction of the sea, but, at the 

same time, a large quantity of SPM was also lost at the beginning of the 

estuary towards the estuarine bed, due to sedimentation. The dissolved pool 

seemed less worrying than the particulate one, but specific attention needs to 

be made on dissolved Cd (station S07) and Cu (at all stations) for future 

monitoring surveys. Concerns are nowadays rising around the increasing use 

of copper-based antifouling paints on boats because they might increase the 

release of dissolved Cu into the aquatic environment (Matthiessen et al., 1999; 

Warnken et al., 1999; Elskens et al., 2014; Lagerström et al., 2020). However, 

a direct impact of Cu on the estuarine ecosystem could not be fully confirmed, 
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as an important fraction of dissolved Cu eventually remained non-labile (i.e. 

less accessible to organisms) and was strongly bound to dissolved organic 

matter. 

 

2.4.3. Temporal and spatial evolution of the Scheldt Estuary in 

Europe 

2.4.3.1. Temporal evolution of the Scheldt Estuary 

To answer the growing scientific and public concern about pollution status in 

aquatic environments, European environmental policies and regulations have 

settled on different directives regarding trace metal level in water (Water 

Framework Directive, Marine Strategy Framework Directive; European 

Parliament and of the Council, 2000). In comparison with the research 

previously done by Baeyens (1998; Table 2.3), the total dissolved and 

particulate concentrations of Cd, Cu, Ni and Pb in the present study followed 

the same trends as those recorded in the 80’s and in the 90’s in the Scheldt 

estuary. However, particulate trace metal concentrations in the Scheldt estuary 

have largely decreased between 1978 and 1988 following the implementation 

of regulation policies regarding atmospheric emissions and direct wastewater 

discharges and kept on decreasing until 2010 with less intensities as 

highlighted by Gao et al. (2013). Our results of particulate Cd, Cu and Pb were 

in good agreement with this decreasing trend, at the fluvial and marine 

endmembers but also in the middle estuary. In the same study, Gao et al. have 

simultaneously shown that total dissolved trace metal concentrations in the 

Scheldt tend to increase from 1990 on, highlighting a shift from the particulate 

to the dissolved phase for Cd, Cu and Pb. Our measurements were also in line 

with this observation. Along the same lines, the logarithm of the partition 

coefficient KD was calculated (Gaulier et al., 2019) and compared with those 
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of previous studies in the Scheldt (Table 2.3):  the average KD ranking 

obtained in this study was in good agreement with the past measurements, i.e. 

Cr > Pb > Co > Ni > Cd > Cu. Overall, Cr and Pb clearly showed a higher 

affinity for the particulate phase than the other elements, while Cu was the 

most soluble element. In this study, all the KD values were lower than those 

obtained in the last decades, except for Ni due to the insufficient data in 

previous work. This difference was even higher in the fluvial and marine 

endmembers than in the middle estuary. Moreover, the KD decrease seemed 

stronger for Cd and Cu than for Pb. This demonstrated the lesser affinity of 

Cd, Cu and Pb for the particulate phase over time, and might increase the 

concern around dissolved harmful fractions in the Scheldt estuary (Baeyens et 

al., 2005; Gao et al., 2013). 

The clear decline of KD of these trace metals becomes worrying regarding 

aquatic organisms which therefore have an easier access to dissolved metal 

species. If considering an alternative “labile” KD using labile concentrations 

of trace metals instead of total dissolved ones, the average KD ranking would 

be slightly different in the Scheldt estuary, i.e. Cr > Pb > Co > Cu > Ni > Cd. 

In this new pattern, Cd and Ni showed more concern than the other elements, 

as they tended to be more bioavailable, while Cr and Pb were less worrying as 

shown with the “classic” KD.  
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Table 2.3: Evolution of the dissolved and particulate metal concentrations in 

the Scheldt estuary, from 1978 until 2019 (no former data was found on Cr 

and Co measurements). 
  

Year 
Cd Cu Ni Pb References 

  Flu. Mid. Mar. Flu. Mid. Mar. Flu. Mid. Mar. Flu. Mid. Mar.  

Dissolved 1978 0.06  0.12          Duinker et al., 1982 

µg L-1 1981-1983 0.09  0.07 1.0  1.1    0.23  0.18 Baeyens et al, 1998 

 1987-1988 0.02  0.05 1.0  1.0       Zwolsman and Van Eck, 1993 

 1991-1994 0.02  0.07 1.6  1.0       Paucot and Wollast, 1997 

 1995 0.02  0.05 0.7  0.7    0.17  0.05 Baeyens et al., 1998 

 1995-1997  0.07 0.04  2.3 0.9     0.14 0.13 Gao et al., 2013 

 1995-1998 0.02 0.05 0.03 1.3 1.0 0.8 4.7 4.9 1.0 0.26 0.47 0.10 Baeyens et al., 2005 

 2009-2010  0.21 0.06  3.0 1.7     0.14 0.11 Gao et al., 2013 

 2010 0.05  0.09 2.2  1.2    0.27  0.10 Gao et al., 2013 
 2019 0.05 0.10 0.14 4.6 4.2 1.8 2.6 2.7 0.4 0.28 0.17 0.10 This study 

Particulate 1978 45.0   5.0                   Duinker et al., 1982 

mg kg-1 1979 52.0   271      334   Salomon et al., 1981 

 1981-1983 27.9  1.8 278  31    288  83 Baeyens et al, 1998 

 1987-1988 12.2  1.2 213  29    207  63 Zwolsman and van Eck, 1993 

 1991-1994 8.3  1.3 159  32       Paucot and Wollast, 1997 

 1995 8.8  0.8 112  17    214  45 Baeyens et al., 1998 

 1995-1997  5.1 0.8  73 20     118 49 Gao et al., 2013 

 1995-1998 7.2 6.4 0.9 104 100 20 40 35 23 166 149 44 Baeyens et al., 2005 

 2009-2010  3.5 0.5  65 19     85 41 Gao et al., 2013 

 2010 4.3  0.5 77  15    120  28 Gao et al., 2013 

 2010-2011 3.4 2.1 <LOD 58 46 24 27 22 20 105 72 39 Van Ael et al., 2017 
 2019 3.5 3.1 0.5 66 65 13 37 51 22 89 95 24 This study 

Log KD 1978 5.91   4.62                   Duinker et al., 1982 

 1981-1983 5.51  4.41 5.44  4.45    6.10  5.66 Baeyens et al, 1998 

 1987-1988 5.79  4.38 5.35  4.48       Zwolsman and van Eck, 1993 

 1991-1994 5.64  4.30 5.01  4.49       Paucot and Wollast, 1997 

 1995 5.64  4.24 5.22  4.38    6.10  5.95 Baeyens et al., 1998 

 1995-1997  4.86 4.31  4.50 4.36     5.93 5.58 Gao et al., 2013 

 1995-1998 5.68 5.11 4.42 4.92 5.00 4.38 3.93 3.85 4.37 5.81 5.50 5.66 Baeyens et al., 2005 

 2009-2010  4.22 3.92  4.34 4.06     5.78 5.57 Gao et al., 2013 

 2010 4.93  3.75 4.54  4.10    5.65  5.45 Gao et al., 2013 

  2019 4.85 4.49 3.55 4.16 4.19 3.86 4.15 4.28 4.70 5.50 5.75 5.38 This study 

Log KD 

“labile” 
2019 4.48 4.64 4.02 4.57 4.72 4.68 4.39 4.44 4.44 5.90 5.72 5.33 This study 

Flu. (Fluvial) = S22; Mid. (Middle) = S12; Mar. (Marine) = S01 
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The recent implementation (2006) of a wastewater treatment system in 

Brussels and Antwerp (Belgium) urban areas has widely changed the Scheldt 

water composition and therefore influenced the dissolved oxygen 

concentration and the speciation of trace elements (Meire et al., 2005). Thus, 

a different composition of particles linked with a higher amount of dissolved 

organic complexes could be an explanation for the change in affinity of trace 

metals regarding the dissolved or particulate phase (Gao et al., 2013). At a 

larger scale, the switch from particulate to dissolved phases could be indirectly 

linked to a global acidification of marine environments. But even if the decline 

of pH estimated or observed in the North Atlantic Ocean or in the North Sea 

(Blackford and Gilbert, 2007; Lauvset and Gruber, 2014; Ríos et al., 2015; 

Vázquez-Rodríguez et al., 2012 - for instance, -0.1 pH units since pre-

industrial times in the North Sea) could match relatively well with the increase 

of dissolved trace metals, it is hard to predict how significant this relation is 

or will be in the Scheldt estuary, and how acidification may disturb 

interactions and processes of marine biogeochemical cycles (Blackford and 

Gilbert, 2007). For future monitoring, it is suggested that pH should be 

systematically measured during sampling for speciation studies. 

 

2.4.3.2. Spatial comparison of the Scheldt Estuary in 

Europe 

The concentrations of the three metal species (particulate, dissolved and 

labile) were compared to literature data of the Belgian Coastal Zone (BCZ; 

where the Scheldt estuary flows) and of different estuarine systems in Europe 

(Table 2.4). Both dissolved and particulate values in the BCZ were in the same 

order of magnitude as those measured in this study (Gaulier et al., 2019).  

More precisely, they were similar to the results found at the estuary mouth 
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(station S01, ∼ 26 PSU). The only exception was the concentration of 

particulate Cu which was higher in harbors of the BCZ than in the estuary, 

most likely due to an intense traffics in harbors coupled with the use of copper-

based antifouling paints for boat (Gaulier et al., 2019; Jones and Bolam, 2007). 

Furthermore, labile trace metals in the Scheldt estuary showed two- or three-

times higher concentrations than those found in the BCZ. Regarding their 

speciation, dissolved Cd, Cu and Ni (except for offshore stations) were the 

dominant species in both systems, while particulate Pb was the main issue 

(Gaulier et al., 2019). Same speciation patterns have been observed in 

previous studies in the same areas (Baeyens et al., 1987). Yet, the 

surroundings have changed a lot since 1987 when the latter study was 

performed (more inhabitants, different human activities but also different 

regulations regarding emissions and discharges of pollutants, new wastewater 

treatment system, etc.). This eventually indicated that the nature and 

composition of water inputs might have evolved with time, but the general 

speciation pattern remained most likely the same. 

Within the dissolved fraction, non-labile Cd was the dominant species in the 

BCZ, which fits with the increase of the non-labile Cd in the estuary, seaward. 

Finally, Co showed the same speciation pattern in the Scheldt estuary as in 

Zeebrugge industrial harbor, 10 km away from the Scheldt estuary mouth 

(Gaulier et al., 2019). The concentrations of dissolved Cd, Cu and Pb in the 

Atlantic Ocean (Aparicio-González et al., 2012) were all lower than those in 

Scheldt estuary. 

Moreover, the average dissolved Cd and Pb concentrations were higher than 

those measured in most European estuaries (Table 2.4), yet they were similar 

to those in the Arno, the Ebro and the Seine estuaries. Dissolved 

concentrations of Cu and Ni were in good agreement with those described in 

the same table (from 0.4 to 5.0 µg L-1 on average for Cu, 1.32 µg L-1 measured 
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in Acheloos for Ni). Only the Severn estuary (UK) showed higher dissolved 

values for Cd, Cu and Pb at least (0.11 - 0.40 µg L-1, 4.0 - 5.0 µg L-1 and 0.39 

µg L-1, respectively). Particulate Cd, Cu, Ni and Pb were all higher in the 

Scheldt estuary than in other European estuaries of France, Italy, Croatia and 

Greece. Compared to most of the estuaries depicted in Table 2.4, the Scheldt 

Estuary shows a higher population density, as well as more industrial and 

agricultural activities around its shore: this could easily explain the higher 

concentrations of trace metals observed. 

In a nutshell, the level of trace metals measured in the BCZ showed a good 

link with the Scheldt estuary content. The latter seemed to be more 

contaminated for dissolved and particulate Cd, particulate Cu and particulate 

Ni than other estuaries in Europe. But the Severn estuary showed either 

comparable or higher concentrations of trace metals than in the Scheldt 

estuary because it drains a heavily industrialized and urbanized mining region.  
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Table 2.4: Overview of trace metal concentrations around the Scheldt 

Estuary’s mouth and along various estuaries in Europe. 

 

Research surveys attempting to measure labile concentrations of trace 

elements in estuaries are few, even though the labile fraction of metals should 

be a good indicator of their bioavailability. In order to overcome this issue, 

our results were compared to several measurements of trace metals 

accumulated in various organisms along the Scheldt estuary. For most of 

them, the sampling locations of the selected measurements were similar to the 

Site 
Labile (L; µg L-1), Dissolved (D; µg L-1) and Particulate (P; µg L-1) concentrations 

References 
Cd Co Cr Cu Ni Pb 

Scheldt Estuary 0.05-0.12 (L), 0.07-0.25 (L), 0.12-0.39 (L), 0.27-1.76 (L), 0.78-1.87 (L), 0.06-0.27 (L), This study 

0.05-0.15 (D), 0.12-0.53 (D), 0.21-0.42 (D), 1.78-4.58 (D), 0.44-2.77 (D), 0.10-0.28 (D), 

0.04-0.64 (P) 0.52-3.44 (P) 4.9-21.9 (P) 1.1-11.8 (P) 1.6-6.6 (P) 1.9-16.1 (P) 

Belgian Coastal Zone 
0.02 (L), 0.08 (L), 0.04 (L) 0.24 (L), 0.43 (L), 0.04 (L), 

Gaulier et al., 2019 

0.12 (D), 0.14 (D),  1.44 (D), 0.98 (D), 0.12 (D), 

0.03 (P) 0.21 (P)  2.28 (P) 0.68 (P) 1.0 (P) 

Atlantic Ocean 0.01 (D)   0.1 (D)  0.02 (D) 
Aparicio-Gonzáles et 

al., 2012 

European Estuaries      
  

Severn, UK 0.11-0.40 (D)   4.0-5.0 (D)  0.39 (D) 
Harper, 1991 

Tay, UK 0.01 (D)   0.8 (D)  0.13 (D) 
Owens and Balls, 

1997 

Aber Wrac'h, FR 0.04 (D), 0.01 (P)   0.4-0.6 (D), 0.29 (P)  
L'Her Roux et al, 1998 

Gironde, FR 0.004-0.09 (D)   0.1-1.3 (D)   
Michel et al., 2000 

Huveaunne, FR 0.01 (D)   1.7 (D)  0.13 (D) 
Oursel et al., 2013 

Jarret, FR 0.01 (D)   1.8 (D)  0.08 (D) 
Oursel et al., 2013 

Loire, FR 0.01-0.03 (D)   0.5-1.3 (D)   
Waeles et al., 2004 

Rhône, FR    2.1 (D)  0.07 (D) 
Ollivier et al, 2011 

Seine, FR 0.03-0.20 (D)   0.76-2.29 (D)   
Chiffoleau et al, 1994 

Ebro, SP 0.12 (D)   1.0 (D)  0.16 (D) 
Dorten et al., 1991 

Marche estuaries, IT 
0.01-0.020 (D),   0.4-1.97 (D),  0.07-0.15 (D), 

Annibaldi et al., 2015 

0.01-0.02 (P)   0.1-1.0 (P)  0.03-1.86 (P) 

Arno, IT 0.1 (D)   1.7 (D)  0.2 (D) 
Dorten et al., 1991 

Krka, CR 0.002 (D), 0.001 (P)  0.28 (D), 0.39 (P)  0.01 (D), 0.02 (P) 
Cindrić et al., 2015 

Acheloos, GR      0.68 (D), 0.31 (P) 1.32 (D), 2.76 (P) 0.23 (D), 0.25 (P) Dassenakis et al., 1997 
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ones in this study. Thus, a comparison was made between metal 

concentrations in biota and labile metal concentrations at the same location. 

For instance, the labile concentrations of Cd and Ni in this study showed 

similar trends as their concentrations in shrimp muscle and shore crab 

hepatopancreas reported by Van Ael et al. (2017). The same was also observed 

for Pb in Oligochaeta and in European flounder gills. Cr and Cd in shrimp 

hepatopancreas and, to a lesser extent Cu, were also in good agreement with 

our data. In De Wolf et al. (2000), Cd, Ni and Pb concentrations in soft body 

parts and shells of the periwinkle Littorina littorea showed the same peak as 

the labile concentrations measured in this study (at ∼ 10 PSU). Finally, Co 

and Cd concentrations in Mytilus edulis (Wepener et al. 2008) followed the 

same trend along the Scheldt estuary as their labile levels assessed in this 

study. 

 

2.5. Conclusion 

The biogeochemical behavior of Cd, Co, Cr, Cu, Ni and Pb was studied along 

the strongly urbanized Scheldt estuary. For the first time in this area, labile 

trace metal concentrations were measured in-situ using the DGT passive 

sampling technique, giving an insight into their bioavailability towards the 

estuarine ecosystem. The dissolved and particulate trace metal concentrations 

were assessed using classic active sampling techniques. This highlighted the 

variations of trace metal speciation and their partitioning coefficients in the 

estuarine surface waters, considering environmental and physicochemical 

gradients. Despite their high ecological values, estuaries are constantly 

changing environments, which greatly influence biogeochemical cycles of 

trace metals including their availability towards estuarine living organisms. In 

the Scheldt estuary, dissolved trace metals showed a non-conservative 
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behavior due to the influence of various environmental gradients, such as 

salinity, dissolved oxygen content, etc. and due to local mechanisms such as 

sediment resuspension, runoffs along the shore, etc. Moreover, different zones 

could be drawn, based on trace metal concentrations and partitioning and on 

physicochemical processes of adsorption/desorption. Thus, all metals 

eventually displayed an increase in their lability in the mid-estuary zone, while 

they were mainly bound to particles when entering the estuary. Metals like 

Co, Cr, Ni and Pb mainly remained under an unreactive particulate form, 

while others like Cd, Cu underwent several desorption and solubilization 

processes throughout the whole estuary. Furthermore, from the SPM amount 

and particulate metal concentrations, it was supposed that the sediment 

constituted an important reservoir for metal compounds in the upper part of 

the estuary, while it could also be an additional source further along the 

Scheldt, where the salinity increased and fluctuated. 

The comparison with literature data allowed to redraw the continuum of trace 

metals from the Scheldt estuary to the North Sea and even further, highlighting 

the importance of the estuary as a major source of material. In Europe, the 

Scheldt estuary remained one of the most contaminated inlets: Cd, Cu and Ni 

being the most concerning elements. Moreover, its trace metal loads have 

widely and interestingly evolved from the 80’s until today: showing 

decreasing particulate trace metal concentrations, while the dissolved ones 

tended to rise. Such pattern will also require an extensive monitoring in the 

years to come. If the input of dissolved organic matter keeps rising due to the 

new wastewater treatment plant, it might lead to an increase of the labile metal 

concentrations, which could be a major concern in a near future. Indeed, the 

higher the labile fraction, the more the element is bioavailable and the larger 

the threat for the marine ecosystem (Baeyens et al., 2018; Simpson et al., 

2012). Thus, future research should focus more on the monitoring of this labile 
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phase and on its correlation with changing conditions such as tidal cycles, 

rising temperatures and seawater levels, or changes in estuarine water 

circulation. 
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2.6. Supplementary Information 

The Supplementary Information includes 2 tables and 1 figure. 

Table S2.1: Use of reference materials for the measurement of particulate 

trace metals (IAEA-405; estuarine sediment, International Atomic Energy 

Agency) and for the analysis of trace metals by HR-ICP-MS (SLRS-6; river 

water, National Research Council Canada).. 

  Cd 

mg/kg 

Pb 

mg/kg 

Cr 

mg/kg 

Co 

mg/kg 

Ni 

mg/kg 

Cu 

mg/kg 

IAEA-405 

measured 0.798 73.6 95 15.3 27.4 44.2 

certified 0.73 74.8 84 13.7 32.5 47.7 

recovery 109% 98% 113% 112% 84% 93% 

 measured 0.0085 0.17 0.253 0.043 0.585 29.1 

SLRS-6 certified 0.0063 0.17 0.252 0.053 0.616 23.9 

 recovery 135% 100% 100% 81% 95% 122% 

 

Table S2.2: Correlation (a) and associated p-value (b) matrices for the 

physicochemical measurements, using Pearson’s method. 

(a) Correlation matrix        

  conductivity salinity temperature pH O2 % saturation SPM 

conductivity 1       

salinity 1,00 1      

temperature -0,92 -0,92 1     

pH 0,76 0,74 -0,76 1    

O2 0,76 0,75 -0,68 0,93 1   

% saturation 0,91 0,90 -0,81 0,90 0,96 1  

SPM -0,46 -0,43 0,35 -0,63 -0,51 -0,50 1 

Salinity measures the amount of salts in water. Salinity and conductivity 

show a very good correlation, because dissolved ions increase salinity as 

well as conductivity. 
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(b) p-values 
       

  conductivity salinity temperature pH O2 % saturation SPM 

conductivity 0       

salinity 0,0001 0      

temperature 0,013 0,004 0     

pH 0,050 0,056 0,049 0    

O2 0,047 0,053 0,090 
0,00

2 
0   

% saturation 0,004 0,005 0,026 
0,00

6 

0,00

1 
0  

SPM 0,344 0,334 0,436 
0,12

9 

0,24

1 
0,249 0 

 

 

Figure S2.1: Hydrographic records and SPM amount along the Scheldt 

estuary as a function of salinity.  
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Trace metal speciation in North Sea coastal waters 

Adapted from Gaulier C., Zhou C., Guo W., Bratkic A., Superville P.-J., 

Billon G., Baeyens W., Gao Y. (2019). Science of The Total Environment 

692, 701–712. doi: 10.1016/j.scitotenv.2019.07.314 

 

 

 

Abstract 

Most trace metals exhibit a dual role in marine waters, acting as nutrients at low 

concentration and being toxic at high concentration. But besides concentration range, 

speciation is also an important factor. They both show both seasonal and spatial 

variations. A thorough comparison between total dissolved and particulate 

concentrations estimated from manual sampling and an assessment of the 

bioavailability using Diffusive Gradients in Thin Films (DGT) has been performed in 

this work for Cd, Co, Cu, Ni and Pb, at several sampling points of the Belgian Coastal 

Zone (BCZ). Additional information to trace back the origin and identify the 

anthropogenic fingerprint of Suspended Particulate Matter (SPM) was measured using 

stable carbon isotope measurements in particulate organic matter. Our results show 

that: (i) particulate and total dissolved metal concentrations are higher at two stations, 

one in the harbor of Oostende and one offshore; (ii) dissolved and particulate trace 

metal concentrations do not correlate with the dissolved labile fractions; and (iii) SPM 

in the harbor zone is likely from allochthonous sources, while in the offshore station 

marine origin has been evidenced. Our results indicate that, even though 

contamination is higher in the harbor zones, the trace metal toxicity, which is linked 

to the metal bioavailability, is most likely not higher than in the open sea. However, 

with increasing acidification of the ocean, a shift from particulate to dissolved phase 

might lead to increasing adverse effects on the coastal environment. 

 

Keywords: Diffusive Gradients in Thin-films, Trace metals, Lability, Coastal 

Environment, Belgian Coastal Zone 
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3.1. Introduction 

Anthropogenic pressures and pollution issues are nowadays difficult topics to 

avoid when discussing about environmental research. Humans have certainly 

seriously changed and reformed the environment. During the XIX century, at 

the beginning of the industrial era, mines, plastic or fertilizer producers and 

refineries appeared on our landscape releasing tons of pollutants. These 

organic and inorganic contaminants have been emitted for decades and by 

entering aquatic environments in various ways, they display adverse effects 

on these ecosystems today. The Belgian Coastal Zone (BCZ) is an example of 

an historically polluted area via metallic inputs from atmospheric deposition, 

direct wastewater discharge from coastal industries and the Scheldt Estuary 

which is enriched in trace metals from the industrial site of Antwerp (W. 

Baeyens, 1998; Paucot and Wollast, 1997; Van Ael et al., 2017; Zwolsman et 

al., 1996). The BCZ constitutes a transition area between the heavily polluted 

Scheldt estuary and the clean Atlantic waters entering the North Sea through 

the English Channel. Thus, the BCZ is an interesting area to study trace metal 

behavior, because of the variety of anthropogenic inputs (W. Baeyens et al., 

1998). 

Even if European environmental policies and regulations have taken actions 

to lower pollutant emissions (see for example the Water Framework 

Directive), their effect on the contamination level in marine systems is 

sometimes still surprising. While particulate trace metal levels decreased in 

the BCZ (Zwolsman et al., 1996), the dissolved trace metal concentrations 

increased in the last decade (Gao et al., 2013). The change in metal species 

from particulate to dissolved phase is nowadays a big concern because it could 

influence more directly the bioavailability of trace metals (TM) towards 

marine fauna and flora in the North Sea. 
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Our research is part of the NewSTHEPS project (New Strategies To assess 

Hazardous chemicals in the Environment using Passive Samplers, Belgian 

Science Policy Office) and aims at developing new monitoring systems and 

models for pollutants in the Belgian Coastal Zone, and eventually assessing 

the resulting anthropogenic pressure on the marine environment 

(www.newstheps.be). In this project, trace metal speciation, in which 

particulate and dissolved phases were separated using 0.45µm filtration, was 

investigated in the water column. However, the total dissolved trace metal 

concentration is not representative for the bioavailable metal fraction, the 

toxicity potential and the impact on the marine ecosystem: therefore, labile 

fractions of trace metal complexes were studied using the passive sampling 

technique of Diffusive Gradients in Thin-films (DGT; Davison, 2016). It has 

been shown that the bioavailable fraction corresponds to free metal ions and 

the most labile trace metal complexes (e.g. Baeyens et al., 2018; Simpson et 

al., 2012; Tessier and Turner, 1995). 

Besides the assessment of metal pollutant levels, it is also interesting to obtain 

information about the origin of those pollutants. Carbon and nitrogen contents 

and their isotopic signatures in Suspended Particulate Matter (SPM) will help 

us to determine the origin (autochthonous or allochthonous) of the particulate 

organic matter (Raymond and Bauer, 2001). The objectives of the study 

presented here are (i) to explore the lability of trace metals in the water column 

of the Belgian North Sea coastal zone using DGT probes; this is also the first 

time that DGT samplers are deployed in situ in the water column of the BCZ, 

for studying the speciation of dissolved pollutants. (ii) to characterize the 

environmental status of this specific aquatic environment; (iii) to compare the 

trace metal behavior in Belgian coastal harbors with an offshore location; and 

finally (iv) to assess the anthropogenic pressure on coastal ecosystems by 

tracing back the origin of the Suspended Particulate Matter (SPM). 

http://www.newstheps.be/
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3.2. Material and methods 

3.2.1. Chemicals and materials 

For the material cleaning and preparation (Niskin and Teflon bottles, Teflon 

and glass plates), nitric acid (HNO3; Fisher, Trace Metal Grade, 65%), 

distilled nitric acid (distilled in the laboratory), Milli Q water (Millipore) were 

used. For DGT preparation, Chelex®-100 (Bio-Rad, 200-400 mesh size), 

cross-linker (DGT Research, Lancaster), acrylamime (40%, Merck), 

ammonium persulfate (APS; Merck), tetramethylethylenediamine 

(TEMED; Merck, > 99%), DGT pistons (caps and bases, DGT research, 

Lancaster), 0.45 µm-pore size filter membranes and NaCl (Merck, Suprapur) 

were used. For DGT treatment, 1M HNO3 was prepared by diluting 63 mL 

HNO3 (Fisher, Trace Metal Grade, 65%) to 937 mL Milli Q water. For sample 

treatments, distilled nitric acid (HNO3; Fisher, Trace Metal Grade, 65%; 

distilled in the laboratory), Milli Q water (Millipore), ammonia (NH3; Merck, 

Suprapur, 25%), glacial acetic acid (CH3COOH; Fisher, Trace Metal Grade, 

>99%), HCl (Fisher, Trace Metal Grade, 37%), HF (Fischer, Trace Metal 

Grade, 40%) and H3BO3 (Fischer, Trace Metal Grade, 4%) were used. 

3.2.2. Study sites 

The BCZ is a shallow marine environment as the water depth varies between 

15 and 30 meters. This part of the North Sea is also particular for its high 

turbidity and low salinity due to the mixing of estuarine water with seawater 

and to strong tidal currents. The outflow of the Scheldt estuary creates a gyre 

in front of the Belgian coast which strongly increases the residence time of 

solutes and particles in this area (W. Baeyens et al., 1998; Nihoul and Hecq, 

1984; Paucot and Wollast, 1997). 



96 

 

In this study, five stations were selected and sampled during sampling 

campaigns in Spring and Autumn (in April and October 2017, in March and 

October 2018). Four stations are located in two harbors along the Belgian 

coast: HO-1 and HO-2 in Oostende, HZ-1 and HZ-2 in Zeebrugge. The fifth 

station OZ-MOW1 is located in the North Sea, about 5 km away from the 

coastline (Figure 3.1). The coordinates of each station are mentioned in the 

Supplementary Information (SI). Oostende and Zeebrugge harbors have both 

hosted a variety of industrial harbor activities for several decades and are 

therefore good candidates for the study of marine sites polluted by high metal 

loads. Strong tidal currents at station OZ-MOW1, which is an offshore station 

resulted in loss of passive samplers. Therefore, no DGT data are available for 

this station in 2018. 

Figure 3.1: Location of the sampling sites on the Belgian Coastal Zone (BCZ; 

adapted from Chemical Oceanography Unit, University of Liège, 2008) 
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3.2.3. DGT sampling and analysis 

The DGT technique relies on controlled diffusive transport of the analyte and 

is either used in the water column (e.g. Baeyens et al., 2011; Zhang and 

Davison, 1995) to assess labile trace metal fractions or inserted vertically in 

sediments (e.g. Gao et al., 2006, 2015; Zhang et al., 2002) to determine high-

resolution profiles of trace element concentrations and/or fluxes at the water-

sediment interface. It is generally composed of two hydrogel layers: a 

polyacrylamide hydrogel that is backed up by a second polyacrylamide 

hydrogel layer containing the metal-selective Chelex®-100 accumulative 

resin. DGT samplers allow us to obtain a time integrated concentration of the 

labile trace metal fractions in an aquatic system (Davison, 2016b). The labile 

metal concentrations obtained from DGT measurement are good indicators of 

the element bioavailability in the environment (Bade et al., 2012; Roig et al., 

2011; Sierra et al., 2017; Simpson et al., 2012), i.e. as a general case, the 

bioavailability is dependent on the labile metal concentration, estimated by 

CDGT in our work (Baeyens et al., 2018b). The DGT piston consists of a round 

plastic molding (a cap and a piston base, both assembled), holding together 

three successive layers, which are, from the cap to the bottom piston: a 

membrane filter (0.45 µm pore size cellulose acetate – 0.125 mm thick), a 

diffusive hydrogel (polyacrylamide hydrogel – 0.8 mm thick) and finally a 

resin gel (binding Chelex®-100 resin – 0.4 mm thick). 

The diffusive hydrogel, the resin gel and DGT probes were prepared and 

handled under a laminar flow hood in a clean laboratory room before each 

campaign and according to the method reported by Zhang and Davison (Zhang 

and Davison, 1995) and described in the Supplementary Information (SI). At 

each sampling station, 6 DGT pistons were enclosed in a plastic cage which 

was held with a nylon rope 2 m below the water surface, anchored to the 

seabed using a weight and lifted to the surface with the help of a buoy. The 
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deployment time and temperature at each station were recorded during the 

campaigns and were further used for DGT concentration calculations. 

After deployment and recovery of the DGT devices in the field, the labile trace 

metals, accumulated on the resin gel, were eluted in 1 mL of 1M HNO3 for at 

least 24 hours. The eluents were then diluted ten times with MQ-water prior 

to their analysis. From the total mass of accumulated metal, the average labile 

trace metal concentration was calculated following Fick’s law (Eqn 3.1), 

assuming perfect sink conditions (i.e. all metal ions arriving at the interface 

between the diffusive hydrogel and the resin gel are immediately bound to the 

resin): 

   𝐶𝐷𝐺𝑇 =
𝑚 × ∆𝐺

𝐷 × 𝐴 × 𝑡
    Equation 3.1 

where CDGT is the labile metal concentration in the seawater in µg L-1, m is the 

trace metal mass accumulated on the resin gel, ΔG is the total thickness of the 

diffusive domain in cm [diffusive gel, membrane filter, Diffusive Boundary 

Layer (DBL, 0.2 mm; see SI for details)], D is the diffusion coefficient of the 

trace metal in E-6 cm2 s-1, A is the DGT piston window area in cm2 and t is the 

deployment time of the piston in s. 

3.2.4. Sampling and sample treatment for metals 

3.2.4.1. Total dissolved trace metals 

At the same time DGTs were deployed, seawater samples were taken 2 m 

below the surface using HDPE Niskin bottles. Prior to use, these bottles were 

cleaned with 10% HNO3, rinsed three times with Milli-Q water in the 

laboratory and with seawater in the field. 500 mL of seawater samples were 

then filtered using 0.45 µm pre-weighted filter membranes (Durapore®, HVLP 

grade). The solution was acidified with 0.2% distilled HNO3 and then stored 

in clean Teflon bottles. The filters were later treated for the analysis of 
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particulate compounds. As dissolved trace metals are generally present in the 

BCZ at ng L-1 levels (W. Baeyens et al., 1998), their concentrations are often 

close to the detection limit of most analytical instruments. Moreover, the 

complexity of the seawater matrix represents a second challenging issue for 

ICP-MS analysis. The salt matrix can crystallize and cause clogging of 

instrument tubing and nebulizer, and even damage some parts of the 

instrument. In order to avoid these analytical problems, a pre-concentration 

method using a solid-phase extraction (SPE) of the trace element from the 

seawater sample with a cation-exchange resin (Chelex®-100, 200-400 mesh 

size), is proposed. 

To 100 mL of filtered and acidified seawater, 2.5 mL of concentrated 

ammonium acetate buffer were added to reach a sample pH of 5. Next, a 

succession of treatments was carried out on the Chelex-100 resin all at a flow 

rate of 4 mL min-1: (1) the pre-conditioning of the home-made column with 

10 mL 2M HNO3 / 1M HCl, 10 mL Milli-Q-water, 10 mL diluted NH4Ac (pH 

5) and 10 mL Milli-Q-water; (2) loading of the samples on the column, with 

retention of the metals on the resin; (3) rinsing of the column with 10 mL of 

diluted NH4Ac (pH 5) and 10 mL Milli-Q-water, in order to remove the salt 

matrix and also other interfering elements from the resin; (4) elution of the 

trace metals from the column using 2M HNO3 as eluting agent. The reagent 

preparations are described in the SI. The acidic eluent resulting from this last 

step was stored at 4°C prior to analysis. In order to validate the method, a 

multi-element standard solution (Merck, ICP-MS standard XIII, 1ppm; 

including Cd, Cu, Pb, Ni, Co) was used as a spike in North Sea samples, 

reaching a concentration of 10 µg L-1 and then introduced into the SPE system 

before testing the real seawater samples. The recovery of Cd, Cu, Pb, Ni, Co 

was respectively 90, 95, 86, 96, and 96%. 
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3.2.4.2. Particulate metals 

The filters used for seawater sample filtration were dried under a laminar flow 

hood for 2 days and weighted again. The mass difference of the filters was 

recorded for the calculation of particulate metal concentrations. The filters 

were then introduced into clean Teflon tubes where 3mL of concentrated HF 

(40%), 3mL of concentrated HCl (37%) and 1mL of concentrated HNO3 

(65%) were added. The solution was heated at 70°C overnight and finally after 

cooling down, 20 mL of H3BO3 (4%) were added to the Teflon bottles. This 

solution was then heated at 70°C for three hours. Once the solution was cooled 

down again, it was transferred to PE vessels and further diluted for analysis. 

To validate the process, two certified reference materials MESS-3 (marine 

sediment, National Research Council Canada) and IAEA-405 (estuarine 

sediment, International Atomic Energy Agency) were treated in the same way 

as samples. All reference sample results were within the range of the certified 

values. 

3.2.5. Sampling and sample treatment for organic matter 

500 mL of seawater samples were collected in a similar way as for metals, 

then filtered using 0.70 µm pre-treated (i.e. heated at 500 °C for 2 hours) and 

pre-weighted glass-microfiber filters (Sartorius Stedim Biotech, 0.70 µm pore 

size, MGF grade). For each station, three replicates were carried out. After 

filtration, the glass-microfiber filters were dried in the oven at 50°C overnight 

and weighted again. The filters were then used for particulate carbon 

concentrations (POC) and isotope ratio determinations. A subsample of each 

filter was placed for 24 hours in an acid-fume chamber (HCl fumes) to remove 

the carbonate fraction and therefore only organic carbon content was obtained. 

The acidified subsamples were then heated to 50 °C during at least two hours, 

folded, enclosed in tin cups and analyzed. Another subsample of each filter 
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was also folded, enclosed in tin cups without any additional treatment and 

analyzed, in order to measure its total carbon (inorganic and organic) content. 

3.2.6. Analysis and validation 

3.2.6.1. Trace metal analysis 

In the final solutions, trace metals (Cd, Cu, Pb, Ni, Co and Al) were 

determined using a High Resolution-Inductively Coupled Plasma Mass 

Spectrometer instrument (HR-ICP-MS, Thermo Finnigan Element II). 

Calibration was carried out with appropriate dilutions of an acidified multi-

element stock solution (Merck, ICP-MS standard XIII). Indium was used as 

an internal standard. Limits of detection (LOD) were around 0.002 µg L-1 for 

Cd, 0.05 µg L-1 for Cu, 0.011 µg L-1 for Pb, 0.005 µg L-1 for Co, 0.033 µg L-1 

for Ni and 6.8 µg L-1 for Al. The relative standard deviation (RSD) was about 

10% for all metal species. 

 

3.2.6.2. Carbon and stable isotope ratio analysis 

The amount of POC and the stable isotope ratio of the samples were 

determined using an Elemental Analyzer coupled with an Isotope Ratio Mass 

Spectrometry (EA-IRMS instrument, Flash EA112, Delta V Plus, Thermo 

Scientific). Isotope ratios are here reported in the conventional isotope 

terminology and calculated following the formula (Eqn 3.2): 

𝛿(‰)  =  
𝑅𝑠𝑎𝑚𝑝𝑙𝑒

𝑅𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑
 ×  1000   Equation 3.2 

where δ stands for δ13C and Rsample and Rstandard are the 13C/12C ratios of the 

sample and the standard, respectively. For carbon measurements, the certified 

reference material IAEA-CH6 sucrose was used as internal standard. The RSD 

of the measurements was below 7%. 
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3.2.7. Statistical analysis 

Statistical analyses were performed based on a Principal Component Analysis 

(PCA) and a Hierarchical Ascending Classification method (HAC) using the 

R data processing software (www.r-project.org). Two packages were used in 

this study: corrplot and FactoMineR. These multidimensional exploratory 

statistics allowed individuals (here, the sampling points) to be divided into 

groups, called clusters, so that similar individuals are in the same group. In a 

nutshell, the aim is to build homogeneous groups depending on the results 

obtained for each sampling point. For the parameters, the aim is to search for 

correlations between the labile, total dissolved and particulate trace metals. 

 

3.3. Results 

3.3.1. Suspended Particulate Matter  

3.3.1.1. Particulate carbon concentrations and stable 

isotope ratios 

SPM amount at station OZ-MOW1 is much higher than at the harbor stations 

and reaches its highest peak in October 2017 (304 mg L-1; Figure 3.2). Tidal 

currents at the offshore station are usually stronger than in the coastal harbors, 

causing much higher resuspension of bottom sediments and higher SPM 

concentrations. Conversely, station HO-1 shows the lowest amount of SPM in 

October 2017, below 50 mg L-1. In most cases, the carbon content of SPM is 

dominated by Corg with percentages ranging between 45 and 100% of total C, 

but stations OZ-MOW1 and HZ-2 also show a high amount of inorganic C 

(respectively 44% and 36% of total C in average). No particular seasonal trend 

is noticed at our scale of monitoring. In terms of concentration, POC contents 

are higher at OZ-MOW1 than in the harbors reaching a maximum value of 

275 µM in October 2017. At OZ-MOW1, the POC concentration varies 

http://www.r-project.org/
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around 1.5-3.6 mg L-1 of carbon. Compared to the 200-300 mg L-1 of SPM, 

the organic fraction is very small. This is typical for a shallow sea with sandy 

sediments and strong tidal currents. Conversely, the values are the lowest in 

Zeebrugge harbor; it varies from 14 to 106 µM at HZ-1 and from 17 to 85 µM 

at HZ-2. Moreover, POC contents in the harbor stations exhibit the highest 

values in Springtime, with the maximum concentration found at HO-2 (164 

µM). δ13C isotopic ratios fluctuate over a wide range: between -41 and 3.4‰. 

At the harbor stations, δ13C isotopic ratios increase from Spring to Autumn in 

both years (Fig. 3.2). In contrast, δ13C values remain stable at around -20‰, 

at the marine station OZ-MOW1. 
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Figure 3.2: Seasonal variations of the SPM composition in the BCZ water 

column 
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3.3.1.2. Particulate metals 

Particulate trace metal values have been normalized to those of aluminum, as 

this element is the major component of fine-grained aluminosilicates which 

are strongly associated with trace metals. Aluminum is commonly used as a 

reference element when studying metal contents in marine SPM (Dehairs et 

al., 1989; Regnier and Wollast, 1993). The range of particulate normalized 

(x104) concentrations is 1-3 for Co, 2-67 for Cu, <0.2-35 for Ni, 0.1-2.5 for 

Cd, 4-217 for Pb (Table 3.1). 
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Table 3.1: Seasonal and spatial variations of particulate trace metal 

concentrations in the BCZ water column, normalized to Al x104 

Element Station min. - max. Average Median 

EQS* particulate 

(mg kg-1) BRCs* particulate 

Cd HO-1 0.1 - 2.4 0.9 0.6 

2.5 0.018 

 HO-2 0.1 - 2.5 0.9 0.5 

 HZ-2 0.2 – 2 0.7 0.3 

 HZ-1 0.1 - 1.1 0.5 0.3 

 OZ-MOW1 0.1 - 0.3 0.1 0.1 

Pb HO-1 11 - 217 66 18 

53.4 1.7 

 HO-2 6 - 17 10 9 

 HZ-2 4 - 8 6 6 

 HZ-1 4 - 8 6 6 

 OZ-MOW1 4 - 12 7 5 

Co HO-1 2 - 3 2 2 

- 3 

 HO-2 1 - 2 2 2 

 HZ-2 1 - 2 2 2 

 HZ-1 1 - 2 2 2 

 OZ-MOW1 2 - 3 2 2 

Ni HO-1 4 - 35 16 12 

4.3 10.6 

 HO-2 0.3 - 6 3 3 

 HZ-2 <0.2 - 5 3 4 

 HZ-1 2 - 13 6 4 

 OZ-MOW1 4 - 15 8 6 

Cu HO-1 15 - 56 35 34 

- 7.8 

 HO-2 6 - 16 10 9 

 HZ-2 10 - 15 13 12 

 HZ-1 4 - 12 8 9 

 OZ-MOW1 2 - 67 19 4 

 *Environmental Quality Standard (EQS); Background/Reference Concentrations (BRCs; 

reference in Earth’s crust, normalized to Al x104) 
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These broad ranges highlight spatially and temporally concentration 

differences. For particulate Cd, all stations follow the same trend: the 

concentrations increase from 2017 to 2018 (+ 0.2 offshore and + 1.5 in the 

harbors), and values are higher for Oostende harbor stations. For the other 

elements, the temporal trends seem to be station and element dependent. 

Particulate Co concentrations remain steady over the whole year and at all 

stations, with average values of 2. SPM is most enriched in Cd, Cu, Ni, Pb, 

and Co at station HO-1 (Table 3.1), despite its low amount. Station OZ-

MOW1, which is supposedly less influenced by anthropogenic activities as it 

is situated further away from the coastline, is the second most contaminated 

in particulate trace metals, only for Cd and Pb station HO-2 shows higher 

levels. Conversely, Zeebrugge harbor stations (HZ-1 and HZ-2) show the 

lowest values for all elements. 

Regarding Water Quality Standards for particulate trace metals in seawater 

(Bass et al., 2008; Grimwood and Dixon, 1997), particulate concentrations of 

Cd and Pb are below the threshold values of the Environmental Quality 

Standard (EQS), except for Pb at station HO-1 where the EQS value (53.4 mg 

kg-1) is exceeded (66 mg kg-1). Particulate concentrations measured for Ni are 

above the EQS value of 4.3 mg kg-1, except for stations HO-2 and HZ-2. The 

particulate concentrations of Cd, Cu and Pb are all above the 

Background/Reference Concentrations (BRCs) and those of Co and Ni are all 

below the BRCs, except for particulate Ni found at HO-1. 

The enrichment factor (EF) is determined for each trace metal as follows (Eqn 

3.3): 

𝐸𝐹(𝑀𝑒) = (
𝑀𝑒

𝐴𝑙
)

𝑠𝑎𝑚𝑝𝑙𝑒
(

𝑀𝑒

𝐴𝑙
)

𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑
⁄  Equation 3.3 
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Where EF is the enrichment factor, Me is a trace metal, (
𝑀𝑒

𝐴𝑙
)

𝑠𝑎𝑚𝑝𝑙𝑒
is the ratio 

of the particulate metal and Al concentration in the sample, and 

(
𝑀𝑒

𝐴𝑙
)

𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑
is the ratio of the background metal and Al concentration 

(natural median levels in earth’s crust). EF values are ranked into five 

categories ranging from low (EF < 2) to high enrichment (EF > 40) (Barbieri, 

2016) and are given in SI. Overall, SPM shows a wide range of enrichment 

for all trace metals and at all stations. EF values of Co and Ni are ≤ 2, which 

is equivalent to a minimal enrichment. The same is true for Cu, at the 

Zeebrugge harbor stations and HO-2. Moderate enrichments are observed for 

Cu (HO-1 and OZ-MOW1), and Pb (Zeebrugge harbor stations and OZ-

MOW1). Finally, very high enrichments are found for particulate Pb 

(Oostende harbor stations) and Cd (all stations). Regardless of the element, 

the highest enrichment is always found at station HO-1, while the lowest ones 

are found at HZ-1 for Pb and Cu, at HZ-2 for Ni and Co and at OZ-MOW1 

for Cd. In average, particulate Cd displays the highest EF values. 

 

3.3.2. Trace metals in the dissolved fraction 

3.3.2.1. Total dissolved trace metals 

The range of dissolved trace metal concentrations investigated in our study is 

0.03-0.40 g L-1 for Co, 0.4-10.1 g L-1 for Cu, 0.49-2.83 g L-1 for Ni, 0.08-

0.19 g L-1 for Cd, <0.011-0.54 g L-1 for Pb (Table 3.2). 
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Table 3.2: Seasonal and spatial variations of dissolved trace metal 

concentrations in the BCZ water column 

    
 EQS* dissolved  

Element Station 

min. - max. 

(g L-1) 

Average 

(g L-1) 

Median 

(g L-1) YA* MAC* 

BRCs* 

dissolved 

Cd HO-1 0.08 - 0.19 0.11 0.09 

0.2 0.45 0.004 - 0.009 

 HO-2 0.09 - 0.16 0.11 0.10 

 HZ-2 0.10 - 0.15 0.11 0.11 

 HZ-1 0.10 - 0.14 0.12 0.12 

 OZ-MOW1 0.09 - 0.19 0.13 0.12 

Pb HO-1 0.08 - 0.54 0.28 0.26 

1.3 14 0.033 

 HO-2 0.04 - 0.15 0.09 0.09 

 HZ-2 <0.011 - 0.015 0.01 0.01 

 HZ-1 <0.011 - 0.13 0.04 0.02 

 OZ-MOW1 0.02 - 0.53 0.19 0.10 

Co HO-1 0.10 - 0.40 0.26 0.26 

- 19 0.0035 

 HO-2 0.06 - 0.29 0.17 0.16 

 HZ-2 0.05 - 0.13 0.09 0.09 

 HZ-1 0.06 - 0.13 0.09 0.09 

 OZ-MOW1 0.03 - 0.14 0.07 0.06 

Ni HO-1 0.27 - 2.83 1.78 2.01 

8.6 34 0.140 

 HO-2 0.62 - 1.91 1.20 1.13 

 HZ-2 0.49 - 0.61 0.54 0.53 

 HZ-1 0.61 - 0.63 0.62 0.63 

 OZ-MOW1 0.61 - 1.01 0.77 0.73 

Cu HO-1 1.40 - 2.18 1.64 1.49 

- 10 0.070 

 HO-2 0.67 - 1.04 0.88 0.90 

 HZ-2 0.60 - 1.60 0.87 0.65 

 HZ-1 0.44 - 1.02 0.83 0.94 

 OZ-MOW1 0.32 - 10.1 2.99 0.79 

 *Environmental Quality Standard (EQS); Yearly Average (YA); Maximum Acceptable 

Concentration (MAC); Background/Reference Concentrations (BRCs) 
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Highest concentrations (average) of Pb, Co and Ni are recorded at HO-1 while 

those of Cd and Cu at OZ-MOW1. The 2 stations of Zeebrugge harbor show 

similar concentration ranges for all elements, while this is not the case for 

Oostende harbor. Higher Co and Ni concentrations are observed in Springtime 

than in Autumn at stations HO-1 and HO-2. At HZ-1, HZ-2 and OZ-MOW1, 

no particular trend is recorded over the year whatever the metal considered. 

Regarding dissolved Pb, higher concentrations are observed for the stations 

HZ-1 and OZ-MOW1 in October 2017, while they are more or less constant 

at the other stations for the rest of the year. At station HO-1 higher dissolved 

Pb concentrations occurred in October 2018. 

Dissolved concentrations of Ni and Pb are all below the Water Quality 

Standards (EQS-yearly averages) for dissolved trace metals in seawater 

(Journal Officiel de la République Française, 2018; Maycock et al., 2011), 

while dissolved Cd is slightly lower than the EQS-yearly average value of 0.2 

g L-1. At the offshore station OZ-MOW1, a very high Cu concentration has 

been surprisingly measured in October 2017: up to 10 µg L-1, which is equal 

to the Maximum Acceptable Concentration value (MAC). 

 

3.3.2.2. Labile trace metals 

Labile metal concentrations range between 0.02-0.22 g L-1 for Co, 0.09-0.60 

g L-1 for Cu, 0.25-0.64 g L-1 for Ni, 0.003-0.049 g L-1 for Cd, <0.011-0.23 

g L-1 for Pb (Table 3.3). 
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Table 3.3: Seasonal and spatial variations of labile trace metal concentrations 

in the BCZ water column 

    

 EQS** 

dissolved  

Element Station 

min. - max. 

(g L-1) 

Average 

(g L-1) 

Median 

(g L-1) YA** MAC** 

BRCs** 

dissolved 

Cd HO-1 0.005 - 0.037 0.018 0.015 

0.2 0.45 0.004 - 0.009 

 HO-2 0.003 - 0.049 0.021 0.017 

 HZ-2 0.010 - 0.028 0.018 0.016 

 HZ-1 0.014 - 0.036 0.022 0.018 

 OZ-MOW1* 0.027 - 0.029 0.028 0.028 

Pb HO-1 0.015 - 0.024 0.019 0.018 

1.3 14 0.033 

 HO-2 0.014 - 0.024 0.017 0.015 

 HZ-2 <0.011 - 0.020 0.014 0.014 

 HZ-1 0.019 - 0.024 0.021 0.021 

 OZ-MOW1* 0.017 - 0.234 0.126 0.126 

Co HO-1 0.055 - 0.087 0.071 0.071 

- 19 0.0035 

 HO-2 0.053 - 0.081 0.065 0.063 

 HZ-2 0.045 - 0.100 0.067 0.062 

 HZ-1 0.018 - 0.112 0.061 0.057 

 OZ-MOW1* 0.028 - 0.221 0.125 0.125 

Ni HO-1 0.43 - 0.59 0.49 0.47 

8.6 34 0.140 

 HO-2 0.35 - 0.55 0.42 0.39 

 HZ-2 0.27 - 0.45 0.36 0.35 

 HZ-1 0.25 - 0.45 0.37 0.40 

 OZ-MOW1* 0.40 - 0.64 0.52 0.52 

Cu HO-1 0.10 - 0.46 0.25 0.22 

- 10 0.070 

 HO-2 0.10 - 0.28 0.17 0.16 

 HZ-2 0.21 - 0.60 0.41 0.42 

 HZ-1 0.17 - 0.28 0.22 0.21 

 OZ-MOW1* 0.09 - 0.26 0.17 0.17 

 *for OZ-MOW1, only the samples from April and October 2017 are taken into 

account  
 **Environmental Quality Standard (EQS); Yearly Average (YA); Maximum Acceptable 

Concentration (MAC); Background/Reference Concentrations (BRCs) 
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On average, highest labile concentrations are found at station OZ-MOW1 for 

all elements, except for Cu whose average concentration is higher at HZ-2 

reaching 0.41 g L-1. Labile trace metal concentrations at the harbor stations 

do not differ significantly (except Cu at HZ-2): using average values, they 

range between 0.018 and 0.022 g L-1 for Cd, 0.014-0.21 g L-1 for Pb, 0.06-

0.07 g L-1 for Co, 0.36-0.49 g L-1 for Ni, 0.17-0.25 g L-1 for Cu. Temporal 

trends are observed for Cd and Cu: for Cu, the concentrations are higher in 

Autumn at stations HZ-2 and HO-1 (respectively, 0.6 and 0.4 g L-1 in 

Autumn, 0.2 and 0.1 g L-1 in Spring), while for Cd it is the opposite 

(respectively, 0.012 and 0.010 g L-1 in Autumn, 0.023 and 0.026 g L-1 in 

Spring). 

As no labile reference values yet exist, our labile metal concentrations are 

compared with Water Quality Standards for total dissolved trace metal 

concentrations in seawater (Journal Officiel de la République Française, 2018; 

Maycock et al., 2011): labile levels are all below the EQS-yearly average 

values. 

3.3.3. Partitioning of trace metals between the solid and the 

liquid phases 

Three trace metal pools in seawater have been considered: dissolved labile 

metal complexes, dissolved non-labile metal complexes and particulate metals 

(Figure 3.3). Average values over one-year sampling at each station were 

used. 
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Figure 3.3: Trace metal distribution between particulate, dissolved and labile 

forms, in the BCZ water column 
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Three metals show a clear pattern: for Cd, the dissolved non-labile fraction 

seems to be dominant while for Pb and Co (except at HO-1), the particulate 

one is dominant. For the other metals, there is no clear pattern: for Ni, the 

dissolved non-labile fraction seems to be more important at Oostende harbor, 

while the labile one dominates at Zeebrugge harbor and the particulate fraction 

is higher at the marine station OZ-MOW1. For Cu, the particulate fraction is 

dominant at OZ-MOW1, the dissolved non-labile fraction is slightly higher 

than the particulate one at Oostende harbor and HZ-1, while the three fractions 

are more or less equilibrated at station HZ-2. 

Moreover, the ratio of labile to total dissolved concentrations was determined 

for each element according to the following formula (Eqn 3.4): 

Lability =  
[TM]labile

[TM]dissolved
× 100   Equation 3.4 

Where [TM] is the trace metal concentration, either for the labile fraction or 

for the total dissolved amount (both in g L-1). The results are presented in 

Figure 3.4. 
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    *for total dissolved and therefore labile Pb at HZ-2, 3 values out of 4 were below 

the LOD. The bar chart only represents the ratio measured in October 2017. 
** for total dissolved and therefore labile Pb at HZ-1, 2 values out of 4 were below 

the LOD. The bar chart represents the average of the ratios measured in October 

2017 and March 2018. 

 

Figure 3.4: Trace metal lability, in the BCZ water column. The lability ratios 

result from an average of all the measurements. 
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The higher the labile fraction, the more the metal is bioavailable and the 

greater the threat for the marine ecosystem (Baeyens et al., 2018b; Simpson 

et al., 2012). Based on Figure 3.4, the lability of Cd varies from 15 to 24%, 

showing the lowest lability values of all elements. Annual averages are similar 

at all stations, except that a slightly higher lability is observed at station OZ-

MOW1. The maximum lability is observed in Springtime for Cd. The lability 

of Pb varies between 10 to 52% (the largest range of all metals), with the 

highest value found at the marine station OZ-MOW1 and the lowest at HO-1. 

Cobalt displays the highest lability with values varying from 36 (HO-1) to 

76% (HZ-2). The lability of Ni fluctuates from 41 to 70%, station HO-2 

showing the minimum value and OZ-MOW1 the maximum one. Labile Cu 

varies from 16 to 52%. The highest average value for Cu is found at station 

HZ-2 and the lowest at HO-1. 

To estimate the affinity of each trace metal for the dissolved or particulate 

phase, the partition coefficients KD were calculated according to Equation 3.5: 

KD =
[TM]particulate

[TM]dissolved
   Equation 3.5 

Where [TM] is the total trace metal concentrations, either in its dissolved (in 

g kg-1 water) or particulate phase (in g kg-1 suspended matter). The 

logarithm of KD is presented in SI. Log KD
Cd and log KD

Co respectively vary 

from 2.7 to 4.3 and from 3.5 to 5.3. Cd and Co have the largest KD ranges, 

compared to the other elements. Log KD
Pb varies from 4.6 to 6.0 and has, 

compared to the other elements, the highest KD values. Log KD
Ni fluctuates 

from < 2.4 to 4.7, with the maximum value at station HO-1. Looking at the 

annual average values, the differences between stations are small, except for 

Pb at HZ-2 and Co at OZ-MOW1.  
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3.3.4. Statistical analysis 

3.3.4.1. Principal Component Analysis and parameter 

correlations 

Labile and particulate Cr(III), Fe and Mn concentrations have been added to 

the data set to gain more insight on trace metal behavior in the water column 

(labile Cr(III), Fe and Mn were obtained by DGT measurements as described 

in 3.2.3, while particulate fractions were obtained with filter digestions as 

described in 3.2.4.2). As shown in Figure 3.5, the parameter correlogram help 

us to visualize correlations between variables in the water column. 

Figure 3.5: Correlogram of the parameters. The blue circles indicate positive 

correlations; the red circles indicate negative correlations. The size of the 

circles and the intensity of their color are proportional to the strength of the 

correlation. The legend indicates the link between colors and coefficients. 
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Labile and particulate concentrations of Cr (III), Fe and Mn have been added 

to the data set to gain more insight on parameter correlations (labile Cr(III), 

Fe and Mn were obtained by DGT measurements as described in 3.2.3, while 

particulate fractions were obtained with filter digestions as described in 

3.2.4.2). 

 

 

For most of the trace metals, the dissolved and particulate concentrations are 

grouped together and show positive correlation factors (Fig. 3.5). According 

to the correlogram and the associated p-values (available in the SI), particulate 

Co, Ni and Fe are negatively correlated with the temperature (p < 0.05). The 

same significant negative correlation is observed between labile Cd and the 

temperature. 

Furthermore, the SPM amount and its POC content are also grouped together 

with the dissolved and particulate elements. Moreover, the POC content 

displays a significant (p < 0.05) negative correlation with labile concentrations 

of Cu. Labile trace metals are grouped separately from the dissolved and 

particulate ones and do not show significant correlation with them (Fig. 3.5; p 

> 0.05). δ13C values are negatively related with the concentrations of labile 

Mn, dissolved Cd, Co, Ni, and particulate Cr (p < 0.05). 
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3.3.4.2. Hierarchical Ascending Classification 

The HAC plot (Figure 3.6) distributes our data set in five different clusters. 

 

Figure 3.6: Dendrogram of the samples from all the campaigns, resulting 

from a HAC analysis 

 

Cluster 1, which is the biggest group, contains all the harbor stations sampled 

in October 2018, all the harbor stations (except HO-1) sampled in October 

2017 and the samples taken in Zeebrugge harbor in March 2018. These 

samples are characterized by higher particulate Cd and higher 13C values, 

lower contents of POC, labile Mn, dissolved Co, dissolved Ni and particulate 

Cr. Cluster 2 gathers all the harbor samples from April 2017 (except HO-1) 
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and the HO-1 sample from October 2017. These samples are characterized by 

higher labile Mn, while they show lower values for labile Cd, particulate Cd 

and Mn. Cluster 3 only contains station OZ-MOW1 sampled in April 2017, 

which has higher concentrations of labile Co, Cr(III), Fe, Ni and Pb. Cluster 

4 gathers the samples from Oostende harbor (HO-1 ad HO-2) in March 2018 

and HO-1 from April 2017. These samples are characterized by higher 

concentrations of labile Cd, dissolved Co, Ni and particulate Co, Cr, Fe, Mn. 

Finally, cluster 5 only comprises the sample from OZ-MOW1 taken in 

October 2017, which shows higher contents of SPM and POC and higher 

concentrations of dissolved Cd, Cu, Pb and particulate Cu. 

 

3.4. Discussion 

 3.4.1. Organic matter origin 

The change of δ13C values in the harbors stations indicates a change in the 

SPM origin. The results from April 2017 (-20 to -40‰) are in the harbors the 

lowest of the 4 campaigns and correspond to the range of δ13C values observed 

in POC of the Scheldt estuary (De Brabandere et al., 2002). These results thus 

clearly indicate a dominance of allochthonous SPM in the harbors in April 

2017, coming from terrestrial sources (especially for HO-1 and HO-2). In the 

3 other sampling periods, the isotopic C signature of the POC ranges from -

10 to -20‰ indicating its autochthonous, marine origin. 

In October 2018 at station HZ-2, δ13C shows an exceptional high positive 

value, 3.4‰, which is even close to the inorganic carbon isotope values in 

shallow marine environments (Trumbore and Druffel, 1995). Although we 

follow the analytical procedures in a stringent way, it cannot be excluded that 

all carbonate material in the SPM of the HZ-2 sample was eliminated when 

δ13C was determined in the organic matter. This could have led to the high 
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δ13C result we found. At marine station OZ-MOW1, the particulate carbon 

source seems to remain almost constant during the monitoring period. The 

range and average values of δ13C suggest that autochthonous, marine organic 

matter prevailed in the SPM at this offshore station for all sampling periods. 

We can conclude that, in general, the POC in BCZ is of autochthonous origin 

even if the Scheldt Estuary constitutes one of the major freshwater sources. 

However, several factors influence its impact on the BCZ water composition 

such as the increase of salinity, dilution with the marine water mass and 

mixing processes with bottom sediments. Moreover, other smaller freshwater 

sources around or inside the harbors can also change the SPM composition 

and nature. 

 

 3.4.2. Labile versus total dissolved concentrations 

Regarding total dissolved levels in the BCZ, our results display higher 

concentrations than in the 80’s for Cu and Cd, and in the same range for Pb 

(Baeyens et al., 1987). Total dissolved concentrations measured in our study 

are also higher than in 2010 for Cd and Cu, while the concentration levels are 

in the same range for Pb (Gao et al., 2013). In the BCZ no labile trace metals 

were previously measured but our labile Cd results are in the same order of 

magnitude as those measured in Mediterranean and Black Sea coastal areas 

(Schintu et al., 2008; Slaveykova et al., 2009), while labile Cu, Ni and Pb 

show higher values in the BCZ. 

In the BCZ, Cd complexes are highly stable, while those of Co and Ni are 

mainly labile. The harbor station HO-1 shows the lowest lability for Pb, Co 

and Cu at their highest dissolved and particulate concentrations (i.e. the 

highest contamination level). On the other hand, Cd, Pb and Ni form the 

weakest complexes at the marine station OZ-MOW1, while Co and Cu form 
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the weakest ones at the harbor station HZ-2. A marina with a yacht refit and 

repair facility is located nearby station HZ-2. This infrastructure is used to 

take small boats out of the water and repair or restore them, using different 

kind of coatings and paints like copper-based boat paint. The later could 

explain high labile Cu concentrations measured at this station. 

Labile and total dissolved concentrations do not correlate well as shown in 

Figure 3.5. Moreover, it seems that when dissolved Co and Ni concentrations 

are lower, the labile fraction is higher and vice versa. Considering the ratio of 

labile-total dissolved concentrations at each station, different rankings can be 

observed: 

 

HO-1: Ni>Co>Cd>Cu>Pb 

HO-2: Co>Ni>Pb>Cd>Cu 

HZ-1: Co>Ni>(Pb>) Cu>Cd 

HZ-2: (Pb>) Co>Ni>Cu >Cd 

OZ-MOW1: Ni>Co>Pb>Cd=Cu 

 

The ratio varies between stations, but both stations located in Zeebrugge 

harbor show the same ranking of metal lability, highlighting again similarities 

between these two stations. Considering all stations, Co and Ni show the 

highest lability capacity, indicating that their complexes are more labile than 

for the other elements. There is no clear trend for Pb, Cu and Cd, but they have 

a tendency to form complexes with lower lability. These lability ratios in the 

BCZ reflect less lability for Cd complexes than those recently measured by 

voltammetric techniques in the Northern Adriatic Sea, while ratios found for 

Cu and Pb are in the same range as those in the BCZ (Illuminati et al., 2019b). 
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 3.4.3. Partitioning of trace metals 

While total dissolved trace metals were not correlated to their labile fraction, 

more similarities are found with their particulate fraction. This highlights that 

high dissolved or particulate trace metal concentrations do not necessarily 

imply high labile concentrations. As for the dissolved fraction, our results 

exhibit an important particulate trace metal contamination, especially for Cd. 

KD values reveal the affinity of a trace metal for either the particulate or the 

dissolved phase in the water column and vary depending on the element, the 

season and the location. Overall, our KD
Cd values are slightly lower than those 

found in other studies in the BCZ (W. Baeyens, 1998; Parmentier, 2002; 

Valenta et al., 1986), revealing less affinity for Cd for the particulate phase 

than during the last decades. For the other elements, their KD’s are within the 

range found in other studies (W. Baeyens, 1998; Parmentier, 2002; Valenta et 

al., 1986). All trace metals, except Cd, show higher solubility at HO-2 than at 

other stations. In general, log KD is highest for Pb, followed by Co, Cu, Ni and 

Cd: 

HO-1: KD
Pb > KD

Cu > KD
Co > KD

Ni > KD
Cd 

HO-2: KD
Pb > KD

Co > KD
Cu > KD

Cd > KD
Ni 

HZ-1: KD
Pb > KD

Co > KD
Cu > KD

Ni > KD
Cd 

HZ-2: KD
Pb > KD

Co > KD
Cu > KD

Cd =KD
Ni 

OZ-MOW1: KD
Pb > KD

Co > KD
Ni > KD

Cu > KD
Cd 

 

These rankings are in good agreement with results obtained at the mouth of 

the Scheldt estuary (Baeyens, 1998 - Pb>Zn>Cu>Cd). The high KD
Pb values 

are also in agreement with observations made by Valenta (1986), Baeyens 

(1998) and Parmentier (2002) in the BCZ. Stations from Zeebrugge harbor 

and HO-2 show similar rankings of partition coefficients. 
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The concentrations of the three pools in the water column (dissolved labile, 

dissolved non-labile and particulate - Fig. 3.3) were compared to other studies: 

in the BCZ, dissolved non-labile Cd is the largest pool of the total Cd content 

while particulate Pb dominates the total Pb content, as in the Northern Adriatic 

Sea (Illuminati et al., 2019b) or as shown in a previous study on the BCZ and 

along the Scheldt Estuary (Baeyens et al., 1987). Cu content is dominated by 

the dissolved fraction as shown by Baeyens et al. (1987) and Illuminati et al. 

(2019) (except at OZ-MOW1 were the particulate fraction is dominant), but 

does not account for 100% of the total Cu content as it was found in the 

Northern Adriatic Sea (Illuminati et al., 2019b). 

 

 3.4.4. Parameter correlations and influences 

Figure 3.5 clearly shows that a correlation exists between dissolved and 

particulate trace metals in the water column. However, the graph also confirms 

our previous observations: the labile fraction seems not correlated to dissolved 

and particulate trace metal concentrations. Furthermore, the SPM amount and 

its POC content seem to vary in the same way as the dissolved and the 

particulate metals. The POC content is also inversely proportional to labile 

concentrations of Cu. The impact of temperature variations is visible on 

particulate Co, Ni, Fe and labile Cd concentrations as they are negatively 

correlated, meaning that when temperature increases, particulate 

concentrations of Co, Ni, Fe and labile Cd decrease. This observation points 

out future possible effects of climate changes and resulting temperature rises 

of oceans and seas on the solubility of particulate metals and their lability 

potentials. On one hand and regarding δ13C values, the more autochthonous 

the organic matter is, the lower the concentrations of labile Mn, dissolved Cd, 

Co, Ni, and particulate Cr, meaning the less contaminated the suspended 
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matter will be for these elements. If we look at our entire data set, it can be 

pointed out that particulate metal concentrations follow the same trend as total 

dissolved metal concentrations. However, particulate and total dissolved trace 

metal fractions do not correlate well with their labile and hence bioavailable 

fractions. These results highlight differences in the behavior of dissolved 

labile, dissolved non-labile and particulate metals. 

 

3.4.5. Seasonality 

Our data set can be aggregated in five different clusters (Figure 3.6), which 

are strongly associated with seasonal variations. The two Zeebrugge harbor 

stations look similar to each other with low trace metal concentrations in 

Autumn and in Spring. In both Autumn seasons, all harbor stations show 

similar water compositions with the exception of HO-1 in October 2017 when 

low trace metal levels, a high concentration of particulate Cd and more 

autochthonous SPM are observed. Generally, station HO-1 shows more 

seasonal variabilities with lower trace metal levels in Autumn and higher trace 

metal levels in Spring. Offshore station OZ-MOW1 shows variability between 

Spring and Autumn too: in Spring, higher labile concentrations for Co, Cr(III), 

Fe, Ni and Pb are measured, while in Autumn the dissolved and particulate 

metal levels are the highest. Differences in trace metal behavior between the 

marine and harbor stations are consequently highlighted. Even if the marine 

station is only located 5 km away from the coast, stronger currents and wind 

intensities most likely influence OZ-MOW1 more than the harbor stations. 
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3.5. Conclusion 

This study focused on three main objectives: (1) assessing trace metal 

concentrations in different forms in the water column (i.e. labile, dissolved, 

particulate), in various seasons of the year and at various sites at the BCZ; (2) 

comparing the labile fraction, which is the most dangerous for the ecosystem, 

with the other trace metal pools; and (3) tracing back the origin of the 

Suspended Particulate Matter. 

Regarding the first objective we observed higher particulate and dissolved 

metal concentrations in the Oostende harbor station HO-1 (mostly in Spring) 

and at the offshore station OZ-MOW1 in Autumn. Higher labile metal 

concentrations were measured for Co, Ni and Pb at the offshore station OZ-

MOW1 and for Cd at the harbor station HO-1 in Spring. Regarding the second 

objective we could show that a classic comparison between dissolved and 

particulate trace metal concentrations is not enough to highlight the eventual 

impact on the marine ecosystems, as the labile fraction of trace metals does 

not correlate well with its particulate and dissolved concentrations. Because 

labile and bioavailable trace metal fractions are closely linked to each other in 

aquatic systems, measuring labile trace metals is important to make a risk 

assessment for the ecosystem. The labile fractions of trace elements measured 

by the DGT samplers do not differ significantly between sampling sites, 

however the offshore station OZ-MOW1 shows sometimes unexpected high 

trace metal levels in Springtime. Further campaigns will help us to 

characterize the time-evolution of trace metal concentrations and speciation in 

the BCZ. On a larger scale, this research can help us to foresee and explain 

pollutant bioaccumulation in marine organisms, and to build toxicity models 

for them. In a global warming context, increased acidification of the ocean in 

a near future may shift the trace metal partitioning between particulate towards 

the dissolved phase, even increasing the labile metal fractions, and might thus 
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lead to increased adverse effects on coastal ecosystems. Lastly, the results of 

POC and δ13C analysis clearly indicate a dominance of allochthonous SPM in 

the harbors (especially for HO-1 and HO-2) in April 2017, coming from 

terrestrial sources. In the 3 other sampling periods, the isotopic C signature of 

the POC ranges from -10 to -20‰ indicating its autochthonous, marine origin. 

At marine station OZ-MOW1, the particulate carbon remains almost constant 

during the monitoring period. The range and average values of δ13C suggest 

that autochthonous organic matter prevailed in the SPM at this offshore 

station. 
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3.6. Supplementary Information 

The Supplementary Information includes 5 tables and extra details regarding 

DGT and SPE protocols and can be found in the online version. 

3.6.1. Material and methods 

3.6.1.1. Study sites 

Table S3.1: Sampling stations 

 

3.6.1.2. DGT preparation 

To prepare the Chelex®-100 resin gel, 2 mL gel solution (0.75 mL acrylamide 

40%, 0.32 mL DGT cross-linker, 0.95 mL Milli Q) was mixed with 0.8 g of 

Chelex®-100 powder. Sequentially, 12 µL of 10% ammonium persulfate 

(APS, Merck) and 3 µL tetramethylethylenediamine (TEMED, > 99%, 

Merck) were added and mixed well. Following mixing, the mixture was 

immediately cast between glass plates separated by a 0.25 µm plastic spacer, 

resulting in a 0.4 mm-thick resin gel after hydration. The resin gels were kept 

in 0.03 M NaCl (Suprapur, Merck) solution before their application. The same 

protocol was followed for preparing the diffusive gel, without adding the 

Chelex®-100 powder and using a 0.50 µm plastic spacer resulting in a 0.8 mm-

thick diffusive gel. 

 

 

 

Coastal location Sampling Stations Sampling Code Coordinates DMS 

Harbors Oostende HO-1 51°13'34.68"N ; 2°56'8.00" O 

HO-2 51°14'30.29"N ; 2°55'36.24"O 

Zeebrugge HZ-1 51°20'25.68"N ; 3°12'12.11"O 

HZ-2 51°19'51.97"N ; 3°11'58.09"O 

Offshore  MOW1 OZ-MOW1 51°21'37.78"N ; 3°6'49.01"O 
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3.6.1.3. DBL 

In addition to the 6 DGT pistons deployed per station and per sampling event, 

additional DGT devices with different thicknesses of diffusion layers (0.4 and 

1.2 mm) were deployed at station HO-1, to assess the DBL. According to these 

experiments and to the calculation reported by W. Davison and H. Zhang 

(2016; Chapter 2 of the book), a DBL of 0.20 mm was calculated. During 

previous studies of our team, DBL values in the range 0.10 to 0.23 mm were 

observed in turbulent aquatic environments (Guo et al., 2019). Hence, a DBL 

of 0.20 mm was used for all sampling points in the Belgian coastal area 

because these aquatic environments correspond to turbulent systems. The 

impact of a 25% change of the DBL on the final result is small: assuming a 

DBL of 0.15 mm instead of 0.20 mm, the bulk concentration will decrease 

with less than 5%. 

The diffusive domain for a DBL of 0.20 mm equals 1.13 mm and for a DBL 

of 0.15 mm, 1.08 mm. Hence the change of the bulk concentration C-bulk(1) 

to C-bulk(2), using Fick’s law and keeping all other parameters the same, is: 

C-bulk(1) = Constant * (0.2 + 0.13 + 0.8) = 1.13*constant 

C-bulk(2) = Constant * (0.15 + 0.13 + 0.8) = 1.08*constant 

The difference between both is less than 5%. 

 

3.6.1.4. Reagent preparation for the SPE 

For total dissolved trace metal measurement, an ammonium acetate buffer was 

prepared by diluting 22.5 mL ammonia (NH3; Merck, Suprapur, 25%) and 

11.8 mL glacial acetic acid (CH3COOH; Fisher, Trace Metal Grade, >99%) to 

100 mL Milli Q water (Millipore) in a FEP bottle. A 2M HNO3/1M HCl 

mixture was prepared by diluting a solution of 126 mL HNO3 (Fisher, Trace 
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Metal Grade, 65%) and 83 mL HCl (Fisher, Trace Metal Grade, 37%) to 791 

mL Milli Q water.  
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3.6.2. Results 

3.6.2.1. Particulate metals 

Table S3.2: Enrichment factor for particulate trace metal concentrations over 

the year sampling in the BCZ water column 

 

Element Station 

min. - max. 

(EF) 

Average 

(EF) 

Median 

(EF) SPM quality in average 

Cd HO-1 6 - 133 52 35 
extremely high enrichment 

 HO-2 5 - 139 51 29 

 HZ-2 10 - 109 39 19 
very high enrichment 

 HZ-1 5 - 64 25 16 

 OZ-MOW1 4 - 14 8 7 significant enrichment 

Pb HO-1 6 - 127 39 11 very high enrichment 

 HO-2 4 - 10 6 5 significant enrichment 

 HZ-2 2 - 5 4 4 

moderate enrichment  HZ-1 3 - 4 3 3 

 OZ-MOW1 2 - 7 4 3 

Co HO-1 0.7 - 0.9 0.8 0.7 

deficiency to minimal enrichment 

 HO-2 0.4 - 0.6 0.6 0.6 

 HZ-2 0.4 - 0.7 0.5 0.5 

 HZ-1 0.5 - 0.6 0.6 0.6 

 OZ-MOW1 0.6 - 0.9 0.7 0.7 

Ni HO-1 0.41 - 1.69 1.5 1.1 

deficiency to minimal enrichment 

 HO-2 0.03 - 0.58 0.3 0.3 

 HZ-2 <0.02 - 0.46 0.3 0.4 

 HZ-1 0.16 - 1.25 0.5 0.4 

 OZ-MOW1 0.37 - 1.39 0.7 0.6 

Cu HO-1 2 - 7 4.5 4.4 moderate enrichment 

 HO-2 1 - 2 1.3 1.2 

deficiency to minimal enrichment  HZ-2 1 - 2 1.6 1.6 

 HZ-1 0.5 - 2 1.1 1.1 

 OZ-MOW1 0.3 - 9 2.5 0.5 moderate enrichment 
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3.6.2.2. Partitioning of trace metals between the solid and the liquid 

phases 

Table S3.3: Partition coefficient Kd of trace metals observed in the BCZ 

water column over one year 

 

 

Element Station 

min. - max. 

Log Kd 

Average 

Log Kd 

Cd HO-1 2.8 - 4.3 3.8 

 HO-2 2.7 - 4.1 3.5 

 HZ-2 2.8 - 4.2 3.6 

 HZ-1 2.8 - 4.0 3.4 

 OZ-MOW1 3.1 - 3.9 3.5 

Pb HO-1 5.0 - 5.5 5.2 

 HO-2 4.7 - 5.4 5.0 

 HZ-2 5.4 - 6.0 5.7 

 HZ-1 4.6 – 5.9 5.4 

 OZ-MOW1 4.7 - 5.9 5.2 

Co HO-1 3.9 - 4.3 4.1 

 HO-2 3.5 - 4.4 4.0 

 HZ-2 3.8 - 4.7 4.3 

 HZ-1 4.1 - 4.6 4.3 

 OZ-MOW1 4.6 - 5.3 4.9 

Ni HO-1 3.5 - 4.7 4.0 

 HO-2 <2.4 - 4.2 3.5 

 HZ-2 <2.5 - 4.2 4.0 

 HZ-1 3.5 - 4.4 3.8 

 OZ-MOW1 4.3 - 4.6 4.4 

Cu HO-1 4.1 - 4.6 4.4 

 HO-2 3.7 - 4.3 3.9 

 HZ-2 3.8 - 4.6 4.2 

 HZ-1 3.4 - 4.5 4.0 

 OZ-MOW1 4.0 - 4.4 4.2 
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3.6.2.3. Principal Component Analysis and parameter correlations 

Table S3.4: Correlation matrix (column to be continued in next page) 

  Temperature 
Cd 

labile 

Pb 

labile 

Cr 

labile 

Mn 

labile 

Fe 

labile 

Co 

labile 

Ni 

labile 

Cu 

labile 

Cd total 

dissolved 

Pb total 

dissolved 

Co total 

dissolved 

Ni total 

dissolved 

Cu total 

dissolved 

Cd 

particulate 

Pb 

particulate 

Cr 

particulate 

Mn 

particulate 

Temperature 1,00 -0.761 0.211 0.147 0.064 0.21 0.292 0.384 0.419 -0.017 0.138 -0.449 -0.198 0.004 -0.071 0.086 -0.399 -0.279 

Cd labile -0.761 1,00 0.223 0.262 -0.329 0.211 -0.065 -0.082 -0.487 -0.062 0.063 0.388 0.106 0.105 0.093 0.022 0.5 0.373 

Pb labile 0.211 0.223 1,00 0.993 -0.087 0.995 0.831 0.542 -0.027 -0.245 0.038 -0.179 -0.144 -0.114 -0.209 -0.043 0.069 -0.095 

Cr labile 0.147 0.262 0.993 1,00 -0.08 0.994 0.822 0.525 -0.047 -0.216 0.02 -0.134 -0.105 -0.106 -0.221 -0.08 0.104 -0.083 

Mn labile 0.064 -0.329 -0.087 -0.08 1,00 -0.066 0.398 -0.194 0.115 0.294 -0.157 0.242 0.24 -0.258 -0.319 -0.058 0.096 -0.135 

Fe labile 0.21 0.211 0.995 0.994 -0.066 1,00 0.843 0.524 -0.041 -0.219 0.037 -0.154 -0.113 -0.086 -0.254 -0.078 0.093 -0.086 

Co labile 0.292 -0.065 0.831 0.822 0.398 0.843 1,00 0.373 0.056 -0.189 -0.15 -0.067 -0.037 -0.31 -0.319 -0.14 0.01 -0.234 

Ni labile 0.384 -0.082 0.542 0.525 -0.194 0.524 0.373 1,00 0.203 -0.176 0.305 0.107 0.333 0.04 0.024 0.159 0.079 0.084 

Cu labile 0.419 -0.487 -0.027 -0.047 0.115 -0.041 0.056 0.203 1,00 -0.188 -0.35 -0.365 -0.198 -0.259 0.014 -0.114 -0.442 -0.304 

Cd total dissolved -0.017 -0.062 -0.245 -0.216 0.294 -0.219 -0.189 -0.176 -0.188 1,00 0.351 0.263 0.356 0.564 -0.238 -0.134 0.47 0.349 

Pb total dissolved 0.138 0.063 0.038 0.02 -0.157 0.037 -0.15 0.305 -0.35 0.351 1,00 0.286 0.241 0.677 0.24 0.731 0.466 0.572 

Co total dissolved -0.449 0.388 -0.179 -0.134 0.242 -0.154 -0.067 0.107 -0.365 0.263 0.286 1,00 0.887 0.1 0.183 0.141 0.841 0.71 

Ni total dissolved -0.198 0.106 -0.144 -0.105 0.24 -0.113 -0.037 0.333 -0.198 0.356 0.241 0.887 1,00 0.128 0.06 -0.043 0.747 0.645 

Cu total dissolved 0.004 0.105 -0.114 -0.106 -0.258 -0.086 -0.31 0.04 -0.259 0.564 0.677 0.1 0.128 1,00 -0.076 0.132 0.326 0.465 

Cd particulate -0.071 0.093 -0.209 -0.221 -0.319 -0.254 -0.319 0.024 0.014 -0.238 0.24 0.183 0.06 -0.076 1,00 0.554 0.101 0.394 

Pb particulate 0.086 0.022 -0.043 -0.08 -0.058 -0.078 -0.14 0.159 -0.114 -0.134 0.731 0.141 -0.043 0.132 0.554 1,00 0.168 0.339 

Cr particulate -0.399 0.5 0.069 0.104 0.096 0.093 0.01 0.079 -0.442 0.47 0.466 0.841 0.747 0.326 0.101 0.168 1,00 0.878 

Mn particulate -0.279 0.373 -0.095 -0.083 -0.135 -0.086 -0.234 0.084 -0.304 0.349 0.572 0.71 0.645 0.465 0.394 0.339 0.878 1,00 

Fe particulate -0.582 0.724 0.037 0.068 -0.286 0.061 -0.165 -0.042 -0.419 0.049 0.39 0.595 0.371 0.475 0.124 0.181 0.705 0.719 

Co particulate -0.677 0.791 0.05 0.087 -0.272 0.069 -0.152 -0.054 -0.429 0.015 0.302 0.634 0.404 0.365 0.146 0.14 0.732 0.724 

Ni particulate -0.489 0.309 0.127 0.12 -0.088 0.105 0.093 -0.075 -0.049 -0.112 -0.047 0.018 -0.048 -0.01 0.071 0.01 0.125 0.133 

Cu particulate -0.144 0.206 -0.142 -0.13 -0.195 -0.114 -0.311 -0.029 -0.315 0.506 0.755 0.309 0.259 0.924 0.082 0.315 0.538 0.683 

SPM amount -0.132 0.334 0.131 0.139 -0.175 0.16 -0.056 -0.128 -0.313 0.465 0.435 -0.072 -0.145 0.853 -0.331 -0.042 0.235 0.235 

POC -0.32 0.541 0.186 0.213 0.006 0.221 0.066 -0.03 -0.491 0.524 0.555 0.442 0.301 0.733 -0.145 0.108 0.703 0.611 

DEL13C 0.149 -0.038 -0.053 -0.09 -0.613 -0.086 -0.269 -0.107 0.215 -0.61 -0.251 -0.646 -0.672 -0.041 0.306 -0.026 -0.685 -0.366 
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Table S3.4: Correlation matrix (continued) 

  Fe particulate Co particulate Ni particulate Cu particulate SPM amount POC DEL13C 

Temperature -0.582 -0.677 -0.489 -0.144 -0.132 -0.32 0.149 

Cd labile 0.724 0.791 0.309 0.206 0.334 0.541 -0.038 

Pb labile 0.037 0.05 0.127 -0.142 0.131 0.186 -0.053 

Cr labile 0.068 0.087 0.12 -0.13 0.139 0.213 -0.09 

Mn labile -0.286 -0.272 -0.088 -0.195 -0.175 0.006 -0.613 

Fe labile 0.061 0.069 0.105 -0.114 0.16 0.221 -0.086 

Co labile -0.165 -0.152 0.093 -0.311 -0.056 0.066 -0.269 

Ni labile -0.042 -0.054 -0.075 -0.029 -0.128 -0.03 -0.107 

Cu labile -0.419 -0.429 -0.049 -0.315 -0.313 -0.491 0.215 

Cd total dissolved 0.049 0.015 -0.112 0.506 0.465 0.524 -0.61 

Pb total dissolved 0.39 0.302 -0.047 0.755 0.435 0.555 -0.251 

Co total dissolved 0.595 0.634 0.018 0.309 -0.072 0.442 -0.646 

Ni total dissolved 0.371 0.404 -0.048 0.259 -0.145 0.301 -0.672 

Cu total dissolved 0.475 0.365 -0.01 0.924 0.853 0.733 -0.041 

Cd particulate 0.124 0.146 0.071 0.082 -0.331 -0.145 0.306 

Pb particulate 0.181 0.14 0.01 0.315 -0.042 0.108 -0.026 

Cr particulate 0.705 0.732 0.125 0.538 0.235 0.703 -0.685 

Mn particulate 0.719 0.724 0.133 0.683 0.235 0.611 -0.366 

Fe particulate 1,00 0.984 0.276 0.675 0.488 0.738 -0.14 

Co particulate 0.984 1,00 0.342 0.578 0.4 0.69 -0.166 

Ni particulate 0.276 0.342 1,00 0.122 0.115 0.136 0.004 

Cu particulate 0.675 0.578 0.122 1,00 0.751 0.787 -0.163 

SPM amount 0.488 0.4 0.115 0.751 1,00 0.826 -0.012 

POC 0.738 0.69 0.136 0.787 0.826 1,00 -0.4 

DEL13C -0.14 -0.166 0.004 -0.163 -0.012 -0.4 1,00 

 



137 

 

Table S3.5: P-values < 0.05 related to the correlation matrix 

  Temperature 
Cd 

labile 

Pb 

labile 

Cr 

labile 

Mn 

labile 

Fe 

labile 

Cu 

labile 

Cd total 

dissolved 

Pb total 

dissolved 

Co total 

dissolved 

Ni total 

dissolved 

Cu total 

dissolved 

Cd 

particulate 

Cr 

particulate 

Mn 

particulate 

Fe 

particulate 

Co 

particulate 

Cu 

particulate 

SPM 

amount 

Cd 

labile 0,0002                                     

Cr labile 
    0,0000                                 

Mn 

labile                                       

Fe labile 
    0,0000 0,0000                               

Co 

labile     0,0000 0,0000   0,0000                           

Ni labile 
    0,0202 0,0252   0,0256                           

Cu 

labile   0,0406                                   

Ni diss. 
                  0,0000                   

Cu diss. 
              0,0148 0,0020                     

Cd part. 
                                      

Pb part. 
                0,0006       0,0170             

Cr part. 
  0,0347           0,0490   0,0000 0,0004                 

Mn part.                 0,0130 0,0010 0,0038     0,0000           

Fe part. 
0,0112 0,0007               0,0092   0,0462   0,0011 0,0008         

Co part. 0,0020 0,0000               0,0047       0,0005 0,0007 0,0000       

Ni part. 
0,0394                                     

Cu part.               0,0320 0,0003     0,0000   0,0213 0,0018 0,0021 0,0119     

SPM 

amount 
                      0,0000       0,0401   0,0003   

POC 
  0,0203         0,0387 0,0256 0,0169     0,0005   0,0011 0,0070 0,0005 0,0015 0,0001 0,00 

DEL13C 
        0,0069     0,0071   0,0038 0,0023     0,0017           
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Dynamic transport of suspended particulate matter 

in the North Sea coastal zone 

Gaulier C., Adamopoulou A., De Winter N., Fettweis M., Baeye M., 

Parmentier K., Superville P.-J., Billon G., Baeyens W., Gao Y. In 

preparation for Science of the Total Environment. 

 

Abstract 

To investigate the biogeochemical transport of trace metals (Cd, Co, Cr, Cu, 

Mn, Ni, Pb) and the influence of Suspended Particulate Matter (SPM), major 

element cycles (Al, Ca, Fe, S and Si) and tidal forces, two SPM traps were 

deployed at two different depths in the turbid and turbulent Belgian Coastal 

Zone (BCZ) for one month. After removal, both traps revealed a recurrent 

layering of fine and thick SPM, which could be further linked with tidal 

cycles. The collected SPM were then subsampled and separately analyzed for 

(i) major and trace element contents using µXRF and HR-ICP-MS techniques; 

(ii) Particulate Organic Carbon (POC), Particulate Nitrogen (PN); and (iii) 

their stable isotope (δ13C, δ15N) compositions using EA-IRMS. The traps 

gathered a mixture of suspended carbon-rich organic and inorganic matter, 

biogenic particles and carbon-poor particles occasionally resuspended from 

the sediment, evolving in the water column as a function of tides and coastal 

currents. Particulate trace metals followed similar variation patterns along the 

SPM traps and were also strongly correlated with Fe- and Mn-oxides and 

POM. Lower concentrations during spring tides than neap tides were 

observed, mainly due to dilution effects of sedimentary material resuspension. 

The enrichment factor calculation shows the significant contribution of 

anthropogenic activities to the particulate concentrations of Cd and Pb, and an 

equivalent enrichment at spring and neap tides for every trace metal. In 

addition, the resuspension of historically contaminated sediments seems to 

contribute to a greater metal enrichment of SPM near the bottom. The SPM 

likely originate from both marine and terrestrial sources. Such sampling 

design is an interesting approach to improve our understanding of both SPM 

and pollutant transports in macro-tidal coastal environments. 

Keywords: Suspended particulate matter, Trace metals, Organic matter, 

Belgian coastal zone 
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4.1. Introduction  

Coastal ecosystems provide multiple ecological, social and economic services 

(Lau et al., 2019; Lau, 2013; Martínez et al., 2007). Geomorphologically, they 

also constitute large transition zones, where freshwaters meet and enter saline 

waters, and are driven back and forth by the ocean currents and tides (Wedding 

et al., 2018). Often, various chemical compounds and materials are brought 

into the coastal environment by the freshwater discharges, resulting from 

natural erosion processes occurring upstream (Förstner and Salomons, 1980; 

Helgen and Moore, 1996; Garneau et al., 2017; Kerr and Cooke, 2017), as 

well as from anthropogenic activities triggered by intensive coastal 

industrialization and urbanization (Phillips, 1977; Rumisha et al., 2012; 

Cloern et al., 2016; Andersen et al., 2020). The fate and the potential risks of 

such compounds are nowadays investigated intensively, especially in areas 

where seafood is harvested (Rumisha et al., 2017; Türk Çulha et al., 2017; van 

Leeuwen et al., 2005), which makes their partition into different 

environmental compartments (water column, sediment, biota) better 

understood (Balls, 1988; Barrett et al., 2018; Violintzis et al., 2009). For 

instance, these compounds are usually transported from the rivers down to the 

sea in suspended particle matters (SPM). These SPM either flocculate and 

deposit to the seabed where they become part of the sediment (Fettweis and 

Baeye, 2015; Violintzis et al., 2009; Wheatland et al., 2017), or are dissociated 

after a certain residence time by dilution and dissolution (Eisma and Irion, 

1988; Fettweis et al., 2006; Fettweis and Baeye, 2015; Maerz et al., 2016). 

These SPM are complex materials gathering various types of particles with 

different compositions and configurations: from inorganic element like 

mineral particles to organic matter in various stages of decomposition, or even 

a combination of both types (Barrett et al., 2018; Chapalain et al., 2019; 

Fettweis et al., 2019, 2012; Fettweis and Lee, 2017). Furthermore, 
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microorganisms (e.g. phyto- and zooplankton) are also part of the SPM pool 

and can, for instance, be the dominant fraction during algal bloom 

(Bukaveckas et al., 2019; Cloern, 1996). Then certainly, all these particles 

carry along diverse pollutants like trace metals, organic contaminants, etc. 

(Balls, 1988; Bibby and Webster-Brown, 2006; Kerr and Cooke, 2017; 

Pourabadehei and Mulligan, 2016; Violintzis et al., 2009). In this way, the 

SPM composition often turns to be a good indicator of natural and 

anthropogenic fingerprint (Adriaens et al., 2018; Violintzis et al., 2009). 

The distribution and biogeochemical composition of SPM (and by extension 

of particulate contaminants) is regulated by many external biotic and abiotic 

factors in the water column such as the biomass activity (e.g. phytoplankton 

bloom), salinity, pH, oxygen availability, temperature, currents, turbulence 

and physical mixing. (Chapalain et al., 2019; de Souza Machado et al., 2016; 

Fettweis et al., 2019, 2012; Hatje, 2003; Premier et al., 2019; Türk Çulha et 

al., 2017; Uncles et al., 2000). Along the Belgian coasts for instance, tides are 

quite strong and intense, varying on daily-scales and monthly-scales (Baeye 

et al., 2011; Brand, 2019; Fettweis et al., 2006; Strypsteen et al., 2017): this 

leads to large inputs of SPM from the Scheldt Estuary, sedimentary and 

coastal erosion, and other surrounding rivers (Rhine, Meuse) and widely 

increases the turbidity in this area (Adriaens et al., 2018; Baeye et al., 2011; 

Fettweis et al., 2012; Nolting and Eisma, 1988; Strypsteen et al., 2017; van 

der Zee et al., 2007). 

In the framework of the NewSTHEPS project (New Strategies To assess 

Hazardous chemicals in the Environment using Passive Samplers; 

www.newstheps.be) which aims to develop new monitoring system and 

modeling for pollutants in the Belgian Coastal Zone (BCZ), researches have 

been undertaken to investigate the influence of tides on size and composition 

of SPM in the water column, near the coasts of Belgium. For this purpose, 

http://www.newstheps.be/
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SPM were continuously sampled during one month in 2016 using two SPM 

traps. Thanks to a combination of hydrodynamical information, the tidal 

cycles were reconstructed as well (Adamopoulou et al., 2020 – to be 

published). The stronger the hydrodynamic action (i.e. spring tide), the higher 

the concentration of sand particles in the water column and thus the higher 

amount being trapped. Moreover, X-ray Computed Tomography (CT scan) 

performed on the traps nicely revealed darker and brighter sections (see the 

supplementary information): for instance, during spring tides (stronger 

currents than average), more sand in suspension resulted in a brighter section 

on the CT scans. The grainsize analysis also confirmed this observation. Such 

sampling approach was never attempted before in the BCZ and constitutes the 

main originality of the study. 

From these preliminary results, the present study thoroughly investigates the 

chemical composition of these particles in the two traps. More precisely, the 

two main objectives were to (i) investigate the composition, provenance and 

dynamics of suspended organic matter based on their C and N content, as well 

as on the distribution of major elements (Al, Ca, Fe, S and Si); and (ii) assess 

the concentrations of various trace metals (Cd, Co, Cr, Cu, Mn, Ni and Pb) in 

the SPM and explain their variations according to biogeochemical processes. 

 

4.2. Material and Methods 

4.2.1. Study site and sampling procedure 

The BCZ is a shallow and macro-tidal zone with a high turbidity, strong 

horizontal currents and increasing residence time of dissolved substances and 

particles (Gaulier et al., 2019b). As shown on Figure 4.1, the seabed vary from 

sandy to muddy sediments (Verfaillie et al., 2006; Fettweis et al., 2012; Baeye 

et al., 2011; Lourino-Cabana et al., 2014; Adriaens et al., 2018; Bockelmann 
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et al., 2018). The amount of SPM along the coastal zone varies between 0.02 

and 0.07 g L-1 in the surface waters, while the concentration ranges between 

0.1 and 3 g L-1 close to the seabed (Fettweis et al., 2012). 

Sampling occurred between April and May 2016 in the Southern Bight of the 

North Sea, at a Belgian marine station MOW1 (51.3597°N; 3.11383°E; Fig. 

4.1) where the water depth fluctuates between 15 and 20 m. Located about 5 

km away from the coastline, MOW1 is in a maximum turbidity zone (Fettweis 

et al., 2006; Fettweis and Lee, 2017) where strong tidal currents often take 

place with a mean tidal range of 2.8 m during Neap Tide (NT) (current velocity 

of 0.2 to 0.6 m s-1) and 4.3 m during Spring Time (ST) (current velocity of 0.2 

to 1.5 m s-1; Fettweis, 2012). A 2m-high benthic tripod was equipped with two 

stainless steel cages (50 cm height) and deployed on the seabed at an 

approximate water depth of 15 meters. One SPM trap was attached to each 

cage. The traps were made of a cylindrical plastic molding (50 cm length and 

8 cm diameter). They were closed with plastic caps at the extremities and five 

sampling holes of 2 cm diameter were drilled on the sides of the top part of 

each trap, in order to collect SPM from horizontal currents. One trap was 

attached on the top of the tripod (1.5 m above the seabed), while the other one 

was fixed at the bottom (close to the seabed). After one-month deployment, 

the traps containing the collected SPM were scanned in an X-ray Computed 

Tomography (CT scan) and analyzed for grainsize hydrodynamic features 

(Adamopoulou et al., 2020 – to be published). 



144 

 

 

Figure 4.1: (a) Location of the marine station OZ-MOW1 (adapted from 

Vandepitte et al., 2010)). Hatched zones give the position of sandbanks. (b) 

Pictures on field of the sampling set-up (personal photographs). (c) Simplified 

diagram of the tripod and the SPM-trap deployment. 

 

4.2.2. Elemental analysis 

4.2.2.1. Micro-X-ray fluorescence spectrometry (µXRF) 

The SPM traps were longitudinally sliced into two parts (see Adamopoulou et 

al., 2020 for further details) and subsampled with a U-Channel for Micro-X-

ray Fluorescence (µXRF) spectrometry. The U-Channel (2.5 cm x 30 cm) was 

pressed into the part of interest for about 2 cm depth. It was then carefully 

lifted out, covered with plastic foil and stored at 2 oC to avoid dehydration. 

Multi-elements (Al, Ca, Cr, Cu, Fe, Mn, Ni, Pb, S and Si) were analyzed in 

this U-channel using an energy-dispersive Bruker M4 Tornado µXRF scanner 

(Bruker nano GmbH, Berlin, Germany). The Bruker M4 was equipped with a 

30 W (50 kV, 800 µA) Rh metal-ceramic X-ray tube. The source X-ray 

photons were focused on a 25 µm wide (calibrated for Mo-Kα radiation) 

circular spot on the sample surface using polycapillary optics. Fluorescent X-
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rays returning from the sample were captured using 2 XFlash 430 Silicon Drift 

Detectors positioned such that the incident and outgoing X-Ray beams 

describe a 90° angle at the sample surface for optimal count statistics. Details 

on the setup and methodology of the M4 Tornado μXRF scanner can be found 

in de Winter and Claeys (2017). XRF line scans were produced at 500 µm 

resolution by allowing the X-Ray spot to remain focused on each spot for 60 

seconds. This time of analysis yielded the optimal compromise between 

measurement time and signal-to-noise ratio and was enough to reach the Time 

of Stable Accuracy and Time of Stable Reproducibility (see de Winter et al., 

2017). XRF line scans were positioned perpendicular to the dominant 

lamination in the core (vertical) and spanned the full depth of the SPM 

accumulation. Due to the complexity of the sample matrix, well defined 

matrix-matched reference materials were not available to fully quantify the 

line scan results by means of multi-standard calibration. Instead, semi-

quantitative results of Al, Ca, Cr, Cu, Fe, Mn, Ni, Pb, S and Si were produced 

using the built-in Fundamental Parameters (FP) quantification of the M4 

Tornado calibrated to an obsidian reference material (one-standard 

calibration), assuming all elements were present in oxidized state. 

Subsamples were taken from the U-Channels for particulate trace metal 

analysis (see 4.2.2.2), and measurements of Particulate Organic Carbon 

(POC), Particulate organic Nitrogen (PN) and their stable isotopes (see 4.2.3). 

These subsamples were freeze-dried using a freeze dryer (LyovaporTM L-200, 

Büchi) and then homogenized using a clean ceramic mortar grinder. 

4.2.2.2. Trace metal extraction 

To measure the trace metal concentrations in each subsample, nitric acid 

(HNO3; Fisher, Trace Metal Grade, 65%), HCl (Fisher, Trace Metal Grade, 

37%), HF (Fischer, Trace Metal Grade, 40%) and H3BO3 (Fischer, Trace 
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Metal Grade, 4%) were used. Each subsample was weighed and introduced in 

a clean Teflon digestion tube where 4mL HF (40%), 2mL HCl (37%) and 6mL 

HNO3 (65%) were added. The solution was heated by a microwave digestion 

system (Anton Paar Multiwave Go) for 9.5 minutes at 180 °C after a heating 

ramp of 10 min. After cooling down, 30mL of H3BO3 (4%) was added to the 

Teflon tubes. This solution was then heated again for 5 minutes at 120°C with 

a heating ramp of 10 min, using the same microwave digestion system. Once 

the solutions cooled down again, they were transferred to clean PE vessels for 

analysis. 

In the final treated sampling solutions, major and trace metals (Al, Cd, Co, Cr, 

Cu, Fe, Mn, Ni, Pb) were determined using an HR-ICP-MS (High Resolution-

Inductively Coupled Plasma Mass Spectrometer, Thermo Finnigan Element 

II). Calibration was carried out with appropriate dilutions of an acidified 

multi-element stock solution (Merck, ICPMS standard XIII). Indium was used 

as an internal standard. To validate the whole process, two certified reference 

materials MESS-3 (marine sediment, National Research Council Canada) and 

IAEA-405 (estuarine sediment, International Atomic Energy Agency) were 

treated in the same way as samples. The results of all reference materials were 

within the range of the certified values (Table 4.1). Limits of detection (LOD) 

were 2.8 µg kg-1 for Cd, 0.05 mg kg-1 for Cr, 0.10 mg kg-1 for Cu, 9.3 µg kg-1 

for Pb, 3.4 µg kg-1 for Co, 0.10 mg kg-1 for Ni, 0.35 mg kg-1 for Mn, 2.1 mg 

kg-1 for Fe and 2.5 mg kg-1 for Al. 
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Table 4.1: Use of reference materials for the measurement of trace metals. 

 
 

Cd 

mg kg-1 

Pb 

mg kg-1 

Al 

mg kg-1 

Cr 

mg kg-1 

Mn 

mg kg-1 

Fe 

mg kg-1 

Co 

mg kg-1 

Ni 

mg kg-1 

Cu 

mg 

kg-1 

IAEA-

405 

measured 0.79 71.6 89288 94 545 47839 14.6 38.6 47.7 

certified 0.73 74.8 77900 84 495 37400 13.7 32.5 47.7 

recovery 
108% 96% 115% 112% 110% 128% 106% 119% 

100

% 

 measured 0,27 20,2 96562 120 340 54401 14,9 51,6 32,5 

MESS-

3 

certified 
0,24 21,1 85900 105 324 43400 14,4 46,9 33,9 

 recovery 111% 96% 112% 114% 105% 125% 103% 110% 96% 

 

4.2.3. Organic Matter (OM) characterization 

Half of the remaining subsamples was weighed, put in silver cups and finally 

acidified with one drop of HCl (Fisher, 5%), in order to remove the carbonate 

fraction. The silver cups were then heated up to 50°C for at least four hours. 

This step (acidification and heating) has been repeated until all carbonates 

were removed (i.e. until there is no more visual reaction when adding the 

acid). Prior to analyses, the silver cups were folded and closed. The other half 

of the remaining subsamples was directly folded and enclosed in tin cups 

without any additional treatment, in order to measure the total carbon content. 

The POC and PN amount and their stable isotope ratio contents (13C/12C and 

15N/14N) of all the subsamples were determined using an Elemental Analyzer 

coupled with an Isotope Ratio Mass Spectrometer (EA-IRMS instrument, 

Flash EA112, Delta V Plus, Thermo Scientific). Isotope ratios are calculated 

using the following formula (Eq. 4.1): 

𝛿(‰)  =  
𝑅𝑠𝑎𝑚𝑝𝑙𝑒

𝑅𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑
 ×  1000   Equation 4.1 

where δ stands for δ13C or δ15N and Rsample and Rstandard are the 13C/12C or 

15N/14N ratios of the sample and the standard, respectively. For carbon and 
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nitrogen calibration curves, the certified reference materials IAEA-CH6 

sucrose and IAEA-N2 ammonium sulfate were respectively used as standards. 

Limits of detection (LOD) were around 0.05 mg g-1 for POC and 0.01 mg g-1 

for PN. The standard deviation (SD) of the measurements resulting from 

duplicates was below 0.51 and 0.12 mg g-1, respectively. For δ13C or δ15N, the 

SD was below 1.7 and 3.5%, respectively. 

 

4.3. Results 

4.3.1. Major and trace elements 

4.3.1.1. Vertical profiles of elements using the µXRF line 

scans 

The vertical profiles of major and trace elements (Al, Ca, Cr, Cu, Fe, Mn, Ni, 

Pb, S and Si) measured by µXRF are shown on Figure 4.2. These vertical 

profiles give a first overview of relative elemental composition in the SPM 

traps. In order to avoid bias caused by “edge effects” on the scans, the first 

and last 0.3 cm of the graphs were not considered.  

The relative variations in elemental abundance vary up to 15% for Fe, 16% 

for S, 11% for Al, 46% for Si and 67% for Ca. On the other hand, the 

abundance of Cr, Mn, Ni, Cu and Pb is generally low and below an usable 

signal/noise ratio (< 2%), but few localized concentration peaks can be 

observed along the profiles especially around -4 cm, indicating the SPM 

deposit after the ST, and around -8 cm indicating the SPM deposit between 

the ST and NT. 

Overall, Ca and Si significantly display opposite trends along the traps 

(correlation factor of -0.80, p < 0.001; see the supplementary information for 

further details). In the same way, Si is negatively correlated to Al, Fe, Mn, S 
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(correlation < -0.37; p < 0.001) and, with less intensity, to Cr and Pb (-0.1; p 

< 0.05). Regarding the metallic elements only, the results show positive 

correlations between Fe and Al (0.47; p < 0.001), while Mn is rather 

proportional to Fe, Cu and Pb (correlation > 0.21; p < 0.001). Ni is correlated 

to Pb (0.26; p < 0.001) and seems to vary quite independently of the other 

elements. 
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Figure 4.2: Micro-X-ray fluorescence spectrometry (µXRF) line scans of the 

(a) top and (b) bottom traps. On the x-axis, 0 cm corresponds to freshest SPM 

deposit (i.e. the top of the traps), while (a) 14 cm and (b) 18 cm indicate the 

oldest SPM deposit (i.e. the bottom of the traps). 
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For most of the elements measured in the top trap, the relative concentrations 

remain stable in the first 3 cm of samples (i.e. last SPM deposit in time) and 

show more variation peaks in the following sections. On the other hand, 

concentrations measured in the bottom trap undergo stronger fluctuations for 

S, Ca, Si and Al all along the scan. In the bottom trap for instance, the ST 

event results in a strong increase and fluctuation of S, Ca and Si. Regarding 

the other elements, their abundance and variations remain similar between the 

traps. 

 

4.3.1.2. Major and trace metal concentrations using the 

HR-ICP-MS 

The particulate trace metal concentrations vary from 0.17 to 0.26 mg kg-1 for 

Cd, 16 to 29 mg kg-1 for Pb, 28 to 61 mg kg-1 for Cr, 0.25 to 0.49 g kg-1 for 

Mn, 14.3 to 24.5 g kg-1 for Fe, 4.3 to 10.5 mg kg-1 for Cu, 3.7 to 7.0 mg kg-1 

for Co, 9 to 19 mg kg-1 for Ni and 12.0 to 24.4 g kg-1 for Al (Figure 4.3). 

In average, the concentrations are always higher in the bottom trap, except for 

Al. In addition, all trace metals except Al follow very similar variations 

(correlation factor > 0.83, p < 0.001; see the SI). Generally, they reach their 

lowest concentration at 6 cm deep (i.e. at ST). The highest concentrations in 

the top trap and bottom trap are found close to and during the NT, respectively. 

The concentration differences between the ST and NT in the top trap are less 

relevant than in the bottom trap. At the surface of both traps and after the ST 

event, the trace metal concentrations seem to rise again for all elements. 
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Figure 4.3: Particulate trace metal composition of each trap, where orange 

empty circles describe the top trap and blue full circles the bottom one. The y-

axis represents the successive SPM deposit layers within the SPM trap (i.e. 

the depth within the SPM trap); the x-axis gives the concentration of each trace 

metal in mg kg-1. The light-grey zones represent the ST event, while the dark-

grey ones are the NT event. For each element, a yellow dash-line indicates the 

background pedogeochemical references defined in the region (Sterckeman et 

al., 2007), in mg kg-1. The background reference is not indicated when out of 

scale (e.g. 42.3 g kg-1 for Al, 11.3 mg kg-1 for Co and 27.3 mg kg-1 for Ni). 

 

Further, the trace metal values have been normalized to those of aluminum, as 

this element is a major component of fine-grained aluminosilicates which 

usually shows minor anthropogenic input and is not affected by redox 

potential changes (Dehairs et al., 1989; Regnier and Wollast, 1993; 

Remeikaitė-Nikienė et al., 2018). And in order to link the concentrations of 

trace metal measured in the traps to the actual contamination level of SPM, an 

enrichment factor was calculated for each element, as follows (Eq. 4.2; 

Remeikaitė-Nikienė et al., 2018): 

𝐸𝐹(𝑀𝑒) = (
𝑀𝑒

𝐴𝑙
)

𝑠𝑎𝑚𝑝𝑙𝑒
(

𝑀𝑒

𝐴𝑙
)

𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑
⁄  Equation 4.2 

Where EF is the enrichment factor, Me is a trace metal, (
𝑀𝑒

𝐴𝑙
)

𝑠𝑎𝑚𝑝𝑙𝑒
is the ratio 

of the particulate concentration of the metal and Al in the sample, and 

(
𝑀𝑒

𝐴𝑙
)

𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑
is the ratio of the background concentration of the metal and 

Al in the study area (Sterckeman et al., 2007). The background reference 

concentration used here corresponds to an uncontaminated background level, 

assessed in the area of interest. EF values are ranked into five categories 

ranging from low (EF < 2) to high enrichment (EF > 40) (Barbieri, 2016) and 

are given in table 4.2. 
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Table 4.2: Enrichment factor for particulate trace metal concentrations in each 

SPM-trap, normalized to Al. ST stands for Spring Tides, NT for Neap Tides. 

    Enrichment factor (Al-based)   

Element Station min. - max. average ST-NT 
SPM quality in average 

(Barbieri, 2016) 

Cd Top trap 2.1 – 3.8 2.9 2.1 - 2.5 
moderate enrichment 

 Bottom trap 3.0 – 4.9 3.6 3.9 - 3.1 

Pb Top trap 2.0 – 3.4 2.8 2.0 - 2.1 
moderate enrichment 

 Bottom trap 2.8 – 4.7 3.5 3.5 - 3.4 

Cr Top trap 1.1 - 1.8 1.5 1.1 - 1.2 

deficiency to minimal 

enrichment 

 Bottom trap 1.4 - 2.5 1.9 1.6 - 1.9 

Mn Top trap 1.2 - 2.0 1.6 1.2 - 1.3 

 Bottom trap 1.7 - 2.7 2.0 2.0 - 2.1 

Fe Top trap 1.1 - 1.8 1.4 1.1 - 1.2 

 Bottom trap 1.5 - 2.4 1.8 1.7 - 1.8 

Co Top trap 0.7 - 1.2 1.0 0.7 - 0.8 

 Bottom trap 1.0 - 1.6 1.2 1.2 - 1.2 

Ni Top trap 0.8 - 1.3 1.0 0.8 - 0.8 

 Bottom trap 1.0 - 1.9 1.3 1.2 - 1.3 

Cu Top trap 0.8 - 1.5 1.2 0.8 - 1.0 

 Bottom trap 1.0 - 2.2 1.6 1.3 - 1.7 

 

For all the trace metals, the trapped SPM show various levels of enrichment. 

The average EF values of Co, Cr, Cu, Ni, Fe and Mn are ≤ 2, which indicates 

no significant metal enrichment in SPM. On the other hand, moderate 

enrichments are observed for Cd and Pb with maximum values of 3.8 and 3.4 

in the top trap and 4.9 and 4.7 in the bottom one, respectively. On average, the 

enrichment is always higher in the bottom trap. Moreover, the EF of every 



155 

 

element during ST and NT are in the same order of magnitude, indicating that 

the enrichment of SPM is similar during ST and NT events. 

Although Fe is redox sensitive and less stable than Al in minerals, this element 

was also evaluated as a normalizing element, because of its suitability for 

normalizing trace metal concentrations in marine environment as well (Birch, 

2020; Turner and Millward, 2000). Thus, an alternative enrichment factor was 

calculated for each element, using Fe to replace Al in Equation 4.2. 

 

Table 4.3: Enrichment factor for particulate trace metal concentrations in each 

SPM-trap, normalized to Fe. ST stands for Spring Tides, NT for Neap Tides. 

    Enrichment factor (Fe-based)   

Element 
Station min. - max. average ST-NT 

SPM quality in 

average 

Cd Top trap 1.9 - 2.2 2.0 1.9 - 2.1 
moderate enrichment 

 Bottom trap 1.7 - 2.2 2.0 2.2 - 1.7 

Pb Top trap 1.8 - 2.4 1.9 1.9 - 1.8 
moderate enrichment 

 Bottom trap 1.8 - 2.0 1.9 2.0 - 1.9 

Cr Top trap 1.0 - 1.1 1.1 1.0 - 1.0 

deficiency to minimal 

enrichment 

 Bottom trap 1.0 - 1.1 1.0 1.0 - 1.1 

Mn Top trap 1.1 - 1.2 1.1 1.1 - 1.1 

 Bottom trap 1.1 - 1.2 1.1 1.1 - 1.2 

Co Top trap 0.7 - 0.7 0.7 0.7 - 0.7 

 Bottom trap 0.7 - 0.7 0.7 0.7 - 0.7 

Ni Top trap 0.7 - 0.8 0.7 0.7 - 0.7 

 Bottom trap 0.7 - 0.8 0.7 0.7 - 0.7 

Cu Top trap 0.7 - 0.9 0.9 0.7 - 0.8 

  Bottom trap 0.7 - 1.0 0.9 0.8 - 1.0 
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Compared to Al-normalized EFs, the EFs based on Fe concentrations (Table 

4.3) are slightly lower but show a similar trend: with moderate enrichments in 

Cd and Pb, while the other metals rather display minimal enrichments. In 

addition, the Fe-normalized EFs values remain relatively stable over the SPM 

deposits (i.e. time). 

 

4.3.2. Organic matter (OM) characterization 

4.3.2.1. POC and PN contents 

In each SPM trap, the POC and PN variations follow the same trend (Figure 

4.4a, b; correlation factor of 1.0, p < 0.001). In terms of concentrations, POC 

varies from 6.7 to 13.1 mg g-1 in the top trap, and from 4.7 to 17.1 mg g-1 in 

the bottom one. The PN contents are lower than POC and range from 1.0 to 

2.2 mg g-1 in the top trap, and from 0.7 to 2.9 mg g-1 in the bottom one. The 

maximum values are reached at -13 cm in the top trap and at -17 cm in the 

bottom trap: respectively right before and during the NT event. The lowest 

values are found during the ST for both traps. A general increasing trend of 

POC and PN amount is also noticed from the top to the bottom of each SPM 

trap, which indicates a decrease of POC and PN content when considering the 

chronological scale of SPM deposits from the NT to the ST event. In addition, 

when comparing the two traps, the POC and PN concentrations follow the 

same trend as well, but the range of variation from an extreme value to another 

is higher in the bottom trap. 

The carbon content of SPM (fig. 4.4d) is rather dominated by inorganic C, as 

Corg percentages range between 17 and 35% of the total C content (with 

slightly higher values in the bottom trap than in the top trap). The highest 

proportion of Corg is measured during the Neap Tide (NT) event, for both traps 

(30% for the top trap, 35% for the bottom one). The lowest value is found at 
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the surface of the traps i.e. after the ST (23% for the top, 17% for the bottom 

trap). For the both SPM traps, the C/N ratio (fig. 4.4c) remains in the same 

narrow range of values: between 7.1 and 7.7 in the top trap, and between 6.8 

and 7.7 close to the seabed. 

As highlighted by the correlation analysis (see the SI), the trace metals 

measured from the acid digestion are strongly and positively correlated with 

the variations of POC, PN and POC/PC ratios (correlation factor < 0.86; p < 

0.001). Al is proportional to these parameters as well, but with less intensity 

(correlation factor around 0.60; p < 0.05). 
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Figure 4.4: (a) Particulate Organic Carbon (POC), (b) Particulate Organic 

Nitrogen (PN), (c) C/N ratio, (d) POC/Total Particulate Carbon (PC) ratio, (e) 

δ15N composition and (f) δ13C of each SPM-trap, where orange empty circles 

describe the top trap and blue full circles the bottom one. The y-axis represents 

the successive SPM deposit layers within the SPM trap (i.e. the depth within 
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the SPM trap). The light-grey zones represent the ST events, while the dark-

grey ones are the NT events. 

 

4.3.2.2. Stable isotope composition 

δ13C and δ15N vary in a narrow range of values (fig. 4.4e, f). Values for δ13C 

exhibit range between -22.4 (± 1.2) to -22.8 (± 0.8) ‰ in the top trap and -

22.1 (± 0.7) to -22.8 (± 1.7) ‰ in the bottom trap. The δ15N signature ranges 

between 7.7 (± 2.5) to 9.5 (± 2.3) ‰ at the top and 7.5 (± 3.4) to 9.5 (± 1.3) 

‰ close to the seabed. These variations are not significant enough to depict 

any trend, indicating that the stable isotope signatures are rather stable along 

the traps and along a monthly tidal cycle. Moreover, the results do not show 

any difference between the two traps. 

 

4.4. Discussion 

4.4.1 Input of organic matter in the SPM traps 

In the trapped SPM, the POC and PN concentrations follow the same 

variations, showing a good consistency with previous studies in the same area 

and in the nearby Scheldt estuary (Dauby et al., 1994; Middelburg and 

Nieuwenhuize, 1998). Regarding the range of values, they are slightly higher 

than measured before 2000 by Leermakers et al. (2001; December 1996 and 

July 1997) in the BCZ, yet they are in the range of those measured after water 

filtration in April 2017 and March 2018 at the same station (between 12 and 

15 mg g-1; Gaulier et al., 2019). The difference with literature may simply 

come from different stages of phytoplankton development during the different 

samplings. Here, the spring bloom started in March 2016 (see the SI) and most 

likely explains the highest values of particulate C and N concentrations 

measured in the traps (Boyd and Newton, 1995; Harmelin-Vivien et al., 2008). 
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During the neap tide, we observed higher POC and PN contents than during 

the spring tide. Particles suspended in the water column during NT contain 

more organic material because of their lower densities, while the ones trapped 

during ST contain more mineral particles (as shown for instance with minimal 

values of POC/PC ratio during ST). In addition, the size of SPM may play a 

role as well: strong currents during ST predominantly transport small and big 

mineral particles resulting in high SPM concentrations and a higher density, 

while the weak currents recorded during NT allow the trapping of larger 

organic SPM flocs resulting in low SPM concentrations and lower densities 

(Baeye et al., 2011; Fettweis et al., 2006; Maerz et al., 2016; Nolting and 

Eisma, 1988, Adamopoulou et al., 2020 - to be published). 

Regarding their potential origin, the range of C/N ratios (6 < C/N < 8) in these 

trapped particles suggests a substantial contribution of fresh organic material 

to the SPM (Middelburg and Nieuwenhuize, 1998), derived from fresh 

autochthonous matter like phytoplankton (Hellings et al., 1999). This shows a 

good link with the occurrence of a spring phytoplankton bloom as seen earlier 

and might lead to an increasing element adsorption/absorption by 

phytoplanktonic species. Concurrently, the combination of carbon and 

nitrogen stable isotope signatures in organic matter are also commonly used 

to investigate the potential origin of SPM (De Brabandere et al., 2002; 

Middelburg and Nieuwenhuize, 1998; Raymond and Bauer, 2001). Firstly, the 

δ13C ratios range between -22.1 and -22.8 ‰ in this study, which is in good 

agreement with the ratios previously obtained in POC of the North Sea: 

between -14.0 and -27.4 ‰ in the BCZ (Dauby et al., 1994) and between -

20.0 ‰ and -23.1% at station MOW1 (Gaulier et al., 2019b). Moreover, these 

ratios are in accordance with those of δ13C and δ15N found at the sea-mouth of 

the Scheldt Estuary (δ13C = -20.1 ‰ and δ15N = 9.5 ‰; Middelburg and 

Nieuwenhuize, 1998), one of the most important freshwater sources to the 
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studied area. Thus, the values obtained for the C and N stable isotope 

signatures at MOW1 result from a mixing of riverine and marine sources: this 

confirms that this offshore station is influenced by the Scheldt, the Meuse and 

the Rhine river, as well as by flows from the North Sea itself and the English 

Channel (Baeyens et al., 1998; Lee, 1980). Furthermore, each source of 

organic SPM does not seem to prevail on the other, as the results remain 

consistent over a month. 

Few differences are observed between the SPM trapped in the top trap and 

those collected close to the seabed in the bottom trap. For instance, the range 

of POC and PN contents in SPM is wider in the bottom trap than in the top 

trap, indicating higher fluctuations in the bottom waters, close to the sediment. 

The mixing of SPM in the water column is therefore not the same due to 

stronger mixing forces at the sediment interface. According to Fettweis and 

Baeye (2015), this vertical gradient is mainly observed in Summer, while the 

SPM are better mixed along the water column in Winter. In addition, the larger 

fluctuations observed at the bottom result from sediment resuspension, 

increasing the contribution of sedimentary particles poor in organic matter, to 

suspended materials in the water column. Indeed, the sediment rather contains 

low amounts of POC in the Southern North Sea (Bale and Morris, 1998; 

Bartholomä et al., 2000; van de Velde et al., 2017, 2016). 

Finally, the signature of sedimentary organic matter is generally different than 

that observed in the water column (8 < C/N < 10 in North Sea sediments 

studied by van de Velde et al., 2016). Degradation processes induce a 

progressive enrichment of C in the organic molecules compared to N. Here, 

the distance between the traps did not allow to observe a significant 

enrichment. For future monitoring, the deployment of a SPM trap higher in 

the water column (closer to the surface) should enable such observation. 
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4.4.2. Major elements 

According to the µXRF line scans (fig. 4.2) and the ICP-MS measurements 

(fig. 4.3), the suspended particles are mainly composed of Ca, Si, Al, Fe, Mn 

and S forming a group of major inorganic elements and carrier phases, while 

minor components like Cd, Co, Cr, Cu, Ni and Pb are present in less 

abundance and constitute a group of trace elements (see 4.4.3). This 

observation is incidentally in agreement with previous studies on SPM 

conducted in the North Sea catchment area (Nolting and Eisma, 1988; Turner 

et al., 1991). The suspended particles are therefore mainly composed of sand, 

organic matter (OM), oxides, clays, calcium carbonate and to lesser extent 

sulphate and/or sulphide precipitates. From the µXRF profiles, a negative 

correlation was observed between the relative abundance of most major 

elements (Ca, Al, Fe, Mn and S) and Si along the trap. Silicon most likely 

represents sand particles (Ehlert et al., 2016; Grasse et al., 2017) originating 

from erosive or sedimentary material. When a large amount of sand is 

provided to the water column, less OM and metals are measured as a result. 

In addition, Si is often constitutive of phytoplanktonic matter such as diatoms 

(Dobbins et al., 2017; Liang et al., 2019) and is therefore frequently observed 

in the suspended particulate fraction during primary production period. 

Calcium comes partly from the erosion of carbonates from the sedimentary 

rocks in the nearby Straits of Dover (Migné et al., 1998; Nolting and Eisma, 

1988; Tribovillard et al., 2012). Moreover, and given the occurrence of a 

spring bloom during sampling, the measured Ca has, in the same way as Si, a 

biogenic signature through planktonic groups such as coccolithophores 

(Nolting and Eisma, 1988; Zondervan, 2007). 
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The sulfur relative abundance recorded by µXRF must be cautiously 

interpreted since dissolved sulfate is a major element of the seawater (around 

2 g L-1). However, since the main composition of the seawater does not evolve 

over 1 month and supposing that the water percentage along the trap is quite 

similar, the dissolved sulphate fraction may approximately be constant. Sulfur 

is also present in biogenic particles and exudates (average elemental quota of 

1.3 mol/mol P; Ho et al., 2003), but this fraction is likely negligible in SPM 

compared to that of remaining dissolved sulfates. The presence of inorganic 

precipitates in seawater is due to the resuspension of some reduced sulfur 

compounds produced during the early diagenesis processes in the surface 

sediments. The fluctuation of the signal displayed in Figure 4.2 is probably a 

combination of the temporary remobilizations of sulfidic particles to the water 

column (Burton et al., 2006; Thamdrup et al., 1994; Ye et al., 2013) and to a 

lesser extent, variations of water content in the traps. 

Finally, and in such coastal environment, the presence and/or formation of Fe 

and Mn-oxides in the particulate phase is usual (Reckhardt et al., 2017; van 

de Velde et al., 2018; Zhou et al., 2018). Based on the observed correlations 

and the literature data, these oxides interact with particulate organic matter 

(Turner et al., 2004). Thus, a colloidal combinations of Fe- and Mn-oxides 

with OM (Catrouillet et al., 2016; Dang et al., 2015; Rose and Waite, 2003; 

Viollier et al., 2000) is very likely to occur. In addition, an uptake of dissolved 

Fe and/or Mn by coccolithophorid organisms (Hartnett et al., 2012; Shi et al., 

2010; Sunda and Huntsman, 2000) and/or sorption processes onto carbonate 

phases can explain the good correlation observed with carbonates. 

4.4.3. Trace metal behavior 

Given the background reference values (Figure 4.3) and the enrichment factor 

calculated for each metal (Table 4.3), the SPM show a clear contamination by 
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Cd and Pb for the whole sampling period and by Cr and Mn, only at neap tide. 

This suggests a significant contribution of anthropogenic sources to the 

enrichment of Cd and Pb in SPM and, to less extent, of Cr and Mn (Abreu et 

al., 2016; Barbieri, 2016; García et al., 2008). A similar observation was made 

for Cd and Pb enrichments along the nearby Scheldt Estuary (see Chapter 2. 

Trace metal speciation along the Scheldt Estuary). Such enrichments in the 

SPM would most likely need more investigation and monitoring in the future, 

especially for Cd and Pb which are listed as substances of priority concern by 

the OSPAR Convention (OSPAR, 2009, 2002). In the same way, trace metal 

concentrations of Cr, Pb and Fe are comparable with those of industrial coastal 

environments (Dauby et al., 1994; Laslett, 1995). This reflects the strong 

influence of riverine inputs in this area, like the Scheldt Estuary which flows 

across heavily populated and urbanized areas and consequently brings these 

metals into the BCZ (W. Baeyens et al., 1998; Gaulier et al., 2019b; 

Speeckaert et al., 2018). For the other trace metals, the low EF indicates that 

the concentrations measured are mostly the result of natural weathering 

processes (Abreu et al., 2016; García et al., 2008). A comparison of these 

results to a recent study carried out at the same sampling point between 2016 

and 2018 (Gaulier et al., 2019) shows good agreements for Cd, Pb, Co and Ni, 

while Cu displays lower concentrations in the SPM traps. As shown with Cd, 

we would expect lower particulate concentrations than measured in the 

Scheldt Estuary as a result of dilution processes (see Chapter 2. Trace metal 

speciation along the Scheldt Estuary). However, the concentrations of Pb, Co, 

Ni and Cu are slightly higher than those measured at the estuarine mouth. 

Instead, they are in a similar range as the values recorded in the middle and 

upper estuary. Specifically, the maximum values of all elements 

(systematically recorded at -12 cm in the bottom trap) are often exceeding the 

concentrations found in the estuary or in the coastal zone. This finding 
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suggests that the metal contamination at the marine station MOW1 may be 

linked to historical pollution of the area (coming at least partly from the 

Scheldt watershed) and that an excess of metal in SPM may come from the 

resuspension of contaminated sedimentary particles. This assumption could 

be experimentally tested through sediment core analyses, in order to trace back 

the origin of the successive deposit layers (e.g. metallic and isotopic contents). 

As mentioned in 4.4.1, differences between the SPM collected in the top and 

the bottom trap are also observed for trace elements. Thus, the trace metal 

levels as well as their EF are, in average, higher in the bottom trap, in average. 

As the latter was located closer to the seabed during sampling, sediment 

resuspension could explain the higher values found at the bottom, especially 

as the sediments show higher concentrations of trace metals than in the above 

water column in this area (Hatje, 2003; Robinson et al., 2017; Violintzis et al., 

2009). This also indicates that the sediment plays a key role in trace metal 

transfers and significantly contributes to the water column load in trace metals 

through SPM, especially at spring tides when the currents are stronger, 

increasing the remobilization of pollutants. This is also confirmed by the 

increase of S concentrations in the bottom trap, during the ST: reduced sulfur 

produced in the surface sediment during the early diagenesis processes (Audry 

et al., 2007; Goldhaber and Kaplan, 1980; van de Velde et al., 2017) are partly 

resuspended from the sediment to the water column. Thus, due to sediment 

resuspension and powerful advective mechanisms near the seabed, the bottom 

waters are more turbid, variable and more enriched in trace metals (Fettweis 

et al., 2006; Helali et al., 2016; Jago et al., 2002; Manning et al., 2010; Morris 

et al., 1986; Velegrakis et al., 1997). 

Furthermore, the strong similarity between the profiles of all elements (Figure 

4.3) is interesting as it indicates a common behavior and origin, or at least that 

particulate Cd, Cr, Co, Cu, Fe, Mn, Ni and Pb are driven by similar 
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biogeochemical cycles in this turbulent area (Remeikaitė-Nikienė et al., 

2018). Firstly, it seems that they mainly bind to Fe-oxides, whereas Al 

(representing clays) shows a weak correlation with Cd, Pb, Cr, Mn, Co, Ni 

and Cu. This difference in concentration variations could come from the 

presence of a large diversity of fine suspended particles in the water, including 

a substantial amount of organic matter (including living organisms) binding 

trace metals without significant quantities of clays (phytoplankton for 

instance). Such disparity between Al and trace elements was also noticed in a 

previous study in the North Sea (Nolting and Eisma, 1988). The poor link 

between Al and other trace metals eventually questions its use in normalizing 

trace metal concentrations. Al and Fe both usually show a great suitability for 

normalizing elements, because they act as good tracers for fine-grained 

particles and rarely significantly originate from anthropogenic sources (Birch, 

2020, 2003; Daskalakis and O’Connor, 1995; Yari et al., 2018). However, Fe 

is often more reactive than Al in marine environment (redox sensitive element 

cycling between Fe(II) and Fe(III) species with various solubilities) and 

consequently often less appealing for the normalization (Birch, 2020). 

Nevertheless, in our case, Fe would be preferred for the normalization of 

elements. First, because it shows a strong correlation with the other trace 

metals and secondly because Fe-oxides seem to be an important sorbent phase 

for trace metals in the water column. This assumption was supported in earlier 

studies in North Sea coastal zones (Turner and Millward, 2000; Whalley et 

al., 1999). An additional possible explanation of this strong correlation Fe-

trace metals is linked to the influence of redox changes on iron cycling, close 

to the water-sediment interface. The repetitive re-oxidations of reduced Fe(II) 

into Fe(III) during sediment resuspension results in the formation of poor 

crystallized iron oxyhydroxides (amorphous and reactive) with a huge specific 

area, capable of quantitatively scavenging trace elements (Burdige and 



167 

 

Komada, 2020; Liu et al., 2019). This process should therefore progressively 

shift the equilibrium of sorption processes to iron oxides rather than to clay 

materials. 

However, similar results were obtained between Al- and Fe-based EFs, 

indicating that both elements eventually give the same information on SPM 

enrichment for environmental risk assessment purpose. 

 

In the µXRF profiles, the relative abundance of most trace metals does not 

proportionally vary with Si. Only Ni shows a slight positive relation to Si that 

may be the result from the binding of Ni onto diatom cells.  For the other trace 

elements, the negative correlation rather indicates a weak affinity for sand 

particles and other Si biogenic forms. Instead, a correlation between Fe, Mn, 

Pb, Cr and Ca is revealed by the µXRF scans. This can be explained by the 

ability of Mn, Pb and Cr to be associated with iron oxides or carbonates (Yang 

et al., 2018), or because these elements may be used by small algae like 

coccolithophores which are composed of calcium carbonate scales (Balch, 

2018; Johnson et al., 2018). These explanations may also be associated to the 

common source of Ca and Fe particles that induce a good correlation between 

these 2 major elements. In addition, and as highlighted in 4.4.2, Fe and Mn-

oxides form good carrier phases and impact the scavenging of trace elements, 

as well as their release when the oxides reduce in the sediment (Reckhardt et 

al., 2017; Trueman, 2017). For instance, elements like Cd, Cr, Cu and Pb show 

a good affinity for these oxides, as well as for organic matter (Charriau et al., 

2011; Stone and Marsalek, 1996; Turner et al., 2004) with the possibility of 

forming mixed particles composed of OM and iron oxides associations 

(Catrouillet et al., 2016; Nolting and Eisma, 1988; Turner et al., 2004). In the 
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µXRF results, Ni seems correlated only with Pb, but the signal is very low, 

and this result has to be taken carefully. 

Conversely to µXRF results, the concentrations of trace metals obtained from 

the total digestion seem higher during neap tides than during spring tides. 

However, it does not mean that the suspended particles are necessarily more 

contaminated, as the calculated EFs remain in the same range of values during 

the two events for all elements. Indeed, the spring tides likely bring higher 

amount of particulate trace metals than during NT (particularly due to polluted 

sediment resuspension close to the seabed), but they probably also carry a non-

negligible amount of inert suspended matter (due to the stronger currents), 

finally diluting the particulate trace metals concentrations. The higher relative 

abundance of S, Ca and Si during ST supports the latter hypothesis. During 

neap tides, SPM are therefore mainly composed of fine particles (e.g. oxides, 

clays, phytoplankton) which adsorb trace metals and stay suspended in the 

water column longer. 

Finally, very detailed patterns can be observed using the µXRF scans (Fig. 

4.2), which cannot be recovered from the trace metal extraction results (Fig. 

4.3). The µXRF scan produces much higher resolution profiles which gives 

individual fluctuations of elements, compared to the classic measurement of 

particulate trace metals (slicing the SPM cores and acid digestion of particles) 

which gives an average of these fluctuations. Moreover, the µXRF method has 

the great advantage of being a non-destructive technique. However, the µXRF 

cannot give quantitative data if no comparable reference material is available, 

like it was the case here. In addition, more disparities between the ST and NT 

were expected on the µXRF profiles. Instead, only few global variations were 

observed. In conclusion, the complementary use of both techniques (µXRF 

and acid digestion of particles) is eventually a relevant approach to the study 

of cores (SPM, soil or sediment). Here, to deeply understand whether the 
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numerous fluctuations are linked to recurrent events such as daily tidal cycles 

or not and to exclude background noises from the signal, wavelet or FFT 

spectral analyses could be an added value to the study and will constitute the 

next step of this work (ongoing). 

 

4.5. Conclusion 

The characteristics and pollutant enrichments of SPM in the Belgian Coastal 

Zone can be traced at the scale of tidal cycles, using different tools. Close to 

the seabed, higher trace metal enrichments, increasing S concentrations and 

SPM amount highlighted sediment resuspension at the bottom of the water 

column. In the same way, the historical contamination of the sediments from 

the Southern North Sea probably constitutes a significant source of metallic 

compounds, especially during spring tides when increasing current strength 

stresses the transfers from sediment to the water column. In addition, particle 

inputs from the Scheldt Estuary may widely influence the particle and water 

composition around MOW-1 (see Chapter 2). 

The highest metal concentrations coincided with a higher amount of small 

SPM in size (monitored through Fe and Al reference elements) and higher 

organic and nitrogen concentrations in SPM, while the provenance of the 

suspended organic matter does not seem to drastically change, which is a 

mixture of autochthonous and allochthonous particles. Overall, POM and Fe-

, Mn-oxides are the main binding phase for trace metals in the Belgian Coastal 

Zone. In addition, the calculation of enrichment factors has shown the possible 

anthropogenic inputs of Cd, Pb. However, the enrichment of suspended 

particles remains the same during NT and ST. Furthermore, the µXRF scans 

may provide a better view of the SPM composition fluctuations with detailed 

information on the monthly tidal cycles, and even perhaps on variations 
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related to daily tides. To better understand the changes in particulate 

concentrations of trace elements and the partition mechanisms involved, it 

would be interesting to measure the dissolved fraction as well. In addition, a 

comparison of the result obtained in this study with deposited material (grab 

sample or sediment core) would be necessary, to better understand the role of 

the seabed as a reservoir and as a source of matter. SPM and trace metal 

transport over seasons, low or high freshwater discharge influence, dry or 

stormy weather effects are also other leads for further investigations along the 

BCZ. Beside the focus on suspended particles and strongly complexed trace 

metals influenced by tides, it could also be relevant to study the impact of tidal 

cycles on the distribution of labile trace metals (i.e. free metal ions and weakly 

complexed colloids) which have greater adverse effects on marine 

ecosystems. Overall, considering the tidal variations when monitoring SPM 

and particulate metal contaminants could lead to a more integrated 

environmental management and could surely improve our knowledge on 

anthropogenic impacts and pollutant fluxes. On a larger scale, this could also 

help to better model and predict the transport of various pollutant types in 

marine systems subject to strong tidal currents. 

Moreover, and in comparison with Chapter 2, the influence of the Scheldt 

Estuary on the water composition of the BCZ (here MOW-1) seems 

considerable and should not be ignored. In addition, within the NewSTHEPS 

project and in collaboration with the Royal Belgian Institute of Natural 

Sciences, a pollutant exposure model was developed and based on the 

hydrodynamic model COHERENS, considering advection, diffusion, 

adsorption/desorption of pollutants to suspended and bed sediment and 

drawing the link between river sources (Scheldt, Meuse and Rhine) with the 

BCZ. This preliminary work is still ongoing, but the first results already gave 

nice insights on pollutant fluxes in the BCZ. For instance, it has yet 
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demonstrated that the contribution from each river system to the annual 

average concentration is important, and that it considerably fluctuate over a 

year. It also has also yet confirmed the strongest contribution of the Scheldt to 

the Belgian coast (and by extension MOW-1) and helped to identify zones of 

concern. 
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4.6. Supplementary information 

 

Figure S4.1: The CT scans revealed a recurrent pattern of tidal layers. During 

high currents smaller SPM flocs with higher density (lighter colors on the CT 

scan) are trapped, and when the currents are decreasing larger SPM flocs with 

lower density (darker colors on the CT scan) settled and are trapped. Scans 

retrieved from Adamopoulou et al. (2020 – to be published). 
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Table S4.1: Correlation and associated p-value matrices from the µXRF 

measurements. 

Correlation matrix 

  Al Si S Ca Cr Mn Fe Ni Cu Pb 

Al 1,00          
Si -0,37 1,00         
S -0,14 -0,41 1,00        
Ca 0,08 -0,80 0,03 1,00       
Cr 0,08 -0,14 0,01 0,09 1,00      
Mn 0,11 -0,40 0,03 0,32 0,02 1,00     
Fe 0,47 -0,60 0,03 0,32 0,22 0,39 1,00    
Ni -0,09 0,18 -0,07 -0,16 0,05 -0,01 -0,09 1,00   
Cu -0,10 0,01 -0,04 0,07 0,04 0,30 -0,12 0,08 1,00  
Pb 0,04 -0,09 -0,08 0,09 0,04 0,21 0,17 0,26 0,14 1 

 

 

p-values 

  Al Si S Ca Cr Mn Fe Ni Cu Pb 

Al 0          
Si 0,00 0,00         
S 0,00 0,00 0,00        
Ca 0,06 0,00 0,49 0,00       
Cr 0,04 0,00 0,85 0,04 0,00      
Mn 0,01 0,00 0,47 0,00 0,64 0,00     
Fe 0,00 0,00 0,52 0,00 0,00 0,00 0,00    
Ni 0,04 0,00 0,07 0,00 0,22 0,74 0,02 0,00   
Cu 0,02 0,76 0,30 0,07 0,29 0,00 0,00 0,06 0,00  
Pb 0,33 0,03 0,04 0,03 0,38 0,00 0,00 0,00 0,00 0 
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Figure S4.2: Correlogram resulting from the µXRF measurements.
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Table S4.2: Correlation and associated p-value matrices for the measurements from the total acid digestion and organic 

matter characterization 

Correlation matrix 

  PN POC D15N D13C C.N Corg/Ctot Cd Pb Cr Mn Fe Co Ni Cu 

PN 1.00              

POC 1.00 1.00             

D15N 0.21 0.20 1.00            

D13C 0.50 0.50 0.15 1.00           

C/N -0.91 -0.89 -0.38 -0.48 1.00          

Corg/Ctot 0.93 0.94 0.12 0.50 -0.81 1.00         

Cd 0.86 0.87 0.22 0.50 -0.78 0.78 1.00        

Pb 0.88 0.87 0.13 0.63 -0.78 0.75 0.83 1.00       

Cr 0.97 0.97 0.19 0.49 -0.90 0.88 0.89 0.93 1.00      

Mn 0.96 0.95 0.19 0.49 -0.92 0.83 0.85 0.92 0.97 1.00     

Fe 0.96 0.96 0.23 0.43 -0.92 0.86 0.91 0.90 0.99 0.98 1.00    

Co 0.97 0.97 0.24 0.46 -0.91 0.87 0.91 0.90 0.99 0.98 1.00 1.00   

Ni 0.96 0.95 0.23 0.46 -0.92 0.87 0.91 0.89 0.98 0.96 0.99 0.99 1.00  
Cu 0.96 0.96 0.19 0.57 -0.88 0.86 0.92 0.95 0.98 0.97 0.97 0.98 0.98 1.00 

Al 0.59 0.60 0.14 -0.13 -0.40 0.61 0.39 0.35 0.54 0.44 0.50 0.50 0.49 0.42 
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p-values 

  PN POC D15N D13C C.N Corg/Ctot Cd Pb Cr Mn Fe Co Ni Cu 

PN               

POC 0.00              

D15N 0.50 0.52             

D13C 0.10 0.10 0.64            

C.N 0.00 0.00 0.23 0.11           

Corg/Ctot 0.00 0.00 0.72 0.10 0.00          

Cd 0.00 0.00 0.49 0.10 0.00 0.00         

Pb 0.00 0.00 0.69 0.03 0.00 0.00 0.00        

Cr 0.00 0.00 0.56 0.11 0.00 0.00 0.00 0.00       

Mn 0.00 0.00 0.56 0.10 0.00 0.00 0.00 0.00 0.00      

Fe 0.00 0.00 0.47 0.16 0.00 0.00 0.00 0.00 0.00 0.00     

Co 0.00 0.00 0.45 0.13 0.00 0.00 0.00 0.00 0.00 0.00 0.00    

Ni 0.00 0.00 0.47 0.14 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00   

Cu 0.00 0.00 0.56 0.05 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00  

Al 0.05 0.04 0.67 0.68 0.20 0.04 0.21 0.26 0.07 0.15 0.10 0.10 0.11 0.18 
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Figure S4.3: Correlogram resulting from the total acid digestion and organic 

matter characterization



 

 

 

 

 

 

 

Figure S4.4: The evolution of chlorophyll concentration from February to 

May 2016 (retrieved from (NASA Earth Observations, 2020) 
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Chapter 5 

Trace metal vertical distribution 

and speciation in Baltic Sea waters 
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Trace metal vertical distribution and speciation in 

Baltic Sea waters 

Gaulier C., Zhou C., AbdulBur-Alfakhory E., Leermakers M., Superville P.-

J., Billon G., Baeyens W., Gao Y. In preparation for Science of the Total 

Environment. 

 

Abstract 

Ever since Scandinavia has been populated, the Baltic Sea has served as a path to 

connect the Northern Europe countries and as a source of human livelihood. Today, 

metallic pollution associated with rapid coastal development is of specific concern in 

the Gotland Basin. Because of hypoxia and long water residence time, large variations 

of physicochemical parameters from the surface waters to the bottom were recorded 

in the deep basin, influencing trace element distribution. Here, the vertical gradients 

of labile, dissolved and particulate trace metals as well as the biogeochemistry of 

nutrients were investigated in both Western and Eastern Gotland Basin, from surface-

oxygenated waters to deep-anoxic ones. Labile trace metals were measured using 

DGT passive samplers, while the dissolved and particulate trace metal concentrations 

were assessed using classic active sampling techniques. This combination of 

techniques allows to unravel the link between trace metal concentrations, their 

possible bioavailability and biogeochemical features of the basin. Overall, the 

distribution of elements in the water column is mainly related to the water depth, the 

organic matter mineralization and the resulting oxygen availability which influence 

biogeochemical reactions. In the deepest waters, the strong euxinia leads to the 

precipitation of most trace metals with sulfide forming sulfidic colloids, Cu being the 

most insoluble element. Fe- and Mn-oxides originating from natural sedimentation 

processes or from a shelf-to-basin shuttle are strongly reduced in the anoxic zone, 

releasing carrying elements such as dissolved Co and, to a lesser extent, dissolved Pb. 

Slow release of dissolved Fe and Mn from the sediment might occur as well. Vertical 

transport of Cd, Cr, Cu and Ni is likely to involve various processes such as releases 

from Fe- and Mn-oxides, or from other organic/inorganic particles. Dissolved non-

labile species are dominant all along the water column, yet labile fractions measured 

with DGT of Co, Fe, Ni and Mn show a substantial contribution in the anoxic zone. 

Data from this investigation were also compared with previous studies, carried out 

before and after the Major Baltic Inflow of 2015. 

 

Keywords: Trace metals, Speciation, Baltic Sea, Biogeochemistry, Anoxia  
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5.1. Introduction 

Since time immemorial, coastal areas have been a key spot for civilization and 

society settlement and development (Erlandson and Fitzpatrick, 2006). They 

have allowed human and countries to connect, but also, they have provided 

and still ensure nowadays a secure source of food, and various ecological and 

economic services. Alongside increasing population densities, agricultural 

and industrial pressures, eutrophication, landscape alterations, sea level rise 

and climate change, concern has been raised all over the world, looking for an 

alternative and sustainable management of coastal environments (Anthony, 

2014; D’Elia et al., 2019; Heiskanen et al., 2019). As a response, various 

environmental policies started to take shape. The Baltic Marine Environment 

Protection Commission - Helsinki Commission (HELCOM) is a good 

example of such initiatives, supported by countries bordering the Baltic Sea 

(HELCOM, 2018). Over the past 100 years, the Baltic Sea has indeed 

degraded dramatically, stressed by industrial activities, busy traffic and 

fertilizer runoff (Osvath et al., 2001). Indeed, this northern sea is relatively 

isolated from other seas and oceans and is widely influenced by freshwater 

inflows, and thus, forms one of the largest brackish inland seas (Leppäranta 

and Myrberg, 2009): this side-lining and low salinity level have most likely 

accentuated the impact of anthropogenic activities on the complex ecosystems 

that it shelters (Korpinen et al., 2012). Despite a rather small surface area 

(400 000km2) and an overall shallowness (average depth of 55m; Leppäranta 

and Myrberg, 2009), the Baltic Sea shows great variations in depth and sinks 

to a maximum of -459m in its deepest places (Western Gotland Basin). In 

addition, the slow and limited water exchange with the North Sea - through 

the narrow Danish Straits - results in a long water residence time, of around 

30 years (Stigebrandt, 2001). Moreover, a quarter of the Baltic Sea is 

episodically an hypoxic zone, showing oxygen concentrations lower than 2 
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mg L-1 (usually below 150m, in the central region of the Baltic Sea; Pohl and 

Hennings, 2008). Since the last natural reoxygenation event of 2015 (the so-

called Major Baltic Inflow), the deepest waters of the Baltic Sea remained 

under a constant anoxia, without any record of significant oxygenation below 

the halocline (Artamonova et al., 2019; Hansson et al., 2018). The more saline 

and therefore denser waters stay at the bottom and are isolated from surface 

waters and from the atmosphere, consequently limiting oxygen exchanges and 

stratifying the water column. At those depths, only bacteria can thrive and 

prosper, feeding on organic matter and producing H2S (Conley et al., 2009; 

HELCOM, 2018). 

Metal discharges originating from diffuse sources (wastewater discharge, 

leaching, etc.) and atmospheric deposition have increased the torments of the 

Baltic Sea (Furman et al., 2013). Once entering the aquatic environments, 

trace metals are indeed not easily degraded and will slowly aggregate as 

suspended matter in the water column, and further accumulate in the sediment, 

whereas their dissolved phases can be assimilated by the biota and might be 

enriched along the food chain, which can cause adverse effects on living 

organisms (Ho et al., 2010; Kennish, 1994; Rheinheimer, 1998). Moreover, 

the stagnant conditions causing anoxia, water stratification and long residence 

time intensify trace metal accumulation (HELCOM, 2018; Korpinen et al., 

2012). Thus, trace metal distribution and biogeochemical cycles in these zones 

are mainly driven by vertical stratifying gradients and processes (Pohl and 

Hennings, 2008). Understanding their speciation and lability in such 

uncommon environment is decisive to interpret their fate and behavior, even 

more precisely than simply assess their total concentration (Allen and Hansen, 

1996; National Research Council (U.S.), 1977; Sierra et al., 2017). 

In this study, an exploration into the biogeochemical behavior of trace metals 

in the Baltic Sea is conducted, using a combination of passive and active 



184 

 

sampling techniques. The interaction between vertical variations of 

physicochemical parameters and concentration gradients of labile, dissolved 

and particulate trace metals was investigated from surface-oxygenated water 

layers to deep-anoxic ones, in the Gotland Basin. The main objectives were 

(i) to understand changes in trace metal concentrations along the water 

column, (ii) to assess their speciation as a function of depth and to study the 

influence of changing environmental conditions (oxic/anoxic) on their 

biogeochemical behavior and (iii) to provide advanced information on 

bioavailable metal fractions in this specific basin. 

 

5.2. Material and methods  

5.2.1. Chemicals and materials 

For the material cleaning and preparation (Glass, PE and Teflon bottles, 

Teflon and glass plates), nitric acid (HNO3; Fisher, Trace Metal Grade, 65%), 

distilled nitric acid (distilled in the laboratory), Milli Q water (Millipore) were 

used. For the sample preparation and treatments, zinc acetate (ZnAc; Merck, 

pro analysi), glacial acetic acid (CH3COOH; Fisher, Trace Metal Grade, 

>99%), sodium sulfide (Na2S.9H2O; ThermoFisher, Alfa Aesar, ACS, >98%), 

degassed Milli Q water, (Millipore; flushed with N2 gas), HCl (Fisher, Trace 

Metal Grade, 37%), ferric chloride (FeCl3.6H2O; Acros Organics, extra pure, 

>99%), N,N-dimethyl-p-phenylenediamine sulfate (Merck, pro analysi), 

orthophthaldialdehyde (OPA), N-(1-Naphthyl)ethylenediamine 

dihydrochloride (NEDD; p.a., Merck, 0.2%), sulfanilamide (p.a., Merck, 2%), 

ascorbic acid (VWR, >99%, analytical grade), molybdate solution. 

For DGT preparation, Chelex®-100 (Bio-Rad, 200-400 mesh size), cross-

linker (DGT Research, Lancaster), acrylamime (40%, Merck), ammonium 

persulfate (APS; Merck), tetramethylethylenediamine (TEMED; Merck, 
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> 99%), DGT pistons (caps and bases, DGT research, Lancaster), 0.45 µm-

pore size filter membranes (Merck Millipore, Durapore®, 0.45 µm PVDF 

Membrane, HVLP grade) and NaCl (Merck, Suprapur) were used. For DGT 

treatment, 1M HNO3 was prepared by diluting 63 mL HNO3 (Fisher, Trace 

Metal Grade, 65%) into 937 mL Milli Q water. For dissolved and particulate 

trace metal measurements, distilled nitric acid (HNO3; Fisher, Trace Metal 

Grade, 65%; distilled in the laboratory), Milli Q water (Millipore), 0.45 µm-

pore size filter membranes (Merck Millipore, Durapore®, 0.45 µm PVDF 

Membrane, HVLP grade), nitric acid (HNO3; Fisher, Trace Metal Grade, 

65%), HCl (Fisher, Trace Metal Grade, 37%), HF (Fisher, Trace Metal Grade, 

40%) and H3BO3 (Fisher, Trace Metal Grade, 4% w/v) were used. 

5.2.2. Study sites 

This study was conducted in the Western (WGB) and Eastern (EGB) Gotland 

Basin, respectively located in Swedish and Latvian waters, as shown in Figure 

5.1. The Gotland Basin is a wide area in the central Baltic Sea and is 

characterized by marked bathymetry discontinuities: at the bottom, steep 

escarpments create sudden increases in depth, finally forming smaller sub-

basins (Stigebrandt, 2001). Notably, the deepest point (-459 m) of the sea is 

located in the Landsort Deep basin (WGB) while another relatively deep one 

(-249 m) is found in the Gotland Deep basin (EGB) (Leppäranta and Myrberg, 

2009). Besides geographic and bathymetric features, the WGB and the EGB 

are also ranked by the HELCOM (2018) with the worst environmental grade. 

The EGB is even indicated as one of the most contaminated area of the Baltic 

Sea, regarding hazardous substances. Particularly, Cd and Pb are two 

compounds of concern in both basins, as they exceed the threshold values 

defined for hazardous substances in biota and in sediments of the Baltic Sea 

(no water data was provided for the WGB; HELCOM, 2018). 
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Figure 5.1: Location of the sampling sites in the Gotland Basin (adapted from 

Baltic Sea Hydrographic Commission, 2013). 

 

The sampling campaign was carried out onboard the R.V. Belgica in June 

2018. Four stations have been selected based on their maximal depth (Figure 

5.1): two in the WGB, S1 (- 127 m) and S2 (- 171 m); two in the EGB, L1 (- 

159 m) and L2 (- 249 m). At each station, direct measurements of a set of 

physicochemical parameters, active sampling and passive sampling were 

performed, as depicted in the Supplementary Information (SI). 

5.2.3. Vertical hydrography 

At each station, temperature, salinity and dissolved oxygen (O2) were 

measured in situ along a vertical profile in the water column, using a pre-

calibrated Seabird SCTD (SBE19plus with OBS-3+ and PAR sensor). 

In addition, seawater samples were taken for the assessment of dissolved 

sulfide [S(-II)], dissolved inorganic nutrients (ammonium NH4
+, nitrite NO2

-, 

phosphate PO4
3-), Particulate Organic Carbon (POC), Particulate Nitrogen 

(PN) and trace metals, using a CTD Rosette sampler equipped with a set of 12 

Niskin bottles (10 L). The sampled depths are indicated in the SI. 
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5.2.3.1. Particulate organic carbon and nitrogen 

At each sampled depth, 500 mL of water sample was collected and filtered 

using 0.70 µm pre-treated (i.e. heated at 500 °C for 2 hours) and pre-weighted 

glass-microfiber filters (Sartorius Stedim Biotech, GF/F). The filtered samples 

were later treated for the analyses of dissolved chemical compounds (see 

5.2.3.2 and 5.2.3.3). After filtration, the glass-microfiber filters were dried in 

the oven at 50°C overnight and weighted again. A subsample of each filter 

was placed for 24 hours in an acid-fume chamber (HCl fumes) to remove the 

carbonate fraction, then dried again and enclosed in tin cups. Five procedural 

blank filters were treated in the same way as the samples. The amount of POC 

and PN on the filters were determined using an Elemental Analyzer (EA-

IRMS instrument, Flash EA112, Delta V Plus, Thermo Scientific). The 

certified reference material IAEA-CH6 sucrose and IAEA-N2 ammonium 

sulfate were used as internal standard respectively for carbon and nitrogen 

measurements. Limits of detection (LOD) were 1.31 µM for POC and 0.35 

µM for PN. The Relative Standard Deviation (RSD) of the measurements was 

below 17 % for POC and 20 % for PN. 

5.2.3.2. Dissolved inorganic nutrients 

Another aliquot (240 mL) of each filtered seawater sample was prepared in 

Schott bottles (3x 80 mL) for measuring dissolved inorganic nutrients 

(ammonium NH4
+, nitrite NO2

-, phosphate PO4
3-) by spectrophotometry using 

an Ocean Optics, TORUS spectrometer. The reagent preparation is described 

in the Supplementary Information (SI). From each sample, 500 µL was added 

to 4.5 mL Milli Q water. 

In the solutions intended for the ammonium analyses, 1.25mL of OPA reagent 

was added and the measurements were performed at 428 nm after 3 hours 

waiting. 
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In the solutions intended for the nitrite analyses, 125 µL of NEDD and 125 

µL of sulfanilamide were added and the measurements were performed at 550 

nm after 20 minutes waiting. 

In the solutions intended for the phosphate analyses, 125 µL of acidified 

ascorbic acid solution and 125 µL of molybdate solution were added and the 

measurements were performed at 880 nm after 20 minutes waiting. 

The concentrations of NH4
+, NO2

-, PO4
3- were then determined by comparing 

the field sample results with those of external calibration curves. The LOD 

were around 0.15 µM for NH4
+, 0.18 µM for NO2

-, 0.01 µM for PO4
3-. 

5.2.3.3. Dissolved sulfide 

An aliquot (80 mL) of each filtered seawater sample was prepared for 

measuring dissolved sulfides, according to the colorimetric method developed 

by Cline (1969). The reagent preparation is descripted in the Supplementary 

Information (SI). First, the sample was stabilized with 5% ZnAc solution (for 

1 mL sample, 100 µl of 5% ZnAc). In the dark, 500 µL of each solution was 

then treated by addition of 1500 µL Milli Q water and 120 µL of diamine 

reagent which gave its color to the solution. After 20 minutes waiting, the 

absorbance measurements were performed by spectrophotometry (Ocean 

Optics, USB 2000+ UV-VIS spectrometer) at 670 nm. The sulfide 

concentration was then determined by comparing the absorbance results with 

those of an external calibration curve. The LOD of this technique was 0.2 µM. 

5.2.4. Trace metals in the surface waters 

The speciation approach allows to differentiate several types of metal species, 

mainly based on the particle size (Stumm and Bilinski, 1973): a first 

separation between the particulate and the dissolved phases of trace metals 

can be done using a 0.45µm filtration. Furthermore, another focus is made on 
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two phases co-existing within the dissolved fraction: a separation between 

labile and non-labile species, using the DGT technique 

5.2.4.1. DGT sampling and treatments 

The DGT technique relies on a controlled diffusive transport of analytes which 

pass a diffusive gel (pore size 10nm) and are bound on a resin gel. The 

concentration gradient built during the deployment makes it possible to assess 

time integrated concentrations of labile trace metal fractions. The DGT 

passive sampler is composed of a round plastic molding (a cap and a piston 

base, both assembled), holding together three successive layers, which are: a 

membrane filter (0.45 µm pore size cellulose acetate – 0.125 mm thick), a 

diffusive hydrogel (polyacrylamide hydrogel – 0.8 mm thick) backed up by a 

resin gel (binding Chelex®-100 resin – 0.4 mm thick). The diffusive hydrogel, 

the resin gel and DGT pistons were prepared according to the method reported 

by Zhang and Davison (1995) and described in detail in Gaulier et al. (2019). 

During the expedition, DGT pistons were deployed in 20 L clean plastic 

containers filled with seawater of each sampled depth. Each container 

contained 6 DGT pistons. The deployment duration of DGT, and the water 

temperatures at deployment and recovery were recorded and further used for 

the DGT-labile concentration calculations. After deployment, trace metals 

accumulated on the resin gel were eluted in 1 mL of 1M HNO3 for at least 24 

hours. The eluents were then diluted five times with MQ-water, prior to their 

analysis (see 5.2.4.3). From the total mass of the accumulated metal, the time 

average metal concentration was calculated based on Fick’s first law, as 

described in Gaulier et al. (2019). The LOD of DGT technique was calculated 

based on 6 DGT blank analysis. 
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5.2.4.2. Sampling and sample treatment for dissolved and 

particulate metals 

5.2.4.2.1. Dissolved trace metals 

500 mL of seawater collected by the CTD Rosette sampler were filtered using 

0.45 µm pre-weighted filter membranes. The filtrate was acidified with 0.2% 

distilled HNO3 and then stored in clean Teflon® bottles. Then the acidified 

filtrates were finally diluted 10 times with MQ water, prior to analysis, while 

the filter membranes were later treated for the analysis of particulate 

compounds. 

5.2.4.2.2. Particulate trace metals 

The filters used for seawater sample filtration were dried under a laminar flow 

hood for 2 days and weighted again. The mass difference of the filters was 

recorded for the calculation of particulate metal concentrations and for the 

determination of the Suspended Particulate Matter (SPM) amount. The dry 

filters were then introduced into clean Teflon® tubes where 3mL of 

concentrated HF (40%), 3mL of concentrated HCl (37%) and 1mL of 

concentrated HNO3 (65%) were added. The solution was heated at 70°C 

overnight and finally after cooling down, 20 mL of H3BO3 (4%) were added 

to the Teflon® bottles. This solution was then heated at 70°C for three hours. 

Once the solution cooled down again, it was transferred to PE vessels and 

further diluted (10 times) before analysis. 

5.2.4.3. Trace metal analysis and validation 

Trace metals (Cd, Co, Cr, Cu, Fe, Mn, Ni, Pb and Al) in the prepared solutions 

were determined using a High Resolution-Inductively Coupled Plasma Mass 

Spectrometer instrument (HR-ICP-MS, Thermo Finnigan Element II). The 

calibration was carried out with appropriate dilutions of an acidified multi-

element stock solution (Merck, ICP-MS standard XIII). Indium was used as 
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an internal standard. The LODs were 4.0 ng L-1 for Cd, 5 ng L-1 for Co, 0.01 

µg L-1 for Cr, 0.07 µg L-1 for Cu, 0.47 µg L-1 for Fe, 0.02 µg L-1 for Mn, 0.07 

µg L-1 for Ni, 0.01 µg L-1 for Pb and 12 µg L-1 for Al. The RSD was lower 

than 9% for all metal species. 

5.2.5. Statistical analysis 

Statistical analyses were performed based on a Principal Component Analysis 

(PCA) and a Hierarchical Ascending Classification method (HAC) using the 

R data processing software (www.r-project.org). Two packages were used in 

this study: corrplot and FactoMineR. 

 

5.3. Results 

5.3.1. Physicochemical parameters  

The temperature does not vary from one station to another but fluctuates 

between 3.0 to 17.2 °C depending on the depth (Figure 5.2a). At the surface 

(< 20 m depth), the temperature shows its highest values (∼ 13.9 °C on 

average) whatever the site. It progressively decreases down to 3.2°C at around 

60 m deep before rising again to reach a plateau at 6.5 °C on average, around 

100 m deep. 

The salinity shows similar values at every station, but ranges between 6.6 to 

13.3 PSU as a function of depth (Fig. 5.2b). In the Gotland Basin, it is a typical 

phenomenon that salinity gradually increases with the depth (Schneider and 

Otto, 2019; Ulfsbo et al., 2011): here, the most significant increase (factor 1.4 

on average) occurs between 60 and 90 m, in the water column. 

Compared to salinity, dissolved oxygen (Fig. 5.2c) shows a reverse vertical 

profile, displaying the highest concentrations in the surface waters (around 9 

mg L-1) and the lowest ones at the bottom (below 0.1 mg L-1). It rather remains 
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stable in the first 60 meters with a slight maximum around 20 m depth, before 

decreasing sharply until the seabed. 

The SPM amount (Fig. 5.2d) ranges between 0.6 to 2.5 mg L-1 in the studied 

zones and shows similar patterns at each station: high values in the surface 

waters, then a steep decrease until 40 - 60 m deep, and then an increase 

towards the seabed for all the stations except L2 where the SPM 

concentrations remain rather stable after -60 m. 

 

Figure 5.2: Vertical profiles of: (a) temperature, (b) salinity and (c) dissolved 

oxygen, (d) SPM amount, (e, f, h) dissolved nutrient and (g) sulfide 

concentrations, (i) POC, (j) PN contents and related (k) C/N ratio are given at 

the four sampling sites: at S1 (blue empty circles) and S2 (blue closed 

diamonds) in the Western Gotland Basin (WGB) and at L1 (orange closed 

triangles) and L2 (orange crosses) in the Eastern Gotland Basin (EGB). 
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5.3.2. Dissolved inorganic nutrients and sulfide 

Dissolved NH4
+, PO4

3- and S(-II) display similar increasing trends with depth 

at all stations (Fig. 5.2e, f, g). Overall, the values vary from < 0.15 to 12.50 

µM for NH4
+, from < 0.01 to 5.53 µM for PO4

3- and from < 0.2 to 115 µM for 

S(-II). In the first 60 meters, the levels of NH4
+, PO4

3- and dissolved sulfide 

are very low, then an increase is generally observed with a first sudden peak 

appearing around -90 m deep at all stations. Maximum values of these three 

elements are recorded at station L2 at -230 m, right above the seabed.  

Nitrite concentrations are low and fluctuate, but most of them are below the 

LOD of 0.8 µM (Fig. 5.2h). 

5.3.3. Particulate organic carbon and nitrogen 

The POC and PN contents of the SPM have similar variations along the depth 

at all the stations. They vary from 1.6 to 51.5 µM and from 0.4 to 7.1 µM, 

respectively (Fig. 5.2i, j). The highest values (around 47.1 µmol L-1 for POC 

and 6.6 µmol L-1 for PN) are found at the surface. Then, the values sharply 

decline at 60 m deep by a factor 9 on average. In addition, the C/N ratio 

decreases from 7.0 at the surface to 4.6 close to the bottom (Fig. 5.2k). 

 

5.3.4.  Biogeochemical cycling of trace metals  

5.3.4.1. Manganese, iron and cobalt 

The oxygen sensitive elements Co, Fe and Mn display very similar trends 

along the water column (Figure 5.3a, b, c). Their total (dissolved and 

particulate) concentrations remain rather low and stable at the surface and then 

individually increase at different depths for each station. They range from 0.01 

to 0.11 µg L-1 for Co (Fig. 5.3a), 1.3 to 85 µg L-1 for Fe (Fig. 5.3b) and 0.94 
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to 1700 µg L-1 for Mn (Fig. 5.3c). On average, the highest values are measured 

in the EGB. Moreover, the total concentrations of Co, Fe and Mn keep 

increasing until the seabed in the EGB and at station S1, while they reach a 

maximum around -90 m at station S2 and then decrease again near the bottom. 

The same patterns are observed for dissolved Co, Fe and Mn (dCo, dMn and 

dFe) with elevated concentrations near the seafloor, as well as for their labile 

forms (lCo, lFe and lMn) obtained by the DGT technique, which show 

increasing levels with depth. The particulate concentrations of Co (pCo) are 

negligible at all stations. Regarding particulate Fe and Mn (pFe and pMn), 

these concentrations account for a significant fraction at some stations, 

especially in the upper part of the water column and sometimes in the bottom 

zone. Overall, the maximum particulate concentrations are 8.5 ng L-1 for Co, 

17.1 µg L1 for Fe and 8.1 µg L-1 for Mn. 

Regarding the speciation of Co, Fe and Mn, their dissolved species are in 

majority, especially near the seabed where they respectively reach an average 

contribution of 70, 77 and 69% of the total content. Near the surface, the main 

species of Fe and Mn are in the particulate phase, which respectively 

represents 53% and 74% of their total content. In addition, significant 

contributions of pFe are noticed near the bottom, but only at station S2 and 

L1. Labile Co, Fe and Mn have a low contribution at the surface with average 

values of 4.2, 4.1 and 16.8% of the total content, respectively, while they reach 

a contribution of 26% (lCo) and 31% (lMn) close to the bottom. Finally, and 

in most cases, the dissolved non-labile fractions account for most of the 

distribution of these three elements. 
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Figure 5.3: Vertical speciation profiles of Co (a), Fe (b) and Mn (c) in the 

WGB (station S1 and S2) and the EGB (station L1 and L2). Total 

concentrations are given in blue (circle sign; resulting from the addition of 

dissolved and particulate concentrations brought back to µg L-1), dissolved 

ones in green (square sign) and labile ones in orange (triangle sign). The grey 

areas indicate the particulate fraction, while the yellow ones give the dissolved 

non-labile fraction (resulting from the subtraction between dissolved and 

dissolved labile concentrations). The black dash-lines indicate the maximum 

depth of each sampling stations. 

 

5.3.4.2. Nickel and Chromium 

Ni and to a lesser extent Cr, show little variations with the depth (Figure 5.4a, 

b): their total concentrations remain in a narrow range of values, whatever the 

station nor the depth (from 0.66 to 0.89 µg L-1 for Ni and from 0.05 to 0.20 µg 

L-1 for Cr). However, Ni is mostly found as a dissolved element, while Cr is 

mainly particulate. In both cases, the non-labile concentration account for the 

main dissolved fraction, especially for Cr where the values range between 64 

and 95%. The Ni labile species are much more notable than Cr labile species: 
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especially in station L2, where labile Ni (lNi) accounts for more than 50% of 

total concentrations.    

 

 

Figure 5.4: Vertical speciation profiles of Ni (a) and Cr (b) in the WGB 

(station S1 and S2) and the EGB (station L1 and L2). Total concentrations are 

given in blue (circle sign; resulting from the addition of dissolved and 

particulate concentrations brought back to µg L-1), dissolved ones in green 

(square sign) and labile ones in orange (triangle sign). The grey areas indicate 
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the particulate fraction, while the yellow ones give the dissolved non-labile 

fraction (resulting from the subtraction between dissolved and dissolved labile 

concentrations). The black dash-lines indicate the maximum depth of each 

sampling stations. 

 

5.3.4.3. Copper 

Total Cu concentrations range from 0.29 to 1.26 µg L-1 in the investigated 

zones (Figure 5.5) with maximal concentrations observed at the upper part of 

the profiles. More precisely, total Cu concentrations rapidly increase in the 

first meters below the surface (< 20-30 m) and then, gradually decreases until 

the junction between the halocline and the anoxic zone (around -90 m). In the 

same way as Cr, labile Cu (lCu) shows very low concentrations (0.01 and 0.08 

µg L-1) compared to the other fractions and most of the dissolved 

concentration is composed of non-labile species (>75 % of the total dissolved 

content). The particulate fraction is also very low and account for only 10% 

of the total Cu concentration, on average. While the lCu fraction does not 

show any variation due to very low values, the contribution of pCu seems to 

slightly increase with the depth. 
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Figure 5.5: Vertical speciation profiles of Cu in the WGB (station S1 and S2) 

and the EGB (station L1 and L2). Total concentrations are given blue (circle 

sign; resulting from the addition of dissolved and particulate concentrations 

brought back to µg L-1), dissolved ones in green (square sign) and labile ones 

in orange (triangle sign). The grey areas indicate the particulate fraction, while 

the yellow ones give the dissolved non-labile fraction (resulting from the 

subtraction between dissolved and dissolved labile concentrations). The black 

dash-lines indicate the maximum depth of each sampling stations. 

 

5.3.4.4. Lead 

The total concentration of Pb varies from 0.015 to 0.115 µg L-1 (Figure 5.6) 

and is, on average, higher in the EGB (34 ng L-1) than in the WGB (22 ng L-

1). The profiles of total Pb concentrations differ a lot from one station to 

another. A maximum value is found close to the sea surface at station S1, L1 

and to a lesser extent S2. At station L2, a sharp increase is rather observed 

close to the bottom, below -180 m. A significant decline of total Pb 

concentration is noticed in the halocline zone at station S1, S2 and L1. As 

observed for Co, Cr and Cu, the non-labile fraction of Pb accounts for the 
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main dissolved fraction (mean value of 72%) and the particulate fraction is 

generally negligible, excepted close to the bottom in station L1. 

 

Figure 5.6: Vertical speciation profiles of Pb in the WGB (station S1 and S2) 

and the EGB (station L1 and L2). Total concentrations are given in blue (circle 

sign; resulting from the addition of dissolved and particulate concentrations 

brought back to µg L-1), dissolved ones in green (square sign) and labile ones 

in orange (triangle sign). The grey areas indicate the particulate fraction, while 

the yellow ones give the dissolved non-labile fraction (resulting from the 

subtraction between dissolved and dissolved labile concentrations). The black 

dash-lines indicate the maximum depth of each sampling stations. 

 

5.3.4.5. Cadmium 

Total Cd concentration varies from 0.011 to 0.043 µg L-1 (Figure 5.7) and stay 

rather stable through the water column. However, one can observe a small 

trend of decrease at station S1 and of increase at stations L1 and L2. The total 

concentrations are higher in the EGB (0.026 µg L-1) than in the WGB (0.016 

µg L-1), on average. The particulate fraction is negligible as shown on Figure 
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5.7 and the values of labile concentrations have not been robust enough to be 

displayed in the paper due to a high variability in the replicates. 

 

Figure 5.7: Vertical speciation profiles of Cd in the Western Gotland Basin 

(WGB; station S1 and S2) and the Eastern Gotland Basin (EGB; station L1 

and L2). Total concentrations are given in blue (circle sign; resulting from the 

addition of dissolved and particulate concentrations brought back to µg L-1), 

and dissolved ones in green (square sign). The grey areas indicate the 

particulate fraction. The black dash-lines indicate the maximum depth of each 

sampling stations. 

 

5.3.5. Multivariate statistical data analysis 

Figure 5.8 shows the correlations between all the measured parameters. 

According to the corresponding p-values (detailed information given in the 

SI), only the significant correlations are shown and described here. The 

Principal Component Analysis (PCA) coupled to the Hierarchical Ascending 

Classification (HAC) (Figure 5.9a, b) further completes the information 

obtained from the correlogram by statistically gathering similar samples and 
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parameter variations. The HAC plots (Fig. 5.9b) distributes the sampling sites 

in three clusters. 

 

 

 

Figure 5.8: Correlogram of all the measured parameters. The blue circles 

indicate positive correlations; the red circles indicate negative correlations. 

The size of the circles and the intensity of their color are proportional to the 

strength of the correlation. The legend indicates the link between colors and 

coefficients. Only the significant correlations are displayed here (i.e. p-value 

< 0.05; see the SI for the detailed values). 
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First, the stratification of the water column is widely confirmed: the dissolved 

oxygen, the water temperature and the POC and PN contents are negatively 

correlated with the depth (respective correlation factors of -0.88, -0.52, -0.68 

and -0.69; p < 0.05). Conversely, the salinity and the concentration of NH4
+, 

PO4
2- and S(-II) are positively correlated with the depth (respective correlation 

factors of 0.95, 0.80, 0.94 and 0.75; p < 0.001). Thus, the first cluster (Figure 

5.9a, b) gathers all the surface measurements. These samples are characterized 

by higher oxygenation, higher temperatures and higher concentrations of 

POC, PN, C/N and dCu. On the other hand, they are linked to lower salinity 

and lower concentrations of PO4
3-, NH4

+, pCu and lNi. A second group is 

composed of the samples from transitional depths, mainly located between -

40 and -155 m, while the last group includes samples from the bottom areas 

of the stations. Cluster 2 is defined by lower temperatures, but also lower 

concentrations of POC, PN, C/N and pNi. Finally, the samples from group 3 

are characterized by low oxygenation, high salinity and high concentrations 

of S(-II), NH4
+, PO4

3- and of various trace metals (Co, Fe, dMn, d- and pCd, 

d- and p-Pb, lNi and pCu). 

In the same way, several dissolved trace metals dCd, dPb, dMn, dFe, dCo and 

lNi are positively correlated with the increasing depths and salinity 

(correlation factor of between 0.38 and 0.86; p < 0.05; SI). A similar trend is 

also observed for a few particulate trace metals (pCd, pCo and pCu), but with 

lower correlation factor (0.52, 0.62 and 0.75, respectively; p < 0.05). dCu is 

eventually the only metal fraction which is negatively correlated with the 

depth. Besides the depth, a strong positive correlation is also observed 

between Co, Fe and Mn (correlation factor > 0.71; p < 0.001). In the same 

way, dCd and dPb are positively correlated with dCo, dFe and dMn 

(correlation factors > 0.50; p < 0.05). 
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Figure 5.9: PCA plots for the parameters (a) and for the sampling locations 

(b) coupled with a HAC. 

 

5.4. Discussion 

5.4.1. Environmental forces and gradients 

All physicochemical parameters (others than trace metals) show strong 

concentration vertical gradients. Available oxygen, POC and PN are strongly 

correlated with the water depth and decrease from the surface to the seabed, 

whilst the salinity and the concentrations of S(-II), NH4
+, PO4

3- are also 

strongly correlated with water depth, but gradually increase downward. These 

vertical physicochemical distributions result in a clear stratification of the 

water column and are supported by the multivariate statistical analysis (Fig. 

5.9). Three main zones appear and are in agreement with the literature (see the 

references hereinafter): (i) close to the surface, in the first ∼ 60 m, the 

environment is well oxygenated, highly productive, but the salinity is low 

(Piwosz and Pernthaler, 2010; Pohl and Hennings, 2005; Ulfsbo et al., 2011). 

Between -20 m and -60 m and depending on the season, the temperature tends 

to decrease and forms a summer thermocline: it constitutes a temporary layer, 
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creating an interface between a relatively warm upper layer and colder deeper 

waters (Fennel et al., 1991; Leppäranta and Myrberg, 2009; Stepanova, 2017). 

(ii) From -60 to -90 m, the halocline layer constitutes a transition zone over 

30 meters, in which the salinity and the temperature increase whereas oxygen 

sharply disappears (Neretin et al., 2003; Pohl and Hennings, 2005; Schneider 

and Müller, 2018). (iii) Below -90 m, the disappearance of oxygen marks the 

start of an anoxic zone, which can also be described as an euxinic zone given 

the appearance of high dissolved S(-II) levels (Hermans et al., 2019; Scholz 

et al., 2018; van de Velde et al., 2020). In this zone, the temperature and 

salinity stabilize around 8°C and 14 PSU respectively. The ammonium 

increases together with the appearance of anoxia as well as with the rising 

concentrations of S(-II) and PO4
3-, indicating a strong mineralization of OM 

with depth or within the sediment, releasing the ammonium back to the water 

column (Klawonn et al., 2019; Zhu et al., 2019). Following the same vertical 

pattern, PO4
3- is consumed by phytoplankton in the oxygenated layer, resulting 

in low concentrations at the surface but higher ones in the anoxic waters 

(Neretin et al., 2003). At around -80m (the oxic-anoxic interface), the level of 

PO4
3- increases faster due to the reduction and dissolution of sinking Fe- and 

Mn-oxides and the simultaneous release of phosphates (Neretin et al., 2003). 

In addition, the reduction of Fe-oxides in the anoxic sediment might also lead 

to the release of phosphates which are then diffused back into the water 

column (Sudheesh et al., 2017; Sulu-Gambari et al., 2016). Regarding nitrite, 

its concentration is very low at all the sampling sites and is only detectable in 

the upper layer of L2 and S2 and deeper layer of L1, limiting its toxicity for 

the organisms. Close to the surface, the presence of oxygen can hamper the 

stability of nitrite, but its detection results probably from the oxidation of NH4
+ 

by bacteria (Nitrosomonas) (Happel et al., 2018; Jäntti et al., 2018). Deeper in 

the anoxic zone for example in L1, the previously formed NO2
- is rapidly 
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consumed through denitrification processes and/or anaerobic ammonium 

oxidations, known as anammox reaction (Conley et al., 2009). 

The vertical profiles of SPM exhibit two maxima: one close to the surface 

(above -20 m) where a summer phytoplankton biomass may increase the 

amount of particles, and another one at the oxic-anoxic interface (~ -90m) 

which may result from particulate matter produced by surface phytoplankton 

that then ages in the deeper layer, and is commonly recorded (Ivanov and 

Oguz, 1998; Neretin et al., 2003; Winogradow et al., 2019). Note further that 

the vertical profiles of SPM, phosphates, ammonia and nitrite are very similar 

to those obtain by Neretin et al. (2003), recorded in November 2000 when the 

basin was permanently anoxic. 

At the surface, the C/N ratio (6.6 on average) fits well into the Redfield ratio 

ranging from 6 to 8 and is similar to those of active growing cells like primary 

producers (Laws et al., 2001). This indicates that the POM is mostly made of 

autochthonous fresh organic material derived from phytoplankton (Lara et al., 

2010). This also highlights the high primary production going on at the 

surface, linked with environments enriched in oxygen and nutrients  (Svedén 

et al., 2016). However, in the deeper water column, this ratio often reaches 

values below 6, indicating a reduced contribution of phytoplankton-based 

POM with depth. According to several studies (Crawford et al., 2015; 

Goldman et al., 1987), this change in POM composition could reveal the 

appearance of a bacterial biomass, which can typically reach C/N ratios as low 

as 4. Specifically, the results suggest a transition with depth, from an 

autotrophic to a heterotrophic system (Crawford, 2015) or chemolithotrophic 

system (Conley et al., 2009; Hermans et al., 2019). This change is probably 

induced by light-limitation and anoxia appearing with depth (Laws et al., 

2001). 
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Considering the biogeochemical cycle of trace elements in the Gotland basin 

and previous studies (Middelburg et al., 1993; Ulfsbo et al., 2011), the 

distribution of elements is clearly linked to the stratification of the water 

column in terms of oxygen availability, temperature and salinity that influence 

organic matter mineralization and biogeochemical reactions (Fig. 5.9). 

 

5.4.2. Trace metal speciation along the depth of the Gotland 

Basin 

At the surface of all stations where the water is well oxygenated, Fe shows 

low total concentrations in general and a good affinity for particles as it forms 

Fe-oxides. In the dissolved fraction, it is also not much labile, and probably 

bound to organic matter, various colloids, including nanoplankton (Beghoura 

et al., 2019; Jilbert et al., 2017). On the other hand, when the oxygen 

decreases, the total Fe concentration increases strongly, especially in the 

dissolved fraction. If this sudden enrichment of iron in the dissolved pool can 

partially be explained by a low release of Fe(II) from bottom sediments (i.e. 

diffusion mechanisms; Helmond et al., 2019; van de Velde et al., 2020), a 

large part of it probably comes from the shelf. Indeed, this “shelf-to-basin 

shuttle” phenomenon has often been described in the Baltic Sea as well as in 

the Black Sea (Lenstra et al., 2019; Lyons and Severmann, 2006; Reed et al., 

2016; Scholz et al., 2019, 2013; van de Velde et al., 2020) tends to magnify 

Fe concentrations in deep anoxic environments. Briefly, particles from the 

shore slowly progress at the water-sediment interface from the oxic shelf to 

the anoxic basin. This phenomenon requires resuspension which releases 

Fe(II) previously produced in the porewaters. In oxic water column, Fe(II) is 

rapidly re-oxidized and settles again further down in deeper layers (i.e. 

offshore). Conversely, when it reaches the anoxic waters, Fe(II) is stabilized 
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and is able to react with sulfides for instance, to form complexes, clusters, 

colloids and precipitates such as pyrite. It seems to be the case at stations L1 

and S2 because of pFe increase and was also previously reported (Fehr et al., 

2010; Shen et al., 2002; Sternbeck et al., 1999). Two different processes are 

therefore involved in the Fe cycle: the total Fe concentrations increase due to 

the shelf-to-basin shuttle, and the dissolved fraction increases due to the 

oxygen decrease (lower redox conditions). 

Concurrently, Mn might also follow a similar shelf-to-basin shuttle like 

observed for Fe in the Gotland Basin, given the strong correlations between 

their biogeochemical behavior and as previously evidenced (Jilbert and 

Slomp, 2013; Lenstra et al., 2020; Scholz et al., 2013; van de Velde et al., 

2020). Mn is also more labile than Fe in marine systems as previously shown 

(Hutchins and Bruland, 1995; Turner and Olsen, 2000) and the oxidation of 

Mn(II) is less quick than that of Fe(II), resulting in higher concentrations of 

dMn compared to dFe (on average by a factor 20). 

In addition to these processes, Fe and Mn accumulation in the Gotland Basin 

is generally observed at the redoxcline of the halocline (∼ -90m). In this zone, 

the redox cycles of Fe and Mn are well described in Busigny et al. (2016) and 

called the “iron and manganese wheels”, and result in increased dissolved Fe 

and Mn concentrations (Busigny et al., 2016). 

Alongside the water column, Co strongly correlates with Fe and Mn 

biogeochemical cycles as mentioned above. Its vertical transport is therefore 

mainly regulated by the coprecipitation with or adsorption onto Fe- and Mn-

oxides regarding downward fluxes, and by the concurrent diffusion upwards 

(Kremling, 1983; Pempkowiak et al., 2000; van de Velde et al., 2020). 

Moreover, lCo, lFe and lMn strongly correlate with depth, the salinity and the 
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concentrations of NH4
+, S(-II) and PO4

3-, as they mainly undergo reduction 

mechanisms in this basin. 

Regarding the other elements and in both studied regions of the Gotland Basin, 

Cu is not very labile overall, due to its strong affinity to organic matter (Hume 

et al., 2018; Yin et al., 2002). The input of Cu to the water column rather 

comes from the surface in a dissolved non-labile form. At around -20 m in all 

stations, an enrichment of the dissolved phase is especially observed, most 

likely linked to the presence of phytoplankton reducing Cu or to its release 

during remineralization increasing dCu contribution (Gelting, 2009). With the 

depth, a significant decrease of the dCu concentrations is observed at station 

S2 and L2 and is not entirely balanced by the particulate fraction. In these 

areas, Cu is strongly eliminated along the water column, and quickly settles 

down from the halocline zone on. After the halocline layer, Cu may also form 

CuS complexes in the anoxic zone, enhancing its precipitation and storage into 

the sediment. As a result, Cu becomes highly insoluble after -80m which  

means that the water column is impoverished of Cu  with time and with the 

continuous euxinia (Brumsack, 2006). Similar vertical gradients were 

observed in Baltic Sea by other studies (Kremling, 1983; Magnusson and 

Westerlund, 1980; Pempkowiak et al., 2000). At station S1 and L1, despite 

the anoxia and the presence of sulfide at high depths, only little evolution of 

Cu is observed. Thus, it seems that the non-labile complexes are rather stable, 

most likely due to the formation of colloids and/or clusters of Cu-sulphides 

(Luther and Rickard, 2005). 

Cr, Ni and to a lesser extent Cd, display globally a conservative behavior as 

their total concentration and speciation do not show any strong trend as a 

function of depth. While all the elements display a more pronounced dissolved 

phase, Cr shows a significant particulate fraction compared to its total 

concentration. As observed as well in oxygen deficient waters (Moos et al., 
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2020), particulate Cr progressively settles and is finally stored in the sediment. 

Here Cr(III) might be dominant given its strong affinity to SPM and forms 

strong Cr(III)-oxides which are only slightly oxidized from the surface to the 

halocline by the available oxygen, especially at station S2 and L2 (Geisler and 

Schmidt, 1991; Gustafsson et al., 2014; Pađan et al., 2019; Sternbeck et al., 

1999). The dissolved fraction may be constituted of Cr(IV) which shows a 

higher toxicity than Cr(III), and forms stable dissolved oxo-complexes (Pađan 

et al., 2019). However, this fraction contributes less to the total content than 

the particulate one. The labile fraction remains low here, because only Cr(III) 

binds onto the DGT resin gels (Ernstberger et al., 2002). 

Ni appears to be the most labile element among all the studied ones, meaning 

that its residence time in the water column is probably higher than the other 

trace metals (Turner et al., 1998). However, in the dissolved phase, a strong 

positive correlation was recorded between lNi, the depth, the salinity and the 

concentration of PO4
3-, indicating that the slight increase of lNi along the water 

column is probably due to the mineralization of organic matter. Note further 

that the reduction of iron and manganese oxo-hydroxides and the production 

of sulfides in the bottom does not impact the solubility of Ni, which was 

reported by other studies as well (van de Velde et al., 2020; Vijayaraghavan 

et al., 2005). 

Cd is known to form dissolved chloro- or sulfato-complexes with increasing 

salinity, explaining the dominance of dCd in the water column (Bingham et 

al., 1984; Lefèvre et al., 2009; Pempkowiak et al., 2000). In addition, dCd 

likely binds to low-molecular-weight organic ligands at higher depths (Waeles 

et al., 2008). 

Finally, Pb behavior diverges from one station to another. pPb correlates well 

with pFe, meaning its vertical particulate flux might result from sorption 
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processes onto Fe-oxides in the upper part of the water column (Eslamikhah 

et al., 2017; Trueman, 2017). At the bottom of station L1, Pb might efficiently 

precipitate with free sulfides and to a lesser extent with pyrite (Morse and 

Luther, 1999; Oueslati et al., 2018; Sternbeck et al., 1999). At station L2, Pb 

exhibits a different pattern: given the increase of dPb around the seabed, a 

release of Pb from the sediment is suggested. As the non-labile fraction is 

clearly dominant and the sulfide concentrations are the highest, sulfidic 

ligands (for instance polysulfides) and/or Pb-S clusters may promote the 

stability of Pb in this anoxic environment (Luther and Rickard, 2005). Finally, 

at station S2, around -80 m, the same peak of concentration is observed for 

lPb and lNi, which might be related with scavenging processes observed 

earlier on Fe- and Mn-oxides and indicate a change in adsorption capacity and 

most likely a release of these elements during the manganese and iron wheels. 

 

5.4.3. Temporal and spatial variability 

Based on Environmental Quality Standards (EQS, annual average) for water 

which have been defined under the Water Framework Directive (WFD) for 

priority substances (European Commission, 2013, 2010), the total 

concentrations of Cd, Ni and Pb in the water column are all below the 

recommended threshold values of 0.2, 8.6 and 1.3 µg L-1, respectively. In the 

same way, Cd, Cu and Pb are all below the Acute Water Quality Criteria 

(AWQC; Durán and Beiras, 2013), although the total concentration of Cu in 

the surface waters of station S2 and L2 (-20 m) is relatively close to the 

recommended probabilistic value of 1.39 µg L-1. Particulate levels of Cd are 

above the natural median levels found in earth’s crust. The same is observed 

for Cu (in the surface and halocline layer of S1, in the halocline and deep 

waters of L1 and L2), Cr (at the surface of L1, in the deep waters of L2) and 
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Mn (in the deep waters of L1, in the surface and deep layer of L2). Regarding 

Cu, elevated concentrations in the Baltic Sea caused by an increasing use of 

copper-based antifouling paint on boats have been particularly pointed out by 

many recent studies (Bighiu et al., 2017b, 2017a; Eklund and Watermann, 

2018; Ytreberg et al., 2016). 

The Baltic Sea environment has been presented as very stratified, with little 

exchange with the North Sea causing stagnancy, pollutant accumulation and 

anoxia in the deep basins. Although this system can remain stable over several 

years, random ephemeral re-oxygenation events of the whole water column 

are likely to occur at any time (Höflich et al., 2017; Mohrholz, 2018). The 

Major Baltic Inflow (MBI) recorded in 2015 in the Gotland Basin contributed 

to the natural oxygenation of the deep waters after 10 years under anoxic 

conditions and had a remarkable effect on trace element biogeochemistry. It 

also provided highly saline waters from the North Sea and enhanced fluxes 

from and to the sediment (Dellwig et al., 2018; Hermans et al., 2019; Liblik 

et al., 2018; Mohrholz et al., 2015; van de Velde et al., 2020) and its influence 

was eventually detected until 2016. Post-MBI, these studies reveal a net 

release of dMn from the sediment back to the water column (Dellwig et al., 

2018; van de Velde et al., 2020), while Fe and Co were partially kept in the 

sediment, reducing the water column inventory of these elements. Back to 

complete anoxic conditions, the production of sulfide at high depths (below 

the halocline) may have increased the burial of Cd, Cu, and Pb in the sediment 

(Pohl and Hennings, 2005). Overall, the vertical profiles of Co, Cu, Mn and 

Pb in the water column did not show any pronounced differences compared to 

previous years (before the MBI of 2015) (Neretin et al., 2003; Pohl and 

Hennings, 2005). However, according to the same study (data from July 2000; 

Pohl and Hennings, 2005), Cd behaves in a similar way as Cu along the depth 

gradient, which was not observed in this study (i.e. only little variations of 
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dCd and pCd). While dPb and pPb, pCd and pNi are in good agreement with 

measurements described in the literature (before the MBI of 2015; 

Pempkowiak et al., 2000; Pohl and Hennings, 2005), dCd, dCu and pCu, dMn 

and pMn show slightly higher concentrations than observed earlier (Neretin et 

al., 2003; Pempkowiak et al., 2000; Pohl and Hennings, 2005). The dissolved 

profiles of Cd, Fe, Ni and Mn are also in concordance with the most recent 

study (van de Velde et al., 2020). 

Regarding the stratification of the water column, the sampling sites have 

similar temperature, oxygen and salinity. However, a higher variability is 

observed for trace metals. First, higher values are often found in the EGB than 

in the WGB: this is the case for Co, Fe, Mn, Cd, Pb. Only Cu and Ni show a 

reverse trend. If the trace element distribution is often similar at the surface, it 

seems to differ much more downward. An explanation to this could be that the 

EGB and the WGB indeed have different near-bottom current circulations, 

thus differently influencing trace metal spread below the halocline (Neretin et 

al., 2003). Moreover, the influences from freshwater inflow or groundwater 

inputs might also be more important on the Eastern part of the basin 

(Szymczycha et al., 2014, 2012). 

 

5.5. Conclusion 

In the deep basins of the Baltic Sea, a strong stratification of the water column 

is triggered by established and stagnant anoxic conditions and very limited 

vertical exchanges. As a result, the surface is well-oxygenated, highly 

productive, yet the environment suffers from strong anoxia and euxinia below 

the halocline. Thus, the fluxes of trace metals in the water column are mainly 

regulated by a variety of vertical gradients and reactions. In the anoxic zone, 

most elements precipitate with dissolved sulfide: Cu shows the lowest 
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solubility and might form strong CuS complexes, as it is strongly removed 

from the water column to be buried in the sediments. Vertical fluxes of Fe and 

Mn in the water column is controlled by Fe- and Mn-oxides sinking from the 

oxic layers (shelf-to-basin shuttle and natural sedimentation of particles) and 

being reduced in anoxic conditions, and, with less intensity, by slow diffusion 

mechanisms from the seabed. Co and, to a lesser extent, Pb showed a quite 

strong affinity for Fe- and Mn-oxides, as they tend to follow the same 

biogeochemical cycle. For elements such as Cd, Cu, Pb and Co, their vertical 

transport involves many processes such as for example their adsorption onto 

Fe- and Mn-oxides, or organic/inorganic particles or their diffusion. Ni and Cr 

seemed to be controlled by other transport mechanisms. From a general point 

of view, the particulate phase of trace metals only constitutes a small fraction 

of the total concentration (compared to the dissolved one) for all elements, 

except for Cr. The highest particulate metal concentrations are found either at 

the very surface, most likely related to their biological uptake by 

phytoplankton (Paquin et al., 2003). Or they are found close to the seabed for 

certain trace metals, indicating coprecipitation processes near the bottom. 

Dissolved species remain dominant all along the water column, and non-labile 

elements are often more important than labile ones. Nevertheless, the DGT 

technique was successfully applied and highlights that the labile fraction of 

Co, Fe, Mn and Ni is of greater importance in the anoxic zone. 

Nowadays, concern is rising regarding the extent of anoxia since the last 

decades (Lehmann et al., 2014; Lenz et al., 2015; Savchuk, 2013). This will 

most likely influence the present biogeochemical cycling of trace metals and 

perhaps increase their lability in the upper zones. Thus, future studies should 

assess the degree of impact that increasing anoxic zones could have. 

Moreover, even if the long-term existing anoxia is the main factor controlling 

trace element cycling in the Gotland Basin, the MBI events can often be the 
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source of great discussions as well, because of the possible resuspension and 

transfer of hazardous compounds to the surface layers (Brocławik et al., 2018; 

Kuss et al., 2017) which could occur during such phenomenon, even if it 

remains transient. 
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5.6. Supplementary Information 

5.6.1. Material and Methods 

Table S5.1: Overview of the sampling strategy. 

Station 
Sampling depth 

(m) 

DGT 

deployment 

Grab 

sampling CTD records 

Dissolved nutrients, 

sulfides 

S1 -3 
 X X X 

(57°58.80’N; 
17°33.00’E) -10 X X X X 

 
-20 

 X X X 

 
-40 X X X X 

 
-60 

 X X X 

 
-80 

 X X X 

 
-90 

 X X X 

  -120   X  

S2 -3 
 X X X 

(57°54.00’N; 

17°45.00’E) -10 X X X X 

 
-20 X X X X 

 
-60 X X X X 

 
-80 X X X X 

 
-90 X X X X 

 
-130 

 X X X 

  -155 X X X X 

L1 -10 X X X X 

(57°17.26’N; 

20°27.00’E) -30 
 X X X 

 
-60 

 X X X 

 
-90 X X X X 

 
-100 

 X X X 

 
-110 

 X X X 

  -150 X X X X 

L2 -3 X X X X 

(57°17.26’N; 
20°13.50’E) -20 X X X X 

 
-60 X X X X 

 
-80 

 X X X 

 
-120 X X X X 

 
-150 

 X X X 

 
-180 X X X X 

  -230 X X X X 
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Table S5.2: Reagent preparation for dissolved sulfide measurements 

Stock (≈60 

samples) 

End vol 

(ml) 
Recipe 

5% ZnAc 100 5 g ZnAc in 100 ml MQ + 100 µL glacial acetic acid 

6 N HCl 500 250 mL 37% HCl + 250 ml MQ 

10 mM Na2S 

stock 1 
50 

0.12 g Na2S.9H2O in 50 ml degassed MQ + 50 µL 

6N HCl 

Diamine 

reagent 
500 

2g N,N-dimethyl-p-phenylenediamine sulfate + 3 g 

FeCl3.6H2O in 500 mL 6N HCl 

 

Table S5.3: Reagent preparation for dissolved inorganic nutrient 

measurements 

Reagent 

End 

vol 

(ml) 

Recipe 

OPA XX XX 

NEDD (0.2%) 100 
100 mg N-1-naphthylethylenediamine 

dihydrochloride in 100 mL MQ 

Sulfanilamide (2%) 100 2 g sulfanilamide in 100 mL 10% (v/v) HCl. 

Acidified acid ascorbic 50 10g ascorbic acid C6H8O6 in 50mL MQ + 9N H2SO4 

Molybdate solution 495 

12.5g ammonium heptamolybdate tetrahydrate in 

125mL MQ + 350 mL 9N H2SO4 + 0.5 g potassium 

antimony tartrate in 20mL MQ 

 

5.6.2. Results
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Table S5.4: Correlation matrix 

 

  Depth DO Sal. Temp. POC PN C.N NH4 NO2 PO4 S(-II) SPM Cd_lab Cd_diss Cd_part Pb_lab Pb_diss Pb_part Cr_lab Cr_diss Cr_part Mn_lab Mn_diss Mn_part Fe_lab Fe_diss Fe_part 

Depth 1                           

DO -0,88 1                          

Sal. 0,95 -0,9 1                         

Temp. -0,52 0,4 -0,4 1                Co_lab Co_diss Co_part Ni_lab Ni_diss Ni_part Cu_lab Cu_diss Cu_part 

POC -0,68 0,59 -0,6 0,88 1             Co_lab 1         

PN -0,69 0,61 -0,6 0,87 0,99 1            Co_diss 0,96 1        

C.N -0,66 0,63 -0,6 0,71 0,83 0,81 1           Co_part 0,68 0,67 1       

NH4 0,80 -0,7 0,69 -0,33 -0,46 -0,5 -0,5 1          Ni_lab 0,61 0,57 0,11 1      

NO2 -0,01 -0,2 0,17 0,05 -0,02 0 0,09 -0,29 1         Ni_diss -0,21 -0,04 -0,29 0,16 1     

PO4 0,94 -0,9 0,92 -0,57 -0,68 -0,7 -0,6 0,84 0,04 1        Ni_part 0,42 0,39 0,25 0,3 -0,23 1    

S(-II) 0,75 -0,6 0,62 -0,23 -0,36 -0,4 -0,4 0,98 -0,3 0,75 1       Cu_lab 0,01 -0,15 0,22 -0,2 -0,33 0,29 1   

SPM -0,14 0 0 0,57 0,55 0,54 0,38 -0,14 0,12 -0,15 -0,08 1      Cu_diss -0,46 -0,52 -0,33 -0,45 0,1 0,17 0,28 1  

Cd_lab -0,03 0,02 0,12 0,15 0,2 0,21 0,31 -0,14 0,36 0,03 -0,11 0,55 1     Cu_part 0,72 0,68 0,3 0,84 0,02 0,03 -0,12 -0,59 1 

Cd_diss 0,75 -0,7 0,81 -0,19 -0,45 -0,5 -0,4 0,41 0,41 0,65 0,41 0,03 0,15 1              

Cd_part 0,52 -0,4 0,47 -0,2 -0,23 -0,3 -0,3 0,38 -0,26 0,52 0,28 -0,22 -0,15 0,3 1             

Pb_lab -0,04 -0,1 0 0,37 0,25 0,2 0,24 0,01 0,21 0,04 0 0,22 0,2 0,14 0,19 1            

Pb_diss 0,53 -0,2 0,38 -0,06 -0,13 -0,2 -0,1 0,71 -0,22 0,48 0,78 -0,1 0,05 0,47 0,28 0,1 1           

Pb_part 0,41 -0,4 0,51 -0,23 -0,25 -0,2 0 0,26 0,4 0,53 0,22 0,02 0,53 0,31 0,32 0,34 0,1 1          

Cr_lab -0,28 0,27 -0,2 0,44 0,46 0,44 0,52 -0,39 0,42 -0,32 -0,28 0,64 0,7 0,15 -0,28 0,25 0,03 0,14 1         

Cr_diss -0,40 0,5 -0,5 0,17 0,38 0,39 0,33 -0,08 -0,05 -0,26 -0,05 -0,28 -0,02 -0,5 0 0,29 0,11 0,12 -0,08 1        

Cr_part 0,36 -0,4 0,44 -0,03 -0,34 -0,4 -0,4 0,18 0,22 0,3 0,09 -0,23 -0,07 0,57 0,31 0,26 0,11 0,02 -0,1 -0,35 1       

Mn_lab 0,79 -0,5 0,7 -0,17 -0,33 -0,3 -0,3 0,82 -0,24 0,73 0,82 -0,1 0,03 0,62 0,62 0,13 0,84 0,32 -0,1 -0,11 0,38 1      

Mn_diss 0,81 -0,6 0,72 -0,19 -0,35 -0,4 -0,4 0,87 -0,22 0,77 0,87 -0,1 0,04 0,6 0,58 0,13 0,84 0,36 -0,13 -0,09 0,34 0,99 1     

Mn_part -0,01 -0,1 0,14 0,13 0,05 0,06 0,09 -0,27 0,67 -0,13 -0,22 0,05 0,19 0,44 -0,45 -0,18 -0,06 -0,08 0,26 -0,33 0,33 -0,18 -0,19 1    

Fe_lab 0,70 -0,6 0,67 -0,3 -0,41 -0,4 -0,3 0,89 -0,2 0,77 0,89 -0,08 -0,02 0,39 0,29 -0,03 0,58 0,41 -0,19 -0,17 0,09 0,72 0,78 -0,22 1   

Fe_diss 0,86 -0,7 0,79 -0,28 -0,44 -0,5 -0,4 0,93 -0,26 0,86 0,91 -0,09 -0,03 0,55 0,59 0,09 0,7 0,4 -0,25 -0,18 0,3 0,93 0,96 -0,28 0,89 1  

Fe_part 0,40 -0,5 0,55 -0,1 -0,2 -0,2 0,04 0,13 0,44 0,4 0,14 0,26 0,46 0,51 0,16 0,24 0,01 0,75 0,42 -0,38 0,1 0,25 0,27 0,16 0,45 0,34 1 

Co_lab 0,83 -0,7 0,8 -0,22 -0,39 -0,4 -0,4 0,73 -0,2 0,78 0,7 -0,08 0,07 0,63 0,75 0,15 0,61 0,47 -0,11 -0,24 0,42 0,93 0,92 -0,23 0,72 0,92 0,46 

Co_diss 0,81 -0,7 0,79 -0,24 -0,41 -0,4 -0,4 0,77 -0,22 0,81 0,72 -0,11 0,04 0,52 0,73 0,17 0,5 0,57 -0,26 -0,16 0,36 0,86 0,87 -0,31 0,77 0,93 0,46 

Co_part 0,62 -0,5 0,66 -0,09 -0,23 -0,3 0 0,64 0,25 0,63 0,68 0,11 0,38 0,61 0,2 0,24 0,63 0,68 0,24 -0,14 0,18 0,71 0,75 0,11 0,75 0,72 0,7 

Ni_lab 0,58 -0,5 0,63 -0,41 -0,45 -0,5 -0,5 0,16 0,12 0,53 0,03 -0,26 0,07 0,49 0,74 0,04 0 0,38 -0,2 -0,21 0,54 0,41 0,37 -0,01 0,08 0,37 0,26 

Ni_diss -0,19 0,14 -0,2 -0,39 -0,26 -0,2 -0,2 -0,24 -0,04 -0,09 -0,33 -0,53 -0,24 -0,39 0,05 0,09 -0,48 0,28 -0,48 0,36 -0,08 -0,36 -0,33 -0,27 -0,21 -0,25 -0,03 

Ni_part 0,02 0 0,12 0,62 0,5 0,49 0,38 -0,02 0 -0,07 0 0,28 0,16 0,15 0,48 0,36 0,1 0,19 0,23 0 0,37 0,34 0,29 0,07 0,03 0,22 0,25 

Cu_lab -0,17 0,28 -0,2 0,36 0,45 0,42 0,4 -0,08 0,15 -0,21 0,01 0,19 0,13 0,15 0,03 0,47 0,49 -0,1 0,5 0,28 0,05 0,21 0,18 0,12 -0,14 -0,03 -0,04 

Cu_diss -0,7 0,78 -0,7 0,52 0,51 0,52 0,55 -0,62 -0,01 -0,77 -0,49 0,04 0,06 -0,4 -0,3 0,25 -0,19 -0,22 0,38 0,39 -0,17 -0,41 -0,45 0,01 -0,52 -0,56 -0,17 

Cu_part 0,75 -0,6 0,72 -0,61 -0,63 -0,6 -0,6 0,51 0,03 0,8 0,39 -0,33 0,02 0,54 0,78 0,01 0,32 0,42 -0,27 -0,13 0,4 0,62 0,6 -0,21 0,42 0,64 0,23 
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Table S5.5: P-value matrix 
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Chapter 6 

General conclusions and perspectives 
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6.1. Highlights and new insights 

This research was done in the framework of the NewSTHEPS project and 

beyond, given the opportunity of missions and collaborations which appeared 

over these three years of PhD thesis. Following NewSTHEPS’ main objective 

to develop integrated approaches and novel procedures for comprehensive 

environmental monitoring and risk assessment of a broad set of both priority 

and emerging contaminants in the marine environment, this doctoral thesis 

specifically aimed to: 

(i) apply a unique combination of field and laboratory chemical 

techniques to study trace metal dynamics and speciation, unraveling their 

lability along horizontal and vertical transects and filling the research gap on 

labile trace elements; 

(ii) develop and evaluate a framework and toolbox for monitoring the 

chemical anthropogenic pressures on coastal ecosystems, which should be 

integrated, efficient, cost-effective and scientifically relevant; 

(iii) develop innovative and comprehensive multi-method approaches 

to monitor and screen a broad range of waterborne trace metals in the Belgian 

coastal waters, Scheldt Estuary and Baltic Sea. 

A detailed focus has been made on estuarine and coastal areas, because of their 

high economic, touristic and ecological values. They constitute a great source 

of food and income for human beings and are the place of intense merchant 

shipping. Especially as the world population and urbanized areas increase, 

more and more industries and populations settle by the sea, along coasts and 

estuaries: crucial and central points of international exchanges. However, the 

rapid development of the coastal regions results in more and more severe 

environmental pollution problems, including uncontrolled discharge to the 

water system, boat painting and oil leaking, overfishing, etc. Today, it 
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therefore becomes ethically and legally necessary to maintain, not only their 

economic contribution, but also their good ecological status (described by 

their biological and physicochemical quality). 

The coastal areas of this research are of great interest in studies on metal 

pollution, given their industrial history and their current utility. First, the 

Scheldt historically constitutes one of the most polluted estuaries in Europe. 

Despite the numerous efforts made from national and European levels to 

reduce the discharge of metals into the estuary, traces of historical and present 

contamination are still visible today. Following the estuary, our work also 

naturally turned towards the behavior of metals along the Belgian coasts: in 

two main industrial harbors and further off the coasts, in the plume let by the 

estuary discharge. These two Chapters (2 and 3), together with Chapter 4 

(specifically headed towards particulate trace metals, SPM and influence of 

tides), gave us a first glimpse of the horizontal fluxes and speciation of trace 

metals in Belgian surface waters. Subsequently, the work in Chapter 5 focused 

on a survey and description of trace metal vertical distribution and speciation 

in the Baltic Sea. The Baltic Sea is a small and isolated marine system strongly 

influenced by fresh water and severe hypoxia. Unlike the Southern North Sea, 

it shows very large variation of depths inducing great physicochemical 

changes along the water column. At the heart of Scandinavian countries, the 

Baltic Sea behaves as a collection basin accumulating trace metal discharges 

from surrounding rivers and was therefore another relevant area for the study 

of trace metal biogeochemical behaviors. 

From these expeditions, we emphasized the dynamic and speciation of trace 

metals which are strongly affected by important environmental features and 

gradients (salinity, oxygenation, tides, shape of the estuarine/seabed, etc.). For 

instance, the biogeochemical cycles of trace metals were recorded in the 

Scheldt Estuary and resulted in non-conservative behavior of elements 
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influenced by salinity, and strong mixing mechanisms. In the same way, in the 

Baltic Sea, trace metal cycling seemed widely affected by euxinia and 

reduction processes. In addition, a good continuum of concentration ranges 

was measured from the Scheldt Estuary, to the coastal zone and further 

offshore, while several temporal and local variabilities were highlighted 

(seasonally, monthly, year after year by comparisons with literature data). In 

terms of speciation, a dominance of dissolved species (non-labile and labile) 

was generally observed in the marine waters (relative contribution to the total 

concentration), while higher particulate fractions occur in the freshwaters of 

the upper Scheldt Estuary. Concurrently, the role of SPM in trapping and 

storing trace metals was also observed, which certainly decreases the direct 

impact of dissolved metals on marine organisms. However, this big reservoir 

may also become a source of pollution when trace metal resuspension and 

solubilization happen due to increasing salinity, pH changes, strong tides, 

human activities like trawling and dredging, etc. 

Trace metal speciation is the main key to explain and predict bioavailability 

and potential toxicity of trace metals to the marine fauna and flora. In practice, 

both classic active sampling and passive sampling for trace metals were 

carried out in this study. The passive sampling technique of DGT was 

successfully used for the in-situ measurement of labile metals and eventually 

constitutes a good surrogate to the biomonitoring of trace elements, usually 

using mussels, algae, etc. The results from trace metal accumulation on the 

DGT and in living organisms (soft body, shell) can be, in this sense and under 

certain conditions, easily compared. This combination of techniques has 

permit to generate a unique set of knowledge and data, required to fulfill 

international regulatory requirements (WFD, MSFD) and commitments 

(OSPAR, HELCOM). In the future, a specific attention must therefore be paid 

to the use of DGT as a valuable tool for monitoring the bioavailability of trace 
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metals in fresh and marine waters. Besides the DGT approach, we would also 

recommend a systematic measurement of physicochemical parameters such 

as pH, salinity, oxygenation and temperature, on fieldwork. These latter are 

indispensable elements for understanding behavior and speciation changes of 

trace elements. Additionally, a detailed focus on SPM with the measurements 

of carbon and nitrogen stable isotope ratios has shown a good interest for 

tracing the origin of SPM, giving us supplementary information on particulate 

trace metal sources (rather marine or terrestrial) and SPM organic 

composition. Such additional approach to pollutant monitoring is eventually 

very interesting to, for instance, improve our knowledge on SPM and trace 

metals transports in coastal environments, and to help building stronger 

predictive environmental model of pollutant transfer and pathways. 

Finally, this extensive approach including the use of passive samplers like 

DGT has the potential to be part of a new standard and legal framework for 

future environmental monitoring. 

 

6.2. Research prospects 

The great diversity of existing aquatic ecosystems, both ecologically and 

physico-chemically, makes them fascinating environments to study. The 

Scheldt Estuary, the North Sea and the Baltic Sea are three typical examples 

of this variety, and studies in the same vein as this one could also be carried 

out along many coastal areas in the world, impacted by metal pollution of 

anthropogenic origin. To go even further, many questions around the 

biogeochemical cycling of trace metals in marine environments remain 

unsolved, and many leads still need to be explored. Below, I tried to draw up 

several key tracks for continuation of the presented research, practical 

considerations for future monitoring and other research possibilities. 
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As introduced in the first chapter, the measurement of dissolved trace metals 

(including labile elements) in seawater is, after all, not such an easy task due 

to several reasons mentioned in Chapter 1. Therefore, techniques in analytical 

chemistry endeavored to develop instruments with higher precision lowering 

detection limits and/or isolating the species of interest and preconcentrating 

them. As many techniques exist, it often becomes a maze to select the most 

appropriate one. Here, we chose the DGT technique for the measurement of 

labile trace metals, but electrochemical methods must be considered for future 

analytical comparison. These very sensitive methods show great suitability for 

dissolved trace metal measurements in seawater, as well as for labile trace 

metal measurements and determination of complexing capacity. Moreover, 

yet this alternative biological approach was not applied here, the monitoring 

of trace metals directly accumulated in the biota from either naturally 

occurring or transplanted species is often carried out. Despite several 

advantages (especially for measuring the intricate and exact metallic uptake 

by organisms), this technique hardly overcomes the issue brought by the great 

variability of uptake between species but also individuals from a same species. 

However, the results from both approaches (DGT and biomonitoring) may be 

used in a complementary way. 

If the use of DGT in situ in the field is clearly a great advantage, naturally 

turbulent environments can often cause troubles for the deployment of such 

type of passive samplers. Thus, practical considerations must be taken 

beforehand. In very tumultuous environments, suitable fastening and 

protecting system must be used (buoy, weight, plastic cage, etc.), in order to 

avoid any loss of material. In addition, specific attention must be paid to the 

assessment of the Diffusive Boundary Layer (DBL) existing between the DGT 

piston surface and the adjacent water column (partly influenced by the 

turbulence of the studied environment), since thicker DBL will result in bigger 
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under-estimation of the labile concentrations. Concerning more advanced 

studies in open ocean, the deployment of a Sea-glider mounted with DGT 

samplers has been tested and allowed the measurement of ultra-trace level of 

metals (nanomole) over long distance and period. In future, the development 

of very sensitive electrochemical sensors which could be for instance 

combined with a Sea-glider to measure ultra-trace metals could be a 

meaningful and cutting-edge research approach. 

In a larger scale, this research has revealed the importance of using innovative 

tools and procedures for the further development of a sustainable integrated 

management of estuarine and coastal ecosystems and their aquatic resources. 

This type of study is in line with other projects, such as the Monitool project, 

and ultimately may allow to address the European Directive requirements for 

the assessment of transitional and coastal water status. Thus, the collected data 

and the use of passive sampling devices such as DGT will serve as a robust 

base for future guidelines implemented by governments and improve the 

implementation of the WFD by adapting the existing EQS. Such speciation 

approach in metal contamination studies will, undoubtedly, be incorporated in 

future regulations. Furthermore, as foreseen within the NewSTHEPS project’s 

objectives, the dataset resulting from this research will be further used in an 

integrated model to predict accumulation and chemical speciation in given 

coastal areas, and to identify zones of concern. A preliminary work carried out 

in collaboration with the Royal Belgian Institute of Natural Sciences already 

gave nice insights on pollutant fluxes in the Belgian Coastal Zone. 

Finally, temporal variability has only been a little addressed in this work, yet 

its understanding is of crucial importance for future monitoring. Indeed, daily 

phenomena such as daily tides can first impact the biogeochemical cycling of 

trace metals. Tidal cycles are ubiquitous components of estuarine and coastal 

areas but are too often ignored or deliberately omitted from scientists. Future 
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monitoring could focus on an in-depth investigation of tides effect on trace 

metal distribution and lability in the Scheldt Estuary and further in the BCZ, 

either during 13-hours or monthly cycles. To do so, high-frequency 

measurements are needed and could be performed by online monitoring tools 

(e.g. direct measurement using voltammetry) or continuous sample 

preconcentration using a Sea-fast system. In addition, the deployment of SPM 

traps coupled with µXRF methods as suggested in Chapter 4 seem to provide 

a good description of the SPM composition fluctuations over time (monthly 

variations induced by tides). Furthermore, if we widen the time scale, seasonal 

and long-term variations (e.g. climate change) can also play a key role in trace 

metal behavior and bioavailability. This was slightly approached in Chapter 3 

which has shown variations of trace metal speciation over seasons, and over a 

years-scale in Chapter 2 and 5 through literature comparisons. Climate change 

and its effect on trace metal biogeochemical cycles could also be one of the 

most crucial research axes of the coming years. Marine waters act as a natural 

carbon sink but increasing amount of CO2 in the atmosphere leads to more and 

more CO2 trappings in the seawaters. Therefore, the sea becomes more and 

more acidic, most likely affecting protective structure made of calcium 

carbonates (e.g. corals, shellfish) as well as the solubilization of pollutants like 

trace metals (increasing their bioavailability and toxicity). In addition, the 

rising seawaters might increase erosion processes and cause the resuspension 

of hazardous elements from soil which could not be reached by any water 

before. In this sense, assessing the variability of trace metal speciation over 

flood events compared to dryer seasons might be relevant. To keep a close 

watch on such seasonal and long-term influences, monitoring campaign 

several times a year, over several years needs to be steadily conducted, using 

a combination of several sampling and analytical tools. 
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Adapted from Gaulier C., Billon G., Lesven L., Falantin C., Superville P.-J., 

Baeyens W., Gao Y. (2020). Leaching of two northern France slag heaps: 

Influence on the surrounding aquatic environment. Environmental Pollution 

257, 113601. 

 

 

 

The following work results from a study which I conducted together with the 

University of Lille and the North Department Council of France during my 

master thesis, in 2016, on the influence of slag heap leaching (i.e. old artificial 

hills built by accumulation of mining residue) on aquatic environments. 

Slightly different from the research work that have been proposed in the 

previous chapters (trace metals in marine environments), this study focused 

on the biogeochemical cycle of sulfur and major elements in freshwater 

ecosystems. Juggling between two approaches, one physicochemical, the 

other ecological, this project was intended to assess vast wetlands and small 

ponds surrounding massive slag heaps, rather neglected after the exploitation 

of coal mines. As a large-scale project and after obtaining my master’s degree, 

it mattered to me to continue and especially finalize this study, in parallel with 

my own thesis project. This work has been nicely highlighted in the form of a 

scientific article, published in the journal Environmental Pollution in February 

2020. And I have the great pleasure to share a version with you today. 

 

Briefly, the main highlights of this work were: 

    (i) Wetlands are widely enriched in sulphates, caused by slag heap leaching. 

    (ii) Impact of leaching on wetlands was assessed using chemical & 

biological approaches. 

    (iii) The water composition reveals a typical example of a neutralized acid 

mine drainage. 

    (iv) Combination of high S2−, low O2 and pH may lead to a loss of 

biodiversity. 

    (v) Variations in DOC and lixiviate composition induce spatio-temporal 

changes. 
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Leaching of two Northern France slag heaps: influence on the 

surrounding aquatic environment 

 

 

Abstract 

After the exploitation of coal mines in the 19th and 20th centuries in northern 

France, many mining slag heaps (SH) were left without any particular 

management or monitoring. Currently, the influence of these SHs on the 

quality of surrounding wetlands is hardly known. The purpose of this work is 

to determine the water quality in the neighbourhood of two SHs located near 

the city of Douai and its influence on the distribution of aquatic invertebrates 

in local wetlands. Our approach involves (1) the spatial and temporal 

characterization of the water composition (anions, major elements, sulphide, 

DOC and alkalinity) and of the biological diversity (aquatic invertebrates) and 

(2), based on this chemical and biological screening, the establishment of 

relationships between water quality and biodiversity distribution through 

multivariate data analysis. The results clearly indicate that substantial leaching 

from the slag heaps occurs, given the very high concentrations of dissolved 

sulphates (in the range of 2 g L-1). While the pH remains weakly basic, 

indicating that the leaching water has been neutralized by the highly 

carbonated regional substratum, high levels of biodegradable organic matter 

and sulphate contents have been noticed. They sporadically cause significant 

drops in dissolved oxygen and the occurrence of dissolved sulphides that 

massively reduce biodiversity, qualitatively and quantitatively. In Summer, 

oxygen saturation is generally lower due to the higher rate of organic matter 

degradation, and the risk of anoxic episodes therefore increases. Finally, as 

wetlands are vulnerable environments, these preliminary results suggest that 

monitoring and management of these sites must be attempted quickly to avoid 

the degradation of those valuable habitats. 

 

Keywords: Slag heap, Wetland, Acid Mine Drainage, Water quality, 

Biodiversity.  
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1. Introduction 

The Hauts-de-France region faced huge changes between the 17th and the 20th 

century with the appearance of coal mining which has accelerated its industrial 

and economic development, but has also transformed its landscape (Foucher 

et al., 2012). Indeed, the traces left behind by former mining sites are still 

visible today. They take the shape of hills, called slag heaps (SH), resulting 

from a long accumulation of mine tailings (mainly black schist and 

sandstones) (Apourceau-Poly and Bertram, 2016). During this industrial 

period, the slag heaps were the property of the mining company, Charbonnage 

de France. However, when the coal extraction stopped, SHs have been rapidly 

abandoned, leaving in the northern landscape huge piles of natural mining 

material. Of anthropogenic origin, some of these slag heaps have gradually 

become green spaces due to a natural return of the vegetation (CPIE Chaîne 

des terrils et al., 2014). On their slopes and at their feet, they now shelter 

remarkable but fragile ecosystems. They host unique habitats, thanks to 

abnormally high temperatures resulting from the lower albedo of the black 

schist (Denimal, 2001). Hence, they allow rare and protected species to 

survive in the region and constitute a shelter and/or a feeding place for many 

others. However, they are highly sensitive to erosion, landslide and leaching. 

In the early years of this century, these sites have therefore been re-evaluated 

as Sensitive Natural Areas and have been purchased by the North Department 

Council, because of their value as biodiversity hotspots (Sader, 2018). Further 

on, the slag heaps became UNESCO World Heritage in 2012 and are now part 

of the biodiversity wealth of the region (Apourceau-Poly and Bertram, 2016; 

Gilbert, 2012). While these slag heaps were thus fostered for their biodiversity 

wealth, vast wetlands (and more specifically peatlands) spread out in the same 

area were damaged by the erection of these slag heaps. This created an 

important environmental problem especially since wetland areas are 
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becoming a worldwide environmental concern: wetland destruction including 

habitat fragmentation and degradation is increasing while climate change 

increases the pressure on the wetland ecosystem (Holland et al., 1995; Davis 

and Froend, 1999; Gibbs, 2000). They are nowadays facing a strong decline, 

while they have a proven added value for biodiversity and therefore a need to 

be protected (Gibbs, 1993; Mitsch and Gosselink, 2000). Wetlands host 

complex ecosystems including both aquatic and terrestrial biotopes. 

Moreover, the various habitats, with permanently to temporary water zones, 

are related to different chemical properties of the water and the soil (Akcil and 

Koldas, 2006). The story of the slag heaps is thus one with two faces: slag 

heaps offer a unique environment for many rare species, but their erection has 

caused habitat fragmentation and degradation of already existing 

environments. 

As mentioned, the SH soils are particularly sensitive to erosion and leaching, 

either by rainwater or by the oscillation of underground water reservoirs 

(Figure 1). After such phenomena, the leaching water carries dissolved species 

and suspended matter from the mining hill into the surrounding wetland and 

therefore potentially influences this ecosystem (Duffaut, 2001). Slag heap 

leaching in the Hauts-de-France mine region was initially studied to 

investigate the impact on groundwater quality (Denimal, 2001). More general 

studies on post-mining issues included studies on trace metal leaching (Allan, 

1995), on Acid Mine Drainage (AMD) issues (Akcil and Koldas, 2006) or on 

nutrient levels and litter decomposition and their impact on the ecosystem 

(Lee and Bukaveckas, 2002). The AMD is a common effect of SH leaching 

which results from the oxidation of pyrite (FeS2) and produces an acidic 

leachate source for the environment (Rose and Cravotta III, 1998). Its 

consequences on aquatic environments such as wetlands are today still poorly 

studied, specifically in the Hauts-de-France mining area. Moreover, there is a 
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lack of knowledge on the link existing between biodiversity of these wetlands 

and the leaching inputs of the SHs into them. 

 

 

 

Figure 2: Overview of the slagheap leaching process (after Thompson, 2015) 

 

Therefore, more studies must be carried out to better understand the diverse 

influences of SHs on surrounding wetlands and ponds. Invertebrates occupy a 

central place in aquatic ecosystems since they are ranked at the lower trophic 

levels of the food chain and they have a role both as consumer (phytoplankton, 

etc...) and food source (especially for fish and aquatic birds) (Benoit-Chabot, 

2014). Information on their nature and quantity is therefore essential for 

assessing the ecological quality of wetlands at the bottom of slag heaps. Thus, 

the objectives of the present study are: (i) to establish a state of the art of the 
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physicochemical and biological composition of these atypical environments; 

(ii) to assess the possible influence of slag heap leaching on the surrounding 

aquatic ecosystem composition and distribution; and finally (iii) to investigate 

potential variation of these processes in time and in space. 

 

2. Material and methods 

2.1. Study site 

Two slag heaps have been selected in agreement with the Northern France 

Department Council that had noticed recurrent patches of water leaching into 

the surrounding wetlands. They are both located close to the city of Douai and 

are called hereafter SH I and SH II (Figure 2). Both have the same tabular 

shape, but SH I was formed from 1958 to 1984 having a 97-ha surface, while 

the other one was formed between 1912 and 1975 having a surface of 140 ha 

(North Department Council, internal communication). The soil surrounding 

both SHs is mainly occupied by vegetation (agricultural land, woods and 

meadows) and by water bodies (waterways, ponds and wetlands). The water 

levels in the ponds and wetlands are relatively stable throughout the year, 

although they pass through seasonal low and high-water periods. Both SHs 

are surrounded by a complex network of ponds and wetlands which are fed by 

the outflow from the slag heaps (enriched in elements from the SH, i.e. 

leaching phenomena) by rainwater and groundwater. 
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Figure 2: Sampling map for the two slag heaps: SH I and SH II, both close to 

the city of Douai. SH I is split into 2 distinct zones, which are separated by a 

significant distance: sampling points I-01 to I-04 are located on the West side 

of SH I, while points I-05 to I-15 are located on the East side. For 

confidentiality reasons, the name and aerial views of both slag heaps are not 

shown here. 

 

Four very shallow and narrow ponds were sampled at the foot of the SH I (I-

01 to I-04) and of the SH II (II-01 to II-06). At the foot of SH II, a deeper and 

bigger pond (24.5 hectares, 2m deep in average) is also present. Twenty 

stations were chosen in this pond, but since the results between those stations 

were not significantly different, only the average of the results is reported in 

this paper and referred to as station II-07. Finally, a screening of a wetland 

located in the southern part of SH I was also performed (I-05 to I-15), in order 

to investigate potential concentration gradients (Figure 2).  
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Close to a third SH (SH III), a non-impacted reference station, that is 

recurrently monitored by the Ecology service of the North Department 

Council, has also been chosen: reference point III-01. According to the 

internal reports of the Ecology service, the wetland close to SH III is protected 

from the leaching waters by a clay horizon, resulting in good water quality 

and good biodiversity indicators (nesting and feeding sites, presence of reed 

bed, helophytes, hydrophytes, clear water) (North Department Council, 2012). 

Note further that all GPS coordinates of the sampling points are listed in the 

supplementary information section. 

Two sampling campaigns have been carried out, in order to study possible 

temporal changes occurring in the environment around the SHs. Each 

sampling campaign lasted less than 24 h, in order to avoid any influences from 

weather (rain, drought, etc.) or changes in groundwater levels. A first 

sampling campaign took place by the end of March 2016 at all 42 stations, 

including the reference point (III-01). A second one took place by the 

beginning of July 2016 but only at a few specific stations close to SH I (I-01 

to I-04, I-09 to I-12). The second campaign was reduced compared to the first 

one mostly due to unforeseen events: hunting season and inaccessibility of the 

sites.  

2.2. Sampling, in situ measurements and sample pre-treatments 

Temperature, pH, dissolved oxygen saturation and conductivity were 

measured in situ at each station using electrodes previously calibrated [pH: 

combined glass and Ag/AgCl/KCl electrodes (Metter-Toledo), dissolved 

oxygen saturation: Clark sensor (WTW, Oxi 340) and conductivity (WTW: 

ProfiLine Cond 3110)]. For the other parameters (alkalinity, anions, major 

elements, dissolved organic carbon and characterization of organic matter), 

water was sampled in a clean PFA bottle at about 20 cm depth (when possible) 
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below the surface. A first part of the sample remained unfiltered prior to the 

biological analysis and was kept at 5°C in an icebox. Back in the laboratory, 

the aquatic invertebrates were removed from the unfiltered water samples, 

using a 0.5 mm sieve; aquatic invertebrates were then placed into clean glass 

flasks, and 70% isopropyl alcohol was added to prevent organisms from 

decomposing and to avoid predation by higher trophic organisms. The second 

part of the sample was filtered immediately in the field through 0.45 µm pore 

size filters (cellulose acetate membranes, Sartorius) for the determination of 

all parameters, except organic matter. Three aliquots were subsequently 

prepared for measuring: (i) major elements by addition of 400 µl ultrapure 

HNO3 (Fisher Scientific, OptimaTM); (ii) sulphides by addition of 10 μL of 2N 

zinc acetate [guaranteed AGR (Analytical Grade Reagents)] and 10 μL of 10-

2 M NaOH (AGR) solution in 10 mL of the sample to stabilize the analyte; 

and (iii) anions and alkalinity without any treatment but kept at 4°C in an 

icebox. The third part of the sample was filtered on a glass fibre filter (0.7 µm, 

Whatmann) previously pyrolyzed at 450°C for 24 hours. This aliquot was kept 

in the icebox for subsequent analyses of the organic carbon content. 

2.3. Chemical analysis 

2.3.1. Sulphides 

The solution prepared in the field for sulphide measurements was treated by 

addition of ferric chloride and N,N-dimethyl-p-phenylenediamine oxalate 

solution to form the methylene blue complex. In order to eliminate the colour 

due to the presence of ferric ion in the solution, ammonium phosphate dibasic 

solution, used as a buffer, is added after 5 min to the last solution (Expertise 

Center in Environmental Analysis of Quebec, 2015). All the reagents were of 

analytical grade (AGR). The measurements were performed by 

spectrophotometry (Varian, Cary 300 Scan UV-Visible) at 664 nm. The 
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sulphide concentration was then determined by comparing the field sample 

result with that of a calibration curve, made in the same conditions as the field 

sample. The S(-II) standard mother solution was prepared under nitrogen 

atmosphere from Na2S·9H2O (Aldrich) and titrated before use by 

potentiometry with a Cd2+ standard solution, using a sulphide ion selective 

electrode (Orion) and a Hg/Hg2SO4 reference electrode. The limit of detection 

of this technique was 0.2 mg L-1 and the relative standard deviation carried 

out on triplicates from several samples was better than 5 %. 

2.3.2. Anions 

Sulphate, nitrate, chloride, phosphate and fluoride concentrations were 

assessed with ionic chromatography (Dionex, column Ion Pac AS18, 

4x250mm). The MagIC Net 3.1 software was used to process and calibrate the 

analysis. Limit of detections (LOD) were 0.05 mg L-1 for sulphate, 0.01 mg L-

1 for nitrate, 0.02 mg L-1 for chloride, 0.04 mg L-1 for phosphate and 0.01 mg 

L-1 for fluoride. The relative standard deviation (RSD) carried out on several 

triplicate measurements was better than 10 % for all species. 

2.3.3. Major Elements 

Elemental analyses of Ca, Fe, P, Mn, Mg, Na, Sr, K, Si and B were performed 

in the water samples by Inductively Coupled Plasma Atomic Emission 

Spectroscopy (ICP-AES, Varian, Vista Pro, axial view) after multi-elemental 

External calibrations. Limits of detections (LOD) were 0.1 mg L-1 for Ca, 0.06 

mg L-1 for Fe, 0.2 mg L-1 for P, 0.01mg L-1 for Mn, 0.03 mg L-1 for Mg, 0.06 

mg L-1 for Na, 0.01 mg L-1 for Sr and 0.1 mg L-1 for K. The relative standard 

deviation (RSD) carried out on triplicates was better than 5% for all species. 



241 

 

2.3.4. Alkalinity 

Automatic pH-metric titrations using 0.05 M HCl were carried out (Metrohm, 

model 848 Titrino Plus) to determine the alkalinity in our samples assuming 

that, according to pH values (between 6.9 and 8.5) and the other ions present 

(sulphate, chloride) in the solution, the measured alkalinity is related to the 

concentration of HCO3
-. Indeed, at neutral pH, HCO3

- is the dominant 

carbonate species and significant contributions of CO3
2- and H2CO3 only 

appear at pH levels greater than 9.0 or lower than 6.0, respectively (Tarvainen 

et al., 2005). The LOD of this technique is estimated at 0.1 mg L1 (based on a 

sample volume of 10 mL, a titrant HCl solution at 0.05 M and 50 µL stepwise 

acid additions) with a relative standard deviation of 5%.   

2.3.5. Dissolved Organic Carbon (DOC)  

DOC content was analysed using a TOC-meter (Shimadzu, TOC-VCSH), 

using the NPOC method (Non Purgeable Organic Carbon). An external 

calibration curve, using potassium hydrogenphtalate, was previously assessed. 

The LOD is 0.2 mg C L-1 with a RSD calculated on several triplicates, lower 

than 5 %. 

2.4. Biological analysis 

Two biological indicators (number of aquatic invertebrate taxa and total 

abundance of aquatic invertebrates) were determined at each station, using 1 

L water samples. The aquatic invertebrates have been sorted and then 

identified through a binocular microscope, using the sight hunting method and 

determination keys to classify them in a taxonomic family (Tachet et al., 

2010). The number of taxa is defined as a group of living beings (here, aquatic 

invertebrates) from the same family. The abundance was equal to the total 

number of aquatic invertebrates listed at each sampling station including all 

taxa. 
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2.5. Statistical procedures 

Principal Component Analysis (PCA) were performed with the R data 

processing software (www.R-project.org) using two packages: Corrplot and 

FactoMineR. The analysis of the statistical distributions of the data showed 

that some parameters were not normally distributed (i.e. not following a 

Gaussian distribution). Spearman correlation and PCA on ranked data were 

then performed to improve the robustness of the statistical analysis.  

2.6. External data 

As the groundwaters were not sampled, external data were provided by the 

French Water Agency from the piezometers 903641, 902687 and 901551 

located respectively in Marchiennes, Pecquencourt and Somain (see the 

Supplementary Information section the for the GPS coordinates). These 

piezometers were selected, because of their proximity to the studied areas. 

 

3. Results and discussions 

3.1. General description 

pH and conductivity ― pH values range from 6.9 to 8.5, including the 

reference station III-01 with a rather narrow distribution (see Table 1 and 

Supplementary Information for all data). The conductivity varies from 1.2 to 

5.0 mS cm-1 with a median value at 4 mS cm-1 showing a large range of 

variations. These values, including III-01 (lowest value at 1.2 mS cm-1), are 

higher than those observed in the surrounding rivers (0.93 mS cm-1 in average) 

and the groundwaters (0.88 mS cm-1 in average) (Artois-Picardie Water 

Agency, 2017). This could be due to leaching processes which will be 

discussed later. But also, as indicated by the value of III-01, this could be due 

to the higher salt concentrations since evaporation occurs in these small ponds. 

http://www.r-project.org/


243 

 

As no threshold values of good status for wetlands have been defined in the 

European Water Framework Directive, the criteria applied to rivers and ponds 

(Legifrance, 2015; Official Journal of the European Communities, 2000) was 

used in this study. Only six sampling points (I-05, II-07, II-04 II-05, II-06 and 

III-01) have a conductivity value below the threshold value of 3mS cm-1 

indicating that most of the waters are enriched in dissolved salts provided by 

the SH leaching.  
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Table 1: Overview of the water composition for the first campaign (March 

2016) 

   min. max. mean reference site III-01 groundwater 

In situ measurements        

 pH 6.9 (I-04) 8.5 (I-13) 7.7 7.7 7 

 Conductivity (mS cm-1) 1.2 (III-01) 5.0 (I-04) 3.6 1.2 0.88 

 

Dissolved oxygen 

saturation (%) 9 (II-02) 140 (I-01) 75 98 25 

Alkalinity (mmol L-1)        
  Alkalinity 1.51 (II-06) 24.2 (I-10) 13.7 2.76 5.06 

Sulphides (mg L-1)        

 Sulphide < 0.2 30 (II-01) 3.3 < 0.2 - 

Dissolved organic matter        
  

DOC (mg C L-1) 
1.6 (I-04, I-

09) 25.1 (I-05) 8.6 7.5 1.6 

Major elements (mg L-1)        

 Ca 47 (I-05) 350 (II-03) 169 189 147 

 Mg 49 (I-05) 240 (II-03) 131 60 15 

 K 13 (I-05) 39 (II-03) 21 2.5 6 

 Sr 0.5 (I-05) 6.1 (II-02) 2.4 1.1 - 

 Mn 0.02 (II-06) 1.03 (II-03) 0.29 0.03 0.01 

 Fe < 0.06 0.32 (II-04) 0.09 < 0.06 0.03 

 P < 0.2 0.93 (II-02) 0.26 < 0.2 - 

 Na 41 (II-04) 480 (I-04)  307 55 25 

Anions (mg L-1)        

 NO3
- 

< 0.50 (I-

12, II-06) 0.95 (II-05) 0.68 < 0.50 5 

 PO4
3- < 0.10 1.17 (II-01) 0.26 0.80 0.03 

 F- < 0.01 0.31 (II-05) 0.13 0.21 0.17 

 SO4
2- 899 (I-05) 2693 (II-03) 1732 979 128 

  Cl- 8.1 (I-09) 26.6 (I-05) 15.0 27.1 27.1 

 



245 

 

Sulphates, cations and alkalinity ― Concentrations of sulphate are diverse 

and range between 900 and 2690 mg L-1 exceeding significantly the bad-status 

threshold of the WFD (250 mg L-1). These concentrations were also compared 

to surrounding groundwaters with an average value of 128 mg L-1 (Artois-

Picardie Water Agency 2017) (no available data for rivers surrounding). At 

stations I-01, I-02, I-04, II-01, II-02 and II-03, the sulphate content exceeds 

2000 mg L-1, while only at the reference station (III-01) and at the most remote 

station of SH I (I-05) sulphate concentrations are below 1000 mg L-1.  

High sulphate levels are a typical characteristic of SH leaching due to the 

oxidation of several sulphide minerals like pyrite (Rose and Cravotta III, 

1998). When rainwater (oxygenated and with a slightly acidic pH around 5-6) 

or eventually water from a superficial aquifer encounters the iron sulphide 

minerals present in the SH, oxidation processes take place allowing the release 

of H+, sulphates and Fe (III). The complete oxidation reaction involved is 

shown in Equation 1 (Denimal, 2001): 

Fe𝑆2  +  3.75 O2  + 3.5H2O → Fe(OH)3  +  2S𝑂4
2−  +  4𝐻+                     (1) 

In our case, pH values remain quite neutral and dissolved iron concentrations 

are low. Indeed, iron levels range from < 0.06 (LOD) to 0.32 mg L-1. This 

differs from a classic Acid Mine Drainage (AMD) and is called a neutralized 

AMD (nAMD) (Rose and Cravotta III, 1998). The neutral pH results from the 

presence of carbonate compounds in the soils (i.e. chalks) that buffer the 

leaching water (e.g. calcium carbonate in Equation 2).  

FeS2 + 3.75O2 + 3.5H2O + 4CaCO3  Fe (OH)3 + 2SO4
2- + 4HCO3

- 

+ 4Ca2+        (2) 

Concentrations of calcium, magnesium, potassium, strontium, manganese and 

sodium vary from 47 to 350 mg L-1 (Ca), 49 to 240 mg L-1 (Mg), 13 to 39 mg 

L-1 (K), 0.50 to 6.1 mg L-1 (Sr), 0.02 to 1.0 mg L-1 (Mn) and 41 to 480 mg L-1 
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(Na), showing a wide range of variation  and with several values exceeding 

largely those found at the reference site and in the surrounding groundwater, 

see Table 1 (no available data for the surrounding rivers). High concentrations 

of these elements can also be due to slag heap leaching followed by carbonate 

buffering (nAMD) (Monterroso and Macias, 1998).  

A large range of alkalinity values, from 1.51 (II-06) to 24.2 mmol L-1 (I-10), 

are observed with several values exceeding largely those found at the 

reference site III-01 (2.76 mmol L-1) and in the surrounding groundwater (5.06 

mmol L-1 in average) (no available data for the surrounding rivers). Besides 

carbonates at circumneutral pH, alkalinity can also include other chemical 

species such as bisulphide, silicates, borates and phosphates. After 

quantification of phosphates, of total Si and of B, it is justified to say that, 

except for station II-01 where sulphides are found at high concentrations (0.9 

mmol of sulphides for 2.2 mmol of alkalinity), alkalinity is primarily 

composed of hydrogen carbonates. Hydrogen carbonate concentration could 

result from the neutralisation of the AMD, especially at SH II where a 

significant correlation is observed between alkalinity, sulphate and major 

cations coming from the leaching (Figure 3). However, for SH I, alkalinity is 

not correlated with the released species, which can be due to several reasons. 

Firstly, Rose and Cravotta III (1998) described several neutralisation 

processes without affecting alkalinity. The acidity can indeed be neutralised 

by dissolution of FeCO3 or silicate minerals in which case alkalinity is not 

affected. Secondly, in SH I and to lesser extent in SH II, the reduction of 

sulphates by Sulphate Reducing Bacteria (SRB) will consume protons and 

simultaneously produce gaseous H2S (Equation 3; Wu et al., 2013). 

𝑆𝑂4
2− + 2𝐶𝐻𝑂 + 2𝐻+

 
→ 𝐻2𝑆 + 2𝐻2𝑂 + 2𝐶𝑂2 (3) 

As the dissolved organic carbon concentrations are generally higher in SH I 
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than in SH II, the bio-reduction of the sulphates may be favoured at SH I, with, 

as a consequence, the increase in alkalinity and a poorer correlation between 

alkalinity and the other slag heap leaching markers. Thirdly, the non-

correlation between alkalinity and the released species may also be linked to 

other phenomena like photosynthesis and aerobic respiration, consuming 

either NO3
- or NH4

+ (Stumm and Morgan, 1996). Precipitation of various solid 

phases, such as metal sulphides or evaporation when the water level is low, 

can cause alkalinity changes too. 

Anions and DOC ― Nutrient concentrations (NO3
- and PO4

3-) are possible 

eutrophication indicators in aquatic environments. Nitrate levels range from < 

0.01 to 0.95 mg L-1, which is low compared to the surrounding waterbody 

averages (5 mg L-1 for groundwaters, 31 mg L-1 for rivers) and to the WFD 

threshold value of 10 mg L-1, definition for a “very good state of water”. 

Phosphate exhibits very low concentration levels, mostly under the detection 

limit of 0.04 mg L-1. Except for a few stations, most of them display phosphate 

levels below the detection limit. Overall, the impact of urban and agriculture 

activities on our study sites are limited and do not favour eutrophication 

processes in the ponds and wetlands. 

Fluorides and chlorides can have adverse effects on terrestrial aquatic 

ecosystems when present at high concentrations (Elphick et al., 2011; United 

States Geological Survey, 2009). F- levels range from < 0.01 to 0.31 mg L-1, 

which comply with the average content of the surrounding groundwater (0.17 

mg L-1) and are below the threshold value of 0.5 mg L-1 above which F- has 

been shown to affect aquatic organisms (Camargo, 2003). Cl- concentrations 

are low (between 8.1 and 26.6 mg L-1) and below the groundwater and III-1 

levels (27.1 mg L-1) and the WFD threshold value of 50 mg L-1 (Official 

Journal of the European Communities, 2000). 
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DOC concentrations range from 1.6 to 25.1 mg C L-1 with the lowest values 

at stations I-04 and I-09 and all stations of SH II. At the other SH I stations 

and at the reference station III-01 (7.5 mg C L-1), the threshold value as defined 

by the WFD (5 mg C L-1) is exceeded. However, the WFD threshold value for 

DOC must be handled with caution, because these reference values were 

originally determined to qualify the state of a water mass (lake, river, etc.), 

while we are here dealing with wetlands which are, by definition, rich in 

vegetation and thus in DOC. In a wetland, the WFD threshold value of DOC 

can be easily exceeded. The highest DOC concentrations were recorded at I-

05, I-08 and I-13 with values above 15 mg C L-1, corresponding to a bad status 

of water bodies. As SH II is far less vegetated than SH I, it is not surprising to 

find lower DOC values in SH II. This observation can mainly be explained by 

the difference in age and maturity of both systems. In addition, vegetation 

maintenance is better in SH II than in SH I where vegetation overgrowth 

creates obstacles in the water runoff. Finally, as reported by Lee and 

Bukaveckas (2002), wetlands impacted by mine drainage usually show slower 

decomposition rates and lower nutrient levels in comparison to wetlands 

found in predominantly agricultural areas (Lee and Bukaveckas, 2002).  

Oxygen, sulphides and total P ― Dissolved oxygen saturation ranged from 9 

to 140% with an average of about 75%. There is, therefore, a wide range of 

variation with very high values at some locations (I-01, 02, 03, 05, 09, 12, II-

03, 05, 06 and III-01 > 90%) and very low at the surface, even anoxic at the 

bottom, of others (I-01, 04, II-02 < 30%). Sulphide concentrations were only 

detected in these three anoxic stations. Total dissolved phosphorus 

concentrations also seemed to be linked to dissolved oxygen concentration. 

Varying from < 0.2 to 0.93 mg/L, the variation in phosphate was negatively 

correlated to that in O2. It has been observed that in hypoxic or anoxic 

conditions, the reduction of iron oxides can lead to the release of phosphates 
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in the water that were previously trapped in these oxides (Patrick and Khalid, 

1974). 

Biological analysis ― The biological inventory highlighted the presence of 

several aquatic invertebrate families. Sixteen families of species, spread over 

all sampling stations, have been identified and quantified (Table 2), with as 

the most important, Cyclops sp, Chydoridae and Daphniidae. 

The poorest biodiversity levels were observed at SH II stations II-01 and II-

02 (respectively, 0 and 1 for the taxon, 0 and 13 for the abundance), where 

oxygen levels were low and sulphide concentrations high, exceeding 24 mg 

L-1. Station II-03 showed the highest biodiversity level with 3 taxa and an 

abundance of 39 individuals. At this station oxygen levels were high, sulphide 

was not detected, and the highest levels of Ca, K, Mg, Mn and sulphates were 

observed. 

At SH I, the biodiversity wealth seems higher than at SH II: the total number 

of taxa is 8 (I-01) and the total abundance 288 (I-08). However, large 

differences between the sampling stations can be observed. The lowest 

biodiversity levels are observed at stations I-04 and I-05 (respectively, 0 and 

2 for the taxon, 0 and 14 for the abundance), the highest levels at I-01 and I-

08.
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Table 2: Overview of the biological diversity in the water samples. The number of aquatic invertebrates collected in 1 L of 

water is shown. 

Taxonomic group  
SH I               SH II      SH III 

01 02 03 04 05 06 07 08 09 10 11 12 13 14 15 01 02 03 04 05 06 01 

Cyclops sp 69 61 35  13  8 65 28 13 62 12 10 16 7 
 

13 20 19 
 

 8 

Diaptomus sp                
   

 
 

10  

Orthocladiinae      2  3        
   

 
 

  

Chironominae  1  2             
   

 3   

Ceratopogonidae 3     3          
   

 
 

  

Culicidae      1           
   

 
 

  

Chydoridae 30 8      30 15 11 21 12 40 30 11 
  

8  10 6 5 

Daphniidae 62 165 88   80 140 181 33 15 40  61 40 24 
  

11  
 

10 6 

Nematode                
   

 3   

Cyphon sp        1        
   

 
 

  

Hydrophilus sp            1    
   

 
 

  

Graptodytes sp 2               
   

 
 

  

Collembole 1               
   

 
 

  

Rotifera           6     
   

 
 

  

Ostracode      1  8 2 2 2   7  
   

 
 

  

Driops sp 1               
   

 
 

   

Total taxon 8 3 3 0 2 4 2 6 4 4 5 3 3 4 3 0 1 3 1 3 3 3 

Total abundance 169 234 125 0 14 86 148 288 78 41 131 25 111 93 42 0 13 39 19 16 26 19 
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Aquatic invertebrate species, also those found here, can be used as bio-

indicators of their environment (e.g. Health Monitoring Institute, 2004; 

Hodkinson and Jackson, 2005). For instance, Cyclops sp (found at all stations 

except I-04, 06, II-01, 05, 06) and Diaptomus sp (found only at II-06) are 

invertebrate species known for their tolerance to wastewater but also to 

eutrophication processes. More specifically, Chironominae (stations I-01, 03 

and II-05), Ceratopogonidae (stations I-01 and I-06), Culicidae (I-05) and 

Nematode (II-05) are bio-indicators of organic or chemical polluted waters as 

they are tolerant to such environmental conditions. On the contrary, 

Hydrophilus sp (only found at station I-12) is a species which is sensitive to 

water pollution by organic matter and chemicals. Rotifera (I-11) is sensitive 

to salinity, while Ostracode (stations I-06, 08, 09, 10, 11, 14) can tolerate 

salinity but it is sensitive to organic matter, industrial and metal-mining 

pollution (David M. Rosenberg and Resh, 1993). The salinity resistance of the 

Ostracode family as well as the high alkalinity and the relatively low leaching 

impact at stations I-06, 08, 09, 10, 11, 14, allowed them to develop there.  

3.2. Lixiviation influence 

When looking at the results from the PCA (see Fig. 3 – A and C), the first axis 

with the most variance (PC1 with almost 50% of the data variability) fits well 

with the lixiviation process. For both sites taken separately, sulphates, major 

cations, conductivity are close on the right side of PC1. On the opposite side 

of the PC1 axis, the chlorides are found for both sampling sites (Fig. 3 – A 

and C) and the DOC is found only at SH I (Fig. 3 – A). These elements are 

both indicators of non-impacted waters (or less impacted) from the slag heap. 

A gradient of these two sources is indicated in Figure 3: the first principal 

component represents the mixing of lixiviates (positive part) and lake water 

(negative part). The distribution of the points on Fig. 3B gives the relative 
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importance of the two sources for each station. We notice that the “cleanest” 

stations are in the lakes (I-05 and II-07) and several nearby stations. 

 

Figure 3: PCA results for site I (A and B) and site II (C and D). Samplings 

performed in March 2016. On site I: A, loadings on the 2 first components and 

B, scores of the different stations on the same axes. On site II: C and D, same 

as for site I. S2 represents the sulphides. 

 

The leaching of the slags influences the water composition at the foot of the 

two SHs. Indeed, sulphates, Ca, Sr, Mg, Na and to a lesser extent alkalinity 

are correlated at both sites, indicating that all these elements are probably 

solubilised simultaneously during the leaching process. However, the average 

composition of the leaching solution after normalization by the sulphate 

concentration varies between the 2 SHs as indicated in Table 3. From this 
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table, it is clear that there exists a supplementary mineral phase supplying 

dissolved sodium and carbonate during the leaching or neutralization process 

at site I. However, at site II, a slight increase in the amounts of calcium and 

strontium can be noticed. The two sites being only 2 km apart, such a 

difference was surprising. However, it appears that the two slag heaps have 

different histories. SH I is a relatively recent “washing slag heap”, which was 

build up between 1950 and 1984 and contains fine particles. SH II is a more 

historical one (1912-1975), containing a lot of coal and a larger size of slags. 

In 1975, the remaining coal was extracted from these slags with a washing 

process and the residues were thereafter redeposited at the same place. Since 

the mineral composition of the soil between the two sites is different, the 

lixiviates composition varies as well. It may explain why for SH II, most 

dissolvable salts, e.g. the sodium carbonate phase, may already have been 

leached.  

 

Table 3: Sulphate-normalised average concentrations of total dissolved Ca, 

K, Mg, Na, Sr and alkalinity. * and ** indicates the significance of the ratio 

difference between site I and site II with a 5% and 1% error respectively. 

  SH I SH II   

Sulphates 1 1  

Ca 0.21 0.26 * 

Alkalinity 1.1 0.21 ** 

K 0.031 0.029  

Mg 0.29 0.33  

Na 1.0 0.26 ** 

Sr 0.0013 0.0019 ** 
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3.3. Hypoxia 

Hypoxia or even anoxia has been observed at several sampling sites. This 

could be due to a complete consumption of dissolved oxygen for the oxidation 

of organic matter in the small ponds, which are full of vegetal debris. It is also 

possible that some water leaching from the SH was yet anoxic as all the 

oxygen was used for pyrite re-oxidation. This is partly supported by the fact 

that only stations very close to the SH were found with low O2 concentration 

and sulphides. 

When all oxygen is consumed, anaerobic respiration leads to the reduction of 

iron oxides and concomitantly the release of P and the reduction of sulphates. 

The pH also slightly decreases due to the release of CO2 from oxidised organic 

matter (Seybold et al., 2002). On the PCA in SH I (Fig. 3A), O2 and pH are 

close to each other on the positive part of PC2, but opposite to P and sulphides 

on the same axis. This is mainly true for SH I. If for SH II the opposition 

between pH / O2 and P / sulphides is still visible, it is not as clear as on the 

second principal component PC2. This lack of complete orthogonality could 

be the sign of a link between hypoxia and lixiviation on SH II (e.g. anoxic 

lixiviates). 

 

3.4. Chemistry and biodiversity 

It seems that for SH I, as it is indicated on Fig. 3.A, lixiviation from the SH 

and the biological diversity are unrelated. No decrease of the taxon and of the 

abundance is found along the lixiviation gradient. Lixiviation and aquatic 

invertebrate diversity and abundance seem orthogonal. Hypoxia seems to 

influence the invertebrate distribution much more (R = 0.61 and 0.55 

respectively for O2 vs taxon and for O2 vs abundance for all campaigns). The 

lack of oxygen is very damaging, as it goes pair with the emerging sulphides. 
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The toxicity of sulphides depends on the species, the exposure time and its 

concentration. Sulphides mainly interfere with respiration metabolism: levels 

reaching µg L-1 levels will affect the whole aquatic organism, but 

concentrations at the ng L-1 level are, for instance, enough to impact enzyme 

functioning like the cytochrome c oxidase which is a transmembrane protein 

complex and part of the respiratory electron transport chain of eukaryotes 

including aquatic invertebrates (Castresana et al. 1994). As a competitive 

inhibitor of the cytochrome c oxidase enzyme, excessive levels of sulphide 

can lead to cell asphyxia (Grieshaber and Völkel, 1998; Nicholls et al., 2013). 

Overall, the appearance of sulphides was shown to amplify hypoxia effects 

(Bagarinao, 1993). The impact and diffusion of sulphide through a cell is also 

directly proportional to the H2S concentration in the solution. Indeed, H2S can 

easily cross membranes, whereas the hydrogen sulphide HS- may be 

electrically excluded. Nevertheless, HS- can still contribute to toxicity at high 

concentration (Beauchamp et al., 1984). 

For SH II, the quality also depends strongly on the dissolved oxygen 

concentration (R= 0.90 and 0.77 respectively for O2 vs taxon and for O2 vs 

abundance). However, as it has been seen before for this site, hypoxia and 

lixiviation may not be as independent as it is observed for SH I. Lixiviation 

from the heap may be indirectly responsible for the lack of invertebrates. 

 

3.5. Temporal variability 

In July 2016, eight stations from the first campaign were sampled again: I-01, 

02, 03, 04, 09, 10, 11 and 12. Figure 4 compares these results to the ones 

obtained in March showing the change in wetland composition between these 

two seasons. 



256 

 

The concentrations of Ca, K, Mg, Mn, Na and Sr drastically decreased for all 

stations between March and July: a 30% to 70% decrease is systematically 

recorded (Mg and Sr behaviour is the same as Ca; see Supplementary 

Information for complete data set). As previously mentioned, these elements 

are usually carried together with sulphate during the leaching process. 

However, sulphate concentrations do not really change with time. Complex 

geochemical processes such as dissolution of gypsum, precipitation reactions 

of alkaline earth elements with a high amount of carbonates, water exchange 

between overlying and groundwater must have been involved. 

These phenomena must have been induced by a lack of precipitation, leaching, 

temperature increase or water evaporation in the small ponds. 

A general decrease of dissolved oxygen saturation and pH, coupled to an 

increase of alkalinity, was noted. This could indicate that the respiration 

process exceeded the primary production in these ponds. Indeed, the low water 

level, the high amount of sediments and particulate organic matter from the 

microphytes and tree leaves (based on field observations) seem to accelerate 

the degradation process when the temperature raises. In parallel, the sulphide 

concentrations increased at station I-03 and I-12 and decreased at stations I-

04 and I-10. We therefore suppose that the reduction of sulphates into 

sulphides has not been intensified by the increase in temperature and the 

pluviometry decline. Regarding biodiversity, the number of taxa decreased 

except at I-09, as well as the abundance except at I-09, I-10 and I-11. 

Therefore, it seems that the decrease of the biodiversity is linked to 

degradation processes of organic matter caused by the activity of micro-

organisms. These processes reduce the dissolved oxygen concentration and 

may produce micro-niches of high dissolved sulphide concentrations. This 

biogeochemical evolution could therefore lead rapidly to an eutrophication of 

the water system (Science for Environment Policy, 2015). 
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Figure 4: Temporal evolution of the wetland composition between March and 

July 2016. 
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4. Conclusion 

This study was conducted with the aim of assessing the potential influence of 

slag heap leaching on the surrounding aquatic environment, in the Hauts-de-

France region. We endeavoured to determine the existence or the absence of 

a link between the chemical composition of surface waters and the 

biodiversity distribution of each studied zone. One of the main findings relates 

to the presence of sulphates, which are the first indicators of a mining waste 

leaching. These sulphate concentrations, which are far above the surrounding 

background concentrations, are the results of pyrite oxidation contained in the 

slag heaps soil. Most of the studied areas are enriched in dissolved salts 

provided by the SH leaching. More precisely, the composition of the water 

around the two slag heaps reveals a typical example of a neutralized acid mine 

drainage, with a clear neutral pH and low Fe levels. This was especially 

confirmed by the presence of carbonate compounds from the soils, high 

enough to buffer the leaching waters, and by the high concentrations of many 

typical sub-products of such SH leaching (Ca, Mg, K, Mn, Na). At three 

sampling stations, located very close to the SH, a reduction of sulphate to 

sulphide coupled with anoxia and with phosphate release has been evidenced. 

This phenomenon might be amplified in the case of high amounts of organic 

matter. According to our results, this has led to a decrease in composition and 

distribution of aquatic invertebrates, thus in biodiversity. Most likely, the 

appearance of sulphides (partially under H2S) intensifies the impact of 

hypoxia in such ecosystems. Nevertheless, it is difficult to predict whether the 

ecological imbalance observed at these sampling stations constitutes an 

isolated case or if it is an indication of what would happen in future on a larger 

scale in the rest of the wetlands. Despite these three cases, the invertebrate 

inventories generally reveal a good biodiversity richness at most of the studied 

areas: this was mainly linked to good oxygenation conditions of the aquatic 
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environment and to the absence of sulphide. At these stations no influence 

from SH lixiviation was noticed. From March to July, increasing temperatures 

coupled with a pluviometry decline do not seem to promote sulphate reduction 

into sulphide. Even though dissolved oxygen and pH tend to be lower in 

Summer. Furthermore, loss of biodiversity in July seems only to be related to 

low dissolved oxygen levels, resulting from higher degradation rates of 

organic matter by micro-organisms. However, the latter processes may cause, 

if not controlled and managed, rapid eutrophication of the ecosystem. Finally, 

the same leaching signature (high sulphate levels, nAMD) is observed in the 

aquatic environments surrounding both SHs. However, due to a difference in 

age and maturity between the two SH systems and, to a lesser extent, to a 

difference in vegetation maintenance, some variations were highlighted, 

especially regarding DOC levels and the lixiviate composition (explained by 

an historical difference in the SH treatment process). 

In future, it would be crucial to continue a scrutiny and scientific monitoring 

of these very particular and fragile wetlands (including sediments and micro-

organisms), especially to better understand their evolution over time during 

low and high-water periods and during seasonal changes. In addition, 

monitoring the water fraction migrating to groundwater reserves located 

beneath the slag heaps would be welcomed as a complementary research 

approach. Finally, from an operational point of view, it would be necessary to 

propose remediation actions to prevent possible harmful effects on these 

wetlands. For instance, more vegetation maintenance around the area and/or 

the use of pumps could be interesting levers, in order to guarantee a better 

water circulation, as it was the case in the past during the exploitation of the 

coalmines. 
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5. Supplementary Information 

5.1. Material and methods 

5.1.1. Study site 

Table S1: GPS coordinates of the sampling points 

Sampling code 
GPS Coordinates 

Latitude Longitude 

I-01 N 50.39439° E 003.19151° 

I-02 N 50.39467° E 003.19230° 

I-03 N 50.39486° E 003.19319° 

I-04 N 50.39519° E 003.19366° 

I-05 N 50.39048° E 003.20417° 

I-06 N 50.38940° E 003.20069° 

I-07 N 50.38957° E 003.20047° 

I-08 N 50.38962° E 003.20028° 

I-09 N 50.39050° E 003.20316° 

I-10 N 50.39028° E 003.20272° 

I-11 N 50.39003° E 003.20162° 

I-12 N 50.39044° E 003.20306° 

I-13 N 50.38996° E 003.20390° 

I-14 N 50.38994° E 003.20295° 

I-15 N 50.38985° E 003.20285° 

II-01 N 50.38683° E 003.24150° 

II-02 N 50.38626° E 003.24454° 

II-03 N 50.38600° E 003.24605° 

II-04 N 50.38461° E 003.25169° 

II-05 N 50.383550° E 003.25289° 

II-06 N 50.38294° E 003.25260° 

II-07     

II-07-01 N 50.38171° E 003.24990° 

II-07-02 N 50.38396° E 003.24387° 

II-07-03 N 50.38417° E 003.24553° 

II-07-04 N 50.38414° E 003.24681° 
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II-07-05 N 50.38512° E 003.24878° 

II-07-06 N 50.38497° E 003.25063° 

II-07-07 N 50.38412° E 003.25157° 

II-07-08 N 50.38318° E 003.25241° 

II-07-09 N 50.38206° E 003.25223° 

II-07-10 N 50.38113° E 003.25257° 

II-07-11 N 50.38040° E 003.25199° 

II-07-12 N 50.37934° E 003.25121° 

II-07-13 N 50.37870° E 003.24980° 

II-07-14 N 50.37860° E 003.24820° 

II-07-15 N 50.37939° E 003.24708° 

II-07-16 N 50.38095° E 003.24733° 

II-07-17 N 50.38141° E 003.24751° 

II-07-18 N 50.38160° E 003.24693° 

II-07-19 N 50.38210° E 003.24543° 

II-07-20 N 50.38326° E 003.24370° 

III-01 N 50.402926° E 003.116132° 

 

5.1.2. External data 

Table S2: GPS coordinates of the piezometers 

Piezometers     

903641 50°25'12.6592" N 3°17'4.9369" E 

902687 50°23'22.9132" N 3°12'44.2760" E 

901551 50°22'36.9037" N 3°17'1.8204" E 

 

5.2. Results and discussions 

5.2.1. General description 

Table S3: Dataset from the first campaign
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Station pH Diss. oxygen sat. Conductivity Sulphide Nitrate Phosphate Fluoride Chloride Sulphate Alkalinity Diss. Org. Carbon 
 - % mS cm-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mmol L-1 mg C L-1 

I-01 8.1 140 4.1 <LOD 0.83 <LOD <LOD 16.7 2018 2.2 7.5 

I-02 7.9 117 4.3 <LOD 0.84 <LOD <LOD 10.1 2013 19.7 6.1 

I-03 7.3 113 4.5 <LOD 0.85 <LOD <LOD 10.2 1925 21.4 5.8 

I-04 6.9 11 5.0 22 0.84 <LOD <LOD 9.8 2119 21.4 4.8 

I-05 7 94 1.8 <LOD 0.92 0.84 0.25 26.6 899 2.6 25.1 

I-06 7.9 40 3.6 <LOD 0.89 0.68 0.28 17.7 1470 21.8 14.0 

I-07 8 42 3.6 <LOD 0.78 0.92 0.18 14.9 1293 16.3 14.4 

I-08 8.1 57 3.5 <LOD 0.83 0.82 0.30 18.0 1419 20.5 16.6 

I-09 7.1 102 3.9 0.1 0.77 <LOD 0.20 8.1 1547 21.8 4.2 

I-10 7.4 38 3.8 0.6 0.75 <LOD <LOD 12.3 1688 24.2 8.5 

I-11 7.2 70 4.1 <LOD 0.10 <LOD <LOD 11.3 1861 22.6 7.6 

I-12 7.8 125 4.4 <LOD <LOD <LOD <LOD 11.1 1662 22.1 11.0 

I-13 8.5 98 4.2 <LOD 0.77 <LOD <LOD 16.3 1604 20.3 18.8 

I-14 8.1 65 4.0 <LOD 0.76 <LOD <LOD 15.1 1648 20.4 13.3 

I-15 8 42 4.1 <LOD 0.76 <LOD <LOD 14.5 1501 23.3 12.2 

II-01 7 20 4.5 30 0.89 1.17 <LOD 10.4 2277 2.2 1.6 

II-02 7.3 9 4.4 24 0.84 0.73 0.30 10.8 2117 8.6 3.7 

II-03 7.6 103 4.0 <LOD 0.84 <LOD 0.24 12.9 2693 10.8 2.6 

II-04 7.8 66 2.2 <LOD 0.77 <LOD 0.28 18.2 1866 3.5 2.7 

II-05 7.8 98 2.9 <LOD 0.95 <LOD 0.31 18.7 1847 3.4 2.4 

II-06 8.3 94 2.1 <LOD <LOD <LOD 0.20 14.9 1579 1.5 4.1 

II-07 8.1 82 2.1 <LOD 0.56 <LOD 0.22 18.1 1811 3.0 3.9 

III-01 7.7 98 1.2 <LOD <LOD 0.80 0.21 27.1 979 2.8 7.6 
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Table S3: Dataset from the first campaign (continued) 

Station Ca Fe K Mg Mn Na P Sr Taxon Abundance 
 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 in 1 L of water in 1 L of water 

I-01 162 0.10 22.9 148 0.23 401 <LOD 2.5 8 169 

I-02 179 <LOD 22.2 135 0.21 423 <LOD 2.7 3 234 

I-03 185 0.07 21.7 129 0.38 420 0.23 2.8 4 125 

I-04 204 <LOD 22.2 137 0.66 477 0.48 2.8 0 0 

I-05 47 0.10 13.1 49 0.02 225 <LOD 0.5 2 14 

I-06 140 0.12 19.5 104 0.15 378 0.69 1.7 3 86 

I-07 133 0.13 17.3 97 0.15 355 0.73 1.6 2 148 

I-08 115 0.10 19.4 106 0.13 367 0.62 1.4 4 288 

I-09 168 0.12 22.7 142 0.30 366 0.37 2.1 4 78 

I-10 160 0.09 21.4 115 0.19 439 0.38 2.1 4 41 

I-11 170 <LOD 21.9 142 0.23 456 0.22 2.2 5 131 

I-12 145 0.08 20.0 127 0.21 444 <LOD 1.9 3 25 

I-13 67 0.10 19.6 116 0.05 432 <LOD 1.0 3 111 

I-14 132 0.10 20.4 122 0.14 428 0.27 1.7 4 93 

I-15 147 0.12 21.0 125 0.19 434 0.35 1.9 3 42 

II-01 182 <LOD 25.4 135 0.55 246 0.65 2.8 0 0 

II-02 329 0.08 34.0 150 0.89 281 0.93 6.1 1 13 

II-03 346 0.08 38.5 240 1.03 214 <LOD 6.0 3 39 

II-04 161 0.32 13.7 126 0.40 41 <LOD 2.4 1 19 

II-05 188 0.11 21.7 185 0.58 66 <LOD 3.0 3 16 

II-06 157 <LOD 18.0 150 0.02 49 <LOD 2.5 3 26 

II-07 184 <LOD 20.9 176 0.04 56 <LOD 2.9 nd nd 

III-01 189 <LOD 2.5 60 0.03 55 <LOD 1.1 3 19 
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5.2.2. Temporal variability 

Table S4: Dataset from the second campaign 

Station pH 
Dissolved oxygen 

saturation  
Conductivity Sulphide Nitrate Phosphate Fluoride Chloride Sulphate Alkalinity 

Dissolved 

Organic Carbon 
 - % mS cm-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mmol L-1 mg C L-1 

I-01 7.5 57 4.6 <LOD 0.8 <LOD 0.3 10.1 2084 22.1 6 
I-02 6.8 38 4.7 <LOD 0.9 1 0.3 10 2445 24.7 5 

I-03 7.1 36 4.7 8 0.8 1.1 0.3 10 1805 25.6 4 

I-04 6.8 27 5.2 9 0.9 <LOD 0.4 9.5 2057 27.6 4 
I-09 7.4 26 3 <LOD 0.8 1.3 0.4 9 1483 25.0 5 

I-10 7.8 39 1.8 <LOD 0.8 1 0.3 11 1641 26.2 8 

I-11 7.2 42 4.6 <LOD 0.8 0.9 0.3 10.1 1639 23.4 9 
I-12 6.9 28 5.1 4 0.8 0.9 0.3 10.2 1739 28.0 8 

 

Station Ca Fe K Mg Mn Na P Sr Taxon Abundance 
 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 mg L-1 in 1 L of water in 1 L of water 

I-01 66 <LOD 10 60 0.2 281 0.3 0.8 4 86 

I-02 67 <LOD 10 56 0.2 289 0.3 0.8 1 32 

I-03 66 <LOD 11 55 0.2 310 0.4 0.9 1 15 

I-04 64 <LOD 10 55 0.2 339 0.4 0.8 0 0 

I-09 45 <LOD 7 46 0.1 213 0.4 0.6 7 83 

I-10 54 <LOD 9 48 0.1 322 0.3 0.6 3 113 

I-11 50 <LOD 9 53 0.1 301 0.3 0.6 3 248 

I-12 50 <LOD 8 51 0.1 317 0.3 0.6 2 16 
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